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Abstract
It is well recognized that groundwater-surface water interactions play an important role in
controlling the flux of groundwater-derived inorganic chemicals to surface waters. While
these interactions have been well-studied in marine, and river and stream settings, the
influence of these interactions on chemical fluxes to large lakes is poorly understood.
Nearshore aquifers adjacent to inland coastal waters, such as the Great Lakes, are
characterized by dynamic flow patterns and the mixing of groundwater and lake water,
which have distinct chemical compositions. This sets up an important reaction zone in the
nearshore aquifer that may modify the fate of groundwater-derived chemicals discharging
to the lake. The overall thesis objective was to evaluate the interacting hydrologic and
geochemical processes near the groundwater-lake interface and their impact on the
accumulation, transformation and mobility of inorganic pollutants (arsenic and nutrients).
Field investigations combined with numerical modelling illustrate that transient forcing, in
particular varying wave conditions and lake water levels, may influence the sequestration
and mobility of inorganic chemicals in the reaction zone near the groundwater-lake
interface. Field data further indicate that nearshore aquifers on the Great Lakes are
naturally enriched with arsenic. Arsenic enrichment may be due to continual adsorption of
arsenic onto metal (mostly iron) oxides that precipitate below the groundwater-lake
interface as lake water with trace arsenic concentrations recirculates across the interface.
Changes in lake water levels, and changes in geochemical conditions in the aquifer (e.g.
redox and pH conditions) may trigger the release of sequestered arsenic to nearshore
waters. Finally, geochemical processes in the reaction zone near the groundwater-lake
interface are shown to affect nutrient fate close to the interface and should be considered
in estimating nutrient fluxes to large lakes. Temporal variability in the geochemistry in the
reaction zone due to seasonal changes in dissolved organic carbon availability was shown
to cause variable nitrogen flux to nearshore waters. While this thesis focuses on arsenic
and nutrients, the findings are relevant for understanding the fate and transport of a wide
range of reactive groundwater pollutants and their flux to large lakes. The thesis findings
are needed to (i) better quantify the role of groundwater as a pathway for delivering
ii

pollutants to large lakes, (ii) improve future predictions of chemical cycling in nearshore
lake environments, and (iii) inform lake water quality management programs.

Keywords
Groundwater-surface water interactions, arsenic, nutrients, sediment trap, reaction zone,
Great Lakes
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Summary for Lay Audience
Human activities including agriculture, industry, and urbanization can lead to the
contamination of groundwater. Contaminants in the groundwater can be delivered to
surface waters including large lakes such as the Laurentian Great Lakes by groundwater
discharge. Before discharging into the lake, groundwater mixes with lake water that is
recirculating back-and-forth across sediment-water interface (e.g. beach surface). The
discharging groundwater and lake water have different chemical compositions and
therefore an important reaction zone is established where these waters mix. This reaction
zone may change the amount and timing of contaminant discharge to the lakes. The
objective of this thesis was to investigate the role of this reaction zone on the accumulation
and transformation of inorganic pollutants (arsenic and nutrients), and their ultimate
discharge to lakes. The study conducted intensive field investigations at beaches along
Great Lakes and found that in some cases groundwater contains high nutrients and arsenic
concentrations. Further, we found that nutrients and arsenic can be released or stored on
beach sediments near the shoreline depending on specific environmental conditions. This
work provides new insights on evaluating the contribution of groundwater to delivering
pollutants to lake.
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Chapter 1

1

Introduction

1.1 Background
High levels of inorganic pollutants including nutrients and heavy metals (this term is used
loosely herein to include the metalloid arsenic [As]) impair water quality and aquatic
ecosystem health. Excess inputs of nutrients (nitrogen [N] and phosphorus [P]) to surface
waters can cause eutrophication, which can lead to nuisance and harmful algae blooms,
and in some cases loss of habitat and biodiversity (Dodds et al., 2009; Harke et al., 2016).
N and P are the leading causes of water quality impairment in the United States with 50%
of streams and 78% of assessed coastal waters nationwide reported to be impaired (Stoner
and Arrington, 2017). Heavy metals, including As, are considered toxic and represent a
significant health hazard as they bioaccumulate in biological systems and are carcinogenic
(Smedley and Kinniburgh, 2002). For instance, chronic exposure of the human population
to As contaminated groundwater in Bangladesh is recognized as the largest mass poisoning
in history with over 70 million people suffering health effects including cancer and skin
diseases (Polya and Charlet, 2009). Arsenic groundwater contamination is a global
challenge with many other countries including India, Vietnam, China, Mexico, Brazil,
Chile, United States and Canada also known to have high As concentrations in groundwater
(Asere et al., 2019). There is a need to better understand the behavior of nutrients and As
in the environment due to their adverse impacts on ecosystem health and human health.
Groundwater-surface water interfaces are important hydrological transition zones in the
environment with processes occurring close to these interfaces affecting the movement of
chemical constituents between the groundwater and surface water systems (Conant et al.,
2019). This thesis focuses specifically on developing new understanding of the way in
which groundwater-surface water interactions affect the behavior of the inorganic
pollutants, in particular nutrients and As, in nearshore aquifers and their subsequent flux to
large lakes (inland coastal waters). Fluctuations in lake water levels (e.g., waves, seasonal
water level variations) cause large quantities of water to exchange across the sediment1

water interface and dynamic groundwater flow patterns in the nearshore aquifer (Malott et
al., 2016). The mixing of groundwater with surface water that is recirculating across the
sediment-water interface creates an active reaction zone in the nearshore aquifer that
affects the fate, transport and ultimate discharge of pollutants to large lakes (Lee et al.,
2014; Malott et al., 2017). Prior research conducted on groundwater-surface water
interactions in river and stream (hyporheic, riparian zone) (Vidon et al., 2019; Yu et al.,
2017), and ocean (subterranean estuary) (Moore, 1999; Robinson et al., 2018)
environments has shown that the mixing of groundwater with surface water recirculating
across the sediment-water interface often sets up strong geochemical (pH and redox)
gradients. These gradients affect the mobility, speciation and transformation of reactive
constituents and subsequently the flux of inorganic pollutants from groundwater to surface
water (McClain et al., 2003; Robinson et al., 2018). For instance, Charette et al. (2002)
showed that iron oxides precipitating near the sediment-water interface along a sharp redox
gradient acted as a geochemical reactive barrier (termed “iron curtain”), preventing a
groundwater-derived P plume discharging to the ocean.
Despite advanced knowledge about groundwater-surface water interactions and their
impact on pollutant fate and transport in marine and river environments, groundwater-lake
interactions remain an undeveloped area of research (Lewandowski et al., 2015; Robinson,
2015). Interactions of groundwater with lakes differ from rivers, streams and oceans as the
physical forcings driving water recirculation across the sediment-water interface differ.
For instance, stream water levels can rapidly vary in response to rainfall or snowmelt
events, and in marine environments, oceanic tides and density effects play an important
role in driving water exchange across the sediment-water interface (Conant et al., 2019).
In addition to the differences in physical processes between marine, river and lake
environments, the chemical composition of the surface water and sediment near the
interface also differ (e.g. higher sulphate in seawater, and often organic poor sediment in
nearshore sediment in large lakes compared to streambed sediments).
This thesis aims to evaluate the role of groundwater-lake interactions in controlling the
transformation, accumulation, and mobility of inorganic pollutants in nearshore aquifers
and their ultimate flux to surface waters along the shoreline of large lakes. This study will
2

focus on the Laurentian Great Lakes. The Great Lakes region constitutes the world’s third
largest gross domestic product (GDP) ($6 trillion in 2015) and provides 51 million jobs in
North America (Council of the Great Lakes Region, 2017). However, water quality in the
Great Lakes is degraded due to agriculture, industry and urbanization combined with
incomplete understanding and thus management of the various contributing pollutant
sources. The Great Lakes has over 6000 km of permeable sandy shoreline (Government of
Canada - Environment and Climate Change Canada and U.S. EPA, 2009). This comprises
a large distance over which pollutants may be delivered to the nearshore water via
groundwater discharge. The knowledge acquired from this research is needed to improve
prediction of and thus manage the contribution of groundwater to pollutant loads to the
Great Lakes, which contain 84% of North America’s surface freshwater and 21% of the
world’s surface freshwater (Waples et al., 2008). The knowledge gained from this research
is also relevant for understanding pollutant inputs to other large lakes around the world
(e.g. Lake Victoria, Lake Baikal, Lake Geneva, Lake Tahoe).

1.2 Research objectives
The overall goal of this thesis is to provide new knowledge of the hydrological and
geochemical processes occurring in nearshore aquifers near the groundwater-lake interface
and the way, in which these processes affect the fate of inorganic pollutants (As and
nutrients) and their potential discharge to large lakes. The study combines field
investigations with hydrological and geochemical data analysis and numerical modeling to
identify factors controlling the occurrence and fate of pollutants in nearshore aquifer. While
this thesis focuses on nutrients and As, the findings are also relevant for understanding the
behavior of other redox-sensitive pollutants (e.g., mercury, trace metals, organic
contaminants) near the groundwater-lake interface.
The first objective of this thesis is to provide new insights into the effect of transient
forcing, in particular varying wave conditions, on the geochemistry and behavior of As in
a nearshore aquifer. This objective was met by combining extensive field data of redox
sensitive species in a nearshore aquifer on Lake Erie, collected over a period of intensified
wave conditions, with numerical groundwater flow modeling. This study shows for the
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first time the effect that changing wave conditions can have on redox-sensitive constituents
in a nearshore aquifer in coastal lake and marine environments.
The second objective of this study is to evaluate the pervasiveness of As enrichment in
nearshore aquifers on the Great Lakes and identify factors affecting the mobility of As and
its potential release to surface waters. To address this objective, field work was conducted
on six beaches on the Great Lakes that have differing exposure to potential anthropogenic
As sources. A sub-objective here is to explore the potential impact of different climate
change driven factors (e.g., varying lake levels, increasing wave events, variations in
dissolved organic carbon (DOC)) on the possible mobilization of As trapped in nearshore
aquifers. Identifying under what conditions As mobilization in nearshore aquifers may
occur is needed to understand how future changes may affect the occurrence and cycling
of As and other redox-sensitive elements in nearshore lake environments.
The third objective of this study is to evaluate the way in which the reaction zone near the
groundwater-lake interface influences the flux of groundwater-derived nutrients (N and P)
to large lakes. While the factors controlling the flux of groundwater-derived nutrients to
surface water have been well studied in ocean and riverine settings, controlling factors in
lake environments remain unclear although excessive nutrient loads are a serious threat to
lake ecosystems worldwide and many lakes are in direct hydraulic connection with aquifer
systems. To address this objective, field investigations were performed to characterize the
distribution and flux of nutrients in a nearshore aquifer downgradient of a large septic
system. In addition, findings from the field study were applied together with a regional
geospatial septic system placement tool, to provide estimates of the potential contribution
of septic systems located near Lake Erie shoreline to lake nutrient loads.

1.3 Thesis outline
The thesis is written in integrated article format. A brief description of each chapter is listed
below.
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Chapter 1 provides an overview of the importance of As and nutrient pollution and the role
of groundwater-surface water interactions on pollutant discharge to surface waters and
outlines the scope of this research thesis.
Chapter 2 reviews the current literature on lacustrine groundwater discharge (LGD) and
the role of groundwater-surface water interactions on the behavior of nutrients and As.
Chapter 3 titled “Effect of transient wave forcing on the behavior of arsenic in a nearshore
aquifer” evaluates the effect of intensified wave conditions on the distribution and mobility
of As in a nearshore aquifer.
Chapter 4 titled “Occurrence and mobility of arsenic in nearshore aquifers on the Great
Lakes: the role of the sediment trap mechanism” investigates the pervasiveness of As
enrichment in nearshore aquifers on the Great Lakes and factors affecting As mobilization
and its potential release to nearshore waters.
Chapter 5 titled “Spatiotemporal controls on septic system derived nutrients in a nearshore
aquifer and their discharge to a large lake” examines the fate of septic-derived nutrients in
a nearshore aquifer and the way in which hydrological and geochemical processes near the
groundwater-lake interface affect nutrient mass loading to the lake.
Chapter 6 summarizes the major findings of the thesis, discusses implications of the
research findings, and provides recommendations for further research.
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Chapter 2

2

Literature Review

2.1 Introduction
This chapter provides a review of prior research on groundwater-lake interactions and their
influence on the behavior (transport and reactivity) of inorganic pollutants with specific
focus on arsenic (As) and nutrients (nitrogen [N] and phosphorus [P]). The geochemistry
of As, N and P is also described to provide background information for this thesis. This
chapter also reviews studies on global As contamination and its impact on human and
ecosystem health, nutrient pollution in the Great Lakes, the contribution of septic systems
to nutrient pollution, and climate change predictions relevant to the Great Lakes region.

2.2 Groundwater-lake interactions
2.2.1 Lacustrine groundwater discharge (LGD)
Groundwater discharge is an important component of the hydrologic cycle for lake systems
as it i) can provide base flow to tributaries that discharge into a lake, and ii) can directly
discharge to a lake (Lewandowski et al., 2015) (Figure 2.1). Recently, the term “lacustrine
groundwater discharge” (LGD) was introduced to describe the direct discharge of
groundwater to a lake (Lewandowski et al., 2015; Rosenberry et al., 2015). The hydraulic
gradient between the lake and adjacent aquifer system is the main driver of LGD.
Groundwater discharges to a lake when the water table (in an unconfined aquifer) or
pressure head (in a confined aquifer) is greater than the lake water level (Winter et al.,
1999). Alternatively, lake water infiltrates into the aquifer system when the groundwater
table (unconfined aquifer) or pressure head (confined aquifer) is less than the lake water
level. The hydraulic conductivity of the adjacent aquifer combined with the hydraulic
gradient determines the groundwater flux and therefore groundwater discharge rate
(Winter, 1999). Other factors including the geometry of the lake and shoreline, and aquifer
anisotropy, homogeneity and depth are also important factors that affect the groundwater
discharge rate (Winter and Pfannkuch, 1984). For systems characterized by a homogeneous
aquifer and lakebed sediment, groundwater discharge rates are often highest near the
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shoreline and decrease exponentially with distance from the shore (Grannemann et al.,
2000). However, groundwater discharge can also be highly heterogeneous if groundwater
flow paths are, for example, restricted in areas by low permeability lakebed sediment, or
alternatively advanced further offshore by preferential flow paths associated with coarse
sediment lenses or fractures (Krabbenhoft et al., 1990).

Figure 2.1 Conceptual diagram of aquifer system illustrating (a) indirect and (b)
direct groundwater discharge (LGD) to a lake. (Modified from Robinson 2015).
LGD is often neglected in lake water budget studies with these studies assuming that it is
a minor component of the lake water budget (Lewandowski et al., 2015). The lack of
understanding of the potential importance of LGD is in part because LGD is challenging
to quantify due to its diffuse nature, and spatial and temporal variability (Song et al., 2014;
Tecklenburg and Blume, 2017). LGD has also historically been neglected due to the lack
of established techniques for quantifying LGD at multiple spatial scales (Meinikmann et
al., 2013; Rosenberry and LaBaugh, 2008). Nevertheless, several studies have
demonstrated the importance of LGD for lake water budgets. For example, LGD was
shown to account for 74% of annual water inputs in a closed-basin lake in North Central
Minnesota (LaBaugh et al., 1997), 55-65% of the total water input to Lake Nam Co in
south central Tibetan plateau (Zhou et al., 2013), 90% of all water inputs to a 9 ha lake in
Montana (Gurrieri and Furniss, 2004), and 66% of all water inputs in an eutrophic lake in
Denmark (Kidmose et al., 2013). Meinikmann et al. (2015) conducted a comprehensive
review of the contribution of LGD to lake water and nutrient budgets. They found that
10

LGD contributed between 0 to 95% (median value of 31%) to the total water inputs of 110
measured lakes. LGD is not well quantified for the Laurentian Great Lakes and its relative
importance is expected to vary regionally (Kornelsen and Coulibaly, 2014). Studies have
shown that in some areas LGD may contribute up to 10% of the average annual discharge
from tributaries (Ji et al., 2017; Kornelsen and Coulibaly, 2014).
In addition to its contribution to a lake’s water budget, LGD may also deliver pollutants to
lakes (Grannemann et al., 2000; Lewandowski et al., 2015; Rosenberry et al., 2015). Even
for lakes where LGD only represents a small part of the overall lake water budget, elevated
pollutant concentrations in groundwater relative to tributaries and lake water may result in
high pollutant fluxes to lakes (Lewandowski et al., 2015; Robinson, 2015). For instance,
high nutrient concentrations, more than 10 times higher than in the adjacent lake water,
were observed in groundwater discharging into Lake Simcoe (Roy and Malenica, 2013).
The importance of LGD has mainly been recognized for its contribution to lake nutrient
loads and lake eutrophication (Rosenberry et al., 2015). Nutrient-rich LGD was found to
be a primary driver of seasonal periphyton blooms in Lake Tahoe (Naranjo et al., 2019).
Roy et al. (2017) indicated that while groundwater P inputs may not considerably affect
the P budget of Nottawasaga Bay, Lake Huron, the groundwater P inputs may cause
localized periphyton and macrophyte growth.
In addition to nutrients, studies have also shown that LGD may play an important role in
delivering other chemical constituents including metals to lakes. The impact of LGD on
nearshore biogeochemistry was illustrated by the correlation of trace metal concentrations
in nearshore groundwater with trace metal concentrations in aquatic plant tissue (Sebestyen
and Schneider, 2004). Howard and Livingstone (2000) used groundwater modelling to
show that urban groundwater pollutants (e.g. road salt, agricultural and industrial
chemicals) released within last 30 years may discharge to urban streams and Lake Ontario
via LGD within the next 100 years. A more recent study by Roy et al. (2019) revealed the
long-term threat that discharging groundwater may pose to endobenthic organisms along
lakeshores due to high chloride concentrations in shallow groundwater that sometimes
exceed chloride concentrations observed in urban groundwater wells and streams.
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2.2.2 Factors controlling groundwater-lake interactions
LGD is comprised of not only meteoric groundwater discharging (groundwater discharge
from the adjacent aquifer systems), but also lake water recirculating and discharging across
the groundwater-lake interface (Conant et al., 2019). There are various forces that can drive
recirculation across the groundwater-lake interface including waves, seiches, long-term
lake water level and groundwater level changes, and currents (Conant et al., 2019) (Figure
2.2a). While the contribution and influence of the various forces that drive recirculation
across the groundwater-lake interface are not well understood, these processes have been
extensively studied in marine environments over the last twenty years (Burnett et al., 2006;
Moore, 1999; Robinson et al., 2018; Taniguchi et al., 2019). Submarine groundwater
discharge, SGD, in analogy to LGD, is defined as all pore water discharging across the
groundwater-ocean interface. While there are similarities in SGD and LGD, and therefore
some knowledge is transferrable, the forces that drive groundwater discharge in lake and
marine settings are different. The main forces that drive SGD in nearshore marine
environments include density driven flow, tidal fluctuations, wave forcing, and the inland
hydraulic gradient, which can vary seasonally or at longer time scales (Figure 2.2b).
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Figure 2.2 Conceptual diagram illustrating main flow processes in a) permeable
nearshore lake environment, and b) permeable nearshore marine environment.
(Modified from Robinson et al., 2007 and Conant et al., 2019).
Water levels in the Great Lakes fluctuate seasonally and are subject to long-term intraannual variations mainly due to changes in evaporation, precipitation and snowmelt
(Gronewold et al., 2013). Long-term lake water level fluctuations may alter the location
and magnitude of LGD (Crowe and Meek, 2009). This is particularly the case for
topography-limited aquifers. In topography-limited aquifers the groundwater table
elevation is limited by the topographic land surface rise and landward groundwater table is
not able to change directly in response to lake water level fluctuations (Condon and
Maxwell, 2015; Michael et al., 2013). On the other hand, for recharge-limited aquifers, the
hydrologic balance between the groundwater table and surface water levels is maintained
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by the recharge in the aquifer system (Michael et al., 2013). Therefore, long-term surface
water level fluctuations will have less impact on LGD in recharge-limited aquifers
(Haitjema and Mitchell-Bruker, 2005). In addition to long-term or seasonal lake level
variations, shorter-term transient forcing such as waves, seiches and currents also affect
groundwater-lake interactions (Conant et al., 2019). High wave action can occur in large
lakes such as the Laurentian Great Lakes in response to sustained winds resulting from
barometric pressure differences. For example, significant wave heights over 2 m occur at
least 10 times per year in Lake Huron (Scavia et al., 2019). Wave-driven flow recirculations
across the sediment-water interface may be an important component of LGD along
permeable shorelines. High frequency wave motion is a highly nonlinear process
characterized by wave steepening and breaking, followed by wave run-up (Li and Barry,
2000). High frequency wave motion causes rapid shallow infiltration-exfiltration of lake
water across the sediment-water interface along permeable shorelines (Malott et al., 2017)
(Figure 2.3). In addition, the phase-averaged effect of waves, called wave set-up, can drive
deeper flow recirculations through a nearshore aquifer. These flow recirculations are
characterized by longer residence times and longer flow paths in comparison to infiltrationexfiltration driven by individual wave motion (Malott et al., 2017) (Figure 2.3). Wave setup is caused by the dissipation of wave energy and decrease in radiation stresses as a wave
breaks, which leads to an upward tilt in the mean surface water level extending onshore to
the average wave run up limit (Li and Barry, 2000; Longuet-Higgins, 1983). The upward
tilt in the surface water level results in water infiltration into the nearshore aquifer near the
wave run up limit and exfiltration near the wave breaking point (Li et al., 1999; LonguetHiggins and Stewart, 1964; Nielsen, 2009) (Figure 2.3). Seiches are standing oscillating
waves in lakes that are caused by strong winds and rapid changes in barometric pressure
(Conant et al., 2019) (Figure 2.2b.). Seiches cause lake water level fluctuations and may
result in short-duration reversal of the hydraulic gradient and alter rate of groundwater
discharge (Taniguchi and Fukuo, 1996). Current bedform exchange is driven by pressure
gradients set up as water flows over lake bed formations and causes shallow infiltrationexfiltration across the lake bed (similar to hyporheic flow in streams) (Conant et al., 2019)
(Figure 2.2).
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Figure 2.3 Conceptual diagram illustrating influence of waves on groundwater flows
in nearshore aquifer. The still water level (blue dotted line), instantaneous water
surface due to waves (solid blue lined), and mean (phase-averaged) water surface
(wave set up - blue dashed line) are shown. (Modified from Malott et al., 2017).
Evaluating the contribution of LGD to pollutant inputs to lakes requires an understanding
of i) pollutant sources, i.e. land use activities in the groundwater recharge area ii)
groundwater flow paths, and iii) geochemical transformations of reactive chemical species
as they are transported through the subsurface to the lake. As described in the section
above, lake water level fluctuations including waves and seiches can cause large quantities
of lake water to recirculate across the sediment-water interface and dynamic groundwater
flow patterns in a nearshore aquifer (Conant et al., 2019; Malott et al., 2016). Mixing
between discharging groundwater and recirculating lake water alters the exit
concentrations for pollutants discharging across the sediment-water interface due to
dilution. Further, the groundwater and lake water typically have distinct chemical
compositions, and so when these waters mix in the nearshore aquifer it can set up an
important dynamic mixing zone of high biogeochemical reactivity (Figure 2.4). For
example, lake water may deliver oxygen (O2) and dissolved organic carbon (DOC) to a
nearshore aquifer, while groundwater can have high dissolved constituents including
nutrients (e.g. NO3-, PO43-) and metals (e.g. Fe, Al, Mn) (Horn, 2002). The reaction zone
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set up as recirculating of lake water mixed with discharging groundwater in a nearshore
aquifer is often characterized by sharp redox and pH gradients (Malott et al., 2016;
O’Connor et al., 2018; Robinson et al., 2018). Due to its disproportionate role in the
landscape in controlling the fate of chemical constituents, the reaction zone in a nearshore
aquifer can be referred to as a geochemical “hot spot” (McClain et al., 2003).

Figure 2.4 Conceptual diagram of a nearshore aquifer with the mixing and reaction
zone near the groundwater-lake interface.
The magnitude of LGD and functioning of the reaction zone in a nearshore aquifer may
vary due to seasonal and short term physical forcings (Crowe and Meek, 2009; Lee et al.,
2014). In addition, the chemical composition of the groundwater and lake water end
members may also vary over time. These physical and chemical changes may affect the
functioning of the reaction zone. For example, lake water may vary over time from netoxidizing to net-reducing conditions depending on the relative availability and reactivity
of DOC and other redox sensitive species (Canavan et al., 2006). Such dynamic conditions
may result in short periods of time or “hot moments” (McClain et al., 2003) that are
characterized by disproportionately high fluxes of pollutants from the nearshore aquifer to
surface water.
While the mixing and reaction zone that exists near the groundwater-lake interface may
alter the mass flux of pollutants to the lake, the role and functioning of this zone has
received limited attention (Conant et al., 2019; Lee et al., 2014; Robinson, 2015). In
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contrast, there has been extensive research conducted on understanding the functioning and
role of the mixing and reaction zone that exists near the groundwater-ocean interface
(termed subterranean estuary) (Anschutz et al., 2009; Moore, 1999; Robinson et al., 2018),
and groundwater-river/stream interface (termed hyporheic and riparian zones) (Chen and
MacQuarrie, 2004; Vidon et al., 2010). For example, studies have shown that redox and
pH boundaries set up in the subterranean estuary can lead to the precipitation of iron (Fe)
oxides creating a sediment trap (“iron curtain”) that limits the discharge of some reactive
pollutants (e.g. P, As) to coastal waters (Charette and Sholkovitz, 2002).
It may be possible to apply some of the knowledge regarding the functioning of the reaction
zone that exists in marine and river/stream environments to understand the reaction zone
that exists near the groundwater-lake interface including its impact on the fate and
discharge of pollutants. However, lake-specific studies are needed as the physical forces
driving recirculation in lakes vary from rivers/stream and marine environments, and the
chemical composition of the recirculating water also differ. For example, seawater has
much higher ion concentrations including sulphate concentrations compared to lake water,
and marine shorelines are subject to tides and density effects.

2.3 Arsenic
2.3.1 Global arsenic threat to human health
The harmful effect of As on human health is well recognized. Arsenic is a known endocrine
disruptor and carcinogen that can cause skin, lung and bladder cancers and cause adverse
developmental, neurological and reproductive effects (Ng, 2005; Roy and Saha, 2002).
Over 100 million people worldwide are exposed to excessive levels of As in their drinking
water (Polya and Charlet, 2009). The World Health Organization (WHO) and U.S.
Environmental Protection Agency (U.S. EPA) have set the acceptable As limit in drinking
water to be 10 µg/L (U.S. EPA, 2007; WHO, 2017). Arsenic contamination of groundwater
has been reported in many parts of the world including India (Islam et al., 2004), China
(Schaefer et al., 2016; Wang et al., 2018), Vietnam (Stuckey et al., 2016), Argentina
(Smedley et al., 2005), Mexico (Rodriguez et al., 2004), United States (LeMonte et al.,
2017; Mackay et al., 2014; O’Day et al., 2004; Smith et al., 2018), Australia (Johnston et
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al., 2010), and Canada (Lee et al., 2014; Sprague and Vermaire, 2018; Wang and Mulligan,
2006). In many of these cases high As in groundwater is naturally occurring, but in some
cases it is linked to anthropogenic activities. Different sources of As in groundwater are
discussed in more details in Section 2.2.4.4.

2.3.2 Effect of arsenic on ecosystems
Arsenic concentrations in aquatic systems above regulatory standards negatively impact
various physiological processes. Exposure to high As concentrations can have an acute
lethal effect on many organisms while long-term exposure to lower As concentrations can
cause various chronic diseases (Datta et al., 2009; Hughes, 2002) (Figure 2.5). For
example, Pedlar et al. (2002) observed limited growth, and liver and gallbladder
histopathologies in lake whitefish after exposure to dietary As concentrations as low as 1
µg/g. The trophic level food chain is the main way, in which As bioaccumulates in fish
(Rahman et al., 2012). Uptake of As by phytoplankton is a critical route by which As is
introduced into the aquatic food chain, as phytoplankton is a primary producer and energy
source of higher trophic levels (e.g. zooplankton and fish) (Rahman et al., 2012). Caumette
et al. (2014) found As concentrations in freshwater phytoplankton five times higher than
ambient water concentrations. Phytoplankton may uptake As due to the similarity in
chemical structure of arsenate (AsO43-, common anionic form of As) and phosphate (PO43) (Rahman et al., 2014). In addition to facilitating the introduction of As into the trophic
level food chain, certain phytoplankton (e.g. SAR11 bacteria) may release more toxic
forms of As to surface waters by removing methyl groups (Giovannoni et al., 2019). Some
phytoplankton, on the other hand, may detoxify As through methylation (Hasegawa et al.,
2019).
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Figure 2.5 Toxicological pathway of arsenic in fish under acute and chronic
exposure. (Reprinted by permission of Kumari et al., 2017 Springer Nature
Environmental Chemistry Letters Copyright 2017).

2.3.3 Canadian regulatory guidelines for arsenic
Table 2.1 shows the Canadian regulatory guidelines for As in water and sediment. The
Canadian drinking water quality guideline is 10 µg/L (Canada Health, 2006). Canadian
Council of Ministers of the Environment developed Canadian water quality and sediment
quality guidelines for the protection of aquatic life, recreational water quality, agricultural
and industrial use. Canadian water quality guideline for the protection of aquatic life for
freshwater for As is 5 µg/L (Canadian Council of Ministers of the Environment, 2001).
This was determined by multiplying the 14-day EC50 (sublethal concentration resulting in
20% reduction in growth) of 50 µg/L of the least resistant organism to As (alga S. obliquus)
by a safety factor of 0.1 (Canadian Council of Ministers of the Environment, 2001).
Canadian sediment quality guideline for the protection of aquatic life is 5.9 µg/g for
freshwater environments (Canadian Council of Ministers of the Environment, 1999). This
value was determined by measuring As concentrations from surficial sediments (top 5 cm)
and associated biological effects on aquatic life. Soil quality guidelines for the protection
of environmental and human health (agricultural, residential/parkland, commercial and
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industrial) range between 12-26 µg/g (Canadian Council of Ministers of the Environment,
1997).
Table 2.1 Canadian regulatory guidelines for arsenic
Guidelines
Drinking water quality
guidelines
Water quality guidelines
for the protection of
aquatic life
Sediment quality
guidelines for the
protection of aquatic life
Soil quality guidelines for
the protection of
environmental and human
health

As concentration
10 µg/L

Source
Canada Health, 2006

5 µg/L (freshwater)
12.5 µg/L (marine)

Canadian Council of
Ministers of the
Environment, 2001
Canadian Council of
Ministers of the
Environment, 1999
Canadian Council of
Ministers of the
Environment, 1997

5.9 µg/g (freshwater)
7.2 µg/g (marine)
Human Health:
Agricultural 12 µg/g
Residential/parkland 12 µg/g
Commercial 12 µg/g
Industrial 12 µg/g
Environmental Health:
Agricultural 19 µg/g
Residential/parkland 19 µg/g
Commercial 26 µg/g
Industrial 26 µg/g

2.3.4 Arsenic occurrence in natural waters
In the aqueous environment As is predominantly found in its two inorganic oxyanion
forms: arsenate (AsO43-) and arsenite (AsO33-). Inorganic As can be methylated by
microorganisms forming organic compounds such as monomethylarsonic acid (MMA) and
dimethylarsinic acid (DMA) (Bissen et al., 2003). Naturally occurring As is present in more
than 245 minerals, of which the most common are sulfide minerals, particularly,
arsenopyrite, FeAsS (Sharma and Sohn, 2009). Besides geological sources, human
activities such as smelting and mining, agricultural pesticides and fertilizers, wood
preservatives, industrial and hazardous waste may also contribute to elevated As levels in
aqueous systems including groundwater (Bissen et al., 2003; Ng, 2005; Sharma and Sohn,
2009).
Dissolved As concentrations in natural waters vary greatly (Smedley and Kinniburgh,
2002; Welch et al., 2002). For example, As concentrations typically vary from 0.09-24
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µg/L in seawater and 0.15-0.45 µg/L in fresh surface water (Bissen et al., 2003).
Background As concentrations in groundwater generally vary from 1-10 µg/L with As
concentrations often a function of the aquifer sediment mineralogy and geochemical
conditions (Smedley and Kinniburgh, 2002). Arsenic content in sediments typically ranges
from 5-10 µg/g (Smedley and Kinniburgh, 2002).
The occurrence of As in groundwater is controlled by the ultimate source of As (e.g.,
geological source or external/anthropogenic source), geochemical conditions, and physical
transport pathways. Geochemical conditions including pH, redox potential (Eh or ORP),
availability of competing organic and inorganic species, and the availability of mineral
surfaces determine the mobility as well as the toxicity of As (Kumari et al., 2017; Smedley
and Kinniburgh, 2002). Arsenic mobility in groundwater is strongly controlled by solidaqueous phase interactions with precipitation-dissolution and adsorption-desorption
processes causing As to be either sequestered or released from solid phases including Fe,
Al, and Mn oxides, clay minerals, and sulphide minerals (Smedley and Kinniburgh, 2002).
The dominant reactions that affect the fate of As in groundwater are discussed in the
following sections.

2.3.5 Arsenic geochemistry
2.3.5.1

Redox reactions

Arsenic does not exist in solution as a free ion but bonds to different ligands through
covalent bonding due to excess electrons in its p-orbital. Arsenic has four main oxidation
states (-3, 0, +3, +5), but predominant forms of inorganic As in aquatic systems are +5
(arsenate: AsO43-, HAsO42-, H2AsO4-, H3AsO40) and +3 (arsenite: AsO33-, HAsO32-,
H2AsO3-, H3AsO30). Although, AsO43- is thermodynamically stable under oxic conditions
and AsO33- is thermodynamically stable under anoxic conditions, both AsO43-and AsO33coexist under intermediate pH and suboxic conditions. The speciation of As as a function
of pH and redox potential is shown in Figure 2.6. Subsurface redox conditions directly
affect As mobility and toxicity. AsO33- is more toxic and mobile than AsO43-, which has a
weak affinity to adsorb to various mineral surfaces including metal oxides (Smedley and
Kinniburgh, 2002). Redox conditions also affect the form and reactivity of other redox21

sensitive species commonly associated with As cycling such as Fe, Mn, S and N (Lee et
al., 2014; O’Connor et al., 2015; Schaefer et al., 2016). The role of these other elements in
controlling As fate is described in the next sections. Dissolved organic carbon (DOC) is
the most common electron donor in aquifers and therefore DOC availability influences the
chemical form of the above-mentioned elements and redox conditions in the aquifer (Rivett
et al., 2008). Figure 2.7 shows redox sequence for the reduction of N, Mn, Fe, S by electron
donors (including DOC) and Table 2.2 shows the half-reactions of the associated redox
processes. Hence, redox processes, including the redox gradients that often exist near the
sediment-water interface can affect the mobility and toxicity of As.

Figure 2.6 Eh-pH diagram for aqueous As species in the system As-O2-H2O at 25℃
and 1 bar total pressure. (Reprinted with permission from Smedley and
Kinniburgh, 2002 Elsevier Applied Geochemistry Copyright 2002).
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Figure 2.7 Redox sequence for redox couples associated with As cycling in the order
used for oxidation of DOC in the nearshore aquifer.
Table 2.2 Half-reactions of common redox processes
Half-reactions
Reduction of O2

Chemical reaction

Reduction of NO3Reduction of Mn4+
Reduction of Fe3+
Reduction of SO42Reduction of CO2

2.3.5.2

Sorption reactions

Sorption-desorption reactions also play an important role in controlling the fate and
transport of As in the subsurface (Goldberg, 2002; Pierce and Moore, 1982). Partitioning
of As to mineral surfaces decreases dissolved phase concentrations and retards its mobility
(Ford et al., 2006). Arsenic has a high affinity to adsorb to metal (Fe, Mn and Al) oxides,
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clays, organic matter, and carbonate minerals (Hering and Kneebonem, 1981) (Figure 2.8).
For metal oxides, adsorption occurs by a strong inner sphere complexation mechanism,
whereby the O2 molecules of the AsO43- or AsO33- molecules displace the hydroxyl group
on the metal oxide surface (Caporale and Violante, 2016). The strength of adsorption
depends on the specific As species and mineral surface as differences in species charge
affect the electrostatic interactions between the species and mineral surfaces (Goldberg,
2002).
Arsenic adsorption generally follows Langmuir isotherm behavior at the initial adsorption
stages with As tending to sorb to stronger surface sites. The isotherm then generally
become linear as adsorption proceeds onto more numerous weaker surface sites (Sharma
and Sohn, 2009). Due to the abundance of Fe oxides of various composition and degree
of crystallinity in nature compared to other metal (Al, Mn) oxides, adsorption and
desorption of As to Fe oxides is generally considered the dominant adsorption-desorption
reaction (Smedley and Kinniburgh, 2002). The most common Fe oxides are ferrihydrite (βFeOOH), lepidocrocite (γ-FeOOH), goethite (α-FeOOH), and hematite (α-Fe2O3), with
goethite and hematite the most stable (Rickard and Luther, 2007; Stolze et al., 2019).
Ferrihydrite, which forms as a result of rapid precipitation of Fe3+, is highly amorphous
and the most reactive of the Fe oxides with high specific surface area (Fuller et al., 1993;
Raven et al., 1998). Because of the above-mentioned factors, ferrihydrite is an important
adsorbent in aquatic system and often used in laboratory (Zhang et al., 2019) and modelling
(Stolze et al., 2019) studies on As adsorption behavior.
Arsenic adsorbs strongly to Fe oxide surfaces in acidic and near neutral pH and desorbs
from Fe oxides as the pH increases (Smedley and Kinniburgh, 2002). The pH dependence
of As adsorption to Fe oxide surfaces is thought to be related to the change in Fe oxide net
surface charge from positive to negative as the pH increases, which can repel negatively
charged ions including AsO43- or AsO33- (Goldberg, 2002). For example, as pH increases
above the point of zero charge (Goldberg, 2002) (pH at which the net surface charge is
equal to zero) of about 7.7 for goethite (crystalline Fe oxide) (Stumm and Morgan, 1996)
or 8 for ferrihydrite (amorphous Fe oxide) (Dzombak and Morel, 1990), desorption of As
from these Fe oxide surfaces occurs.
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A change from oxidizing to more reducing conditions can also trigger As desorption. This
occurs in direct response to changes in the oxidation state of As (more oxidized AsO43- has
higher electrostatic attraction to positively charged metal oxides compared to reduced
AsO33-), but also indirectly as reductive dissolution of metal oxides, including Fe oxides,
on which As is sorbed (Smedley and Kinniburgh, 2002). Arsenic may also be desorbed as
the mineralogy of a solid phase changes. For instance, Fuller et al. (1993) demonstrated a
decrease in the density of adsorption sites as ferrihydrite crystallizes into goethite, which
may lead to desorption of As.
Mn oxides minerals can also sequester As, although As adsorption to Mn oxides is often
less important compared to Fe oxides (Oscarson et al., 1981). In addition, Mn precedes Fe
in the redox sequence, therefore As released from Mn oxides due to reductive dissolution
can be readsorbed to Fe oxides (Moore et al., 1988). Al oxides may also play an important
role in controlling As mobility in natural waters, however, they have been shown to be less
efficient in adsorbing As compared to Fe oxides particularly at higher pH and in the
presence of competing anions (Jeong et al., 2007; Manning and Goldberg, 1996). As is
known to adsorb to clays because their edges resemble the structure of oxide minerals
(Smedley and Kinniburgh, 2002). Arsenic adsorption on clay minerals is pH-dependent,
with maxima adsorption reached at pH 5 for AsO43-, and pH 8-9 for AsO33- (Goldberg,
2002). Carbonate minerals such as calcite may also sorb As. So et al. (2008) found that
AsO33- did not sorb on calcite within 24 h, while AsO43- sorption and desorption was fast
and completed within hours. Fast desorption indicated that AsO43- was not incorporated
into the calcite crystal lattice (Sø et al., 2008). In addition, carbonate dissolution may result
in an increase of groundwater pH, which in turn may promote As desorption (Dietrich et
al., 2016).
The availability of competing anions such as PO43-, SiO44- and HCO3- further affects the
adsorption of As to mineral surfaces as they compete for active surface sites (Dixit and
Hering, 2003; Kent and Fox, 2004; Pierce and Moore, 1982; Tuutijärvi et al., 2012) (Figure
2.8). The largest effect of HCO3- on As adsorption occurs at pH 6.5 where HCO3- is the
dominate carbonate species (Stachowicz et al., 2007). PO43- has been found to decrease As
adsorption on Fe and Al oxides (goethite and gibbsite) within pH range 2-11 (Manning and
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Goldberg, 1996), but did not affect As adsorption to mackinawite (FeS) (Niazi and Burton,
2016). SiO44- may decrease As adsorption to Fe oxides by forming Si-coating around
reactive Fe oxide surface sites at near-neutral pH conditions (Christl et al., 2012).

2.3.5.3

Precipitation-dissolution reactions

Precipitation-dissolution reactions also affect the partitioning of As between the dissolved
and solid phases (Hering and Kneebonem, 1981). Arsenic is generally associated with two
types of minerals: (i) oxidized minerals (metal oxides), which form and precipitate under
oxidizing conditions and undergo reductive dissolution under reducing conditions; and (ii)
reduced minerals (sulfide minerals), which form under strongly reducing conditions and
undergo oxidative dissolution under oxidizing conditions (Smedley and Kinniburgh, 2002)
(Figure 2.8). For example, Fe oxides can precipitate when reducing groundwater with high
dissolved Fe2+ mixes with oxic surface water near the sediment-water interface. Fe oxides
may subsequently adsorb dissolved As leading to As accumulation in the solid phase near
the sediment-water interface (Gan et al., 2006). Alternatively, if surface water is rich in
DOC or other electron donors, it may have a net reducing effect whereby available electron
donors reduce easily reducible Fe oxides near the sediment-water interface. In this case,
reductive dissolution of Fe oxides releases adsorbed As to the dissolved phase (Bone et al.,
2006; Jung et al., 2009).
Arsenic can also be sequestered from the dissolved phase to the solid phase by the
precipitation of sulfide minerals (Couture et al., 2010; Johnston et al., 2010). Under
sulphate-reducing conditions, AsO33- may precipitate with S2- to form orpiment As2S3(s),
realgar As4S4(s) or arsenopyrite FeAsS(s) (O’Day et al., 2004). Conversely, oxidative
dissolution of sulfide minerals can release As and Fe to the aqueous phase. Oxidizing
conditions in the subsurface can occur, for example, due to infiltration of oxidizing surface
water into aquifer sediments or alternatively drawdown of the water table, which exposes
sediments to O2.
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Figure 2.8 Conceptual diagram of main geochemical processes occurring in the
reaction zone when surface water is net oxidizing relative to meteoric discharging
groundwater. Dashed arrows indicate adsorption/desorption processes. Filled arrows
indicate precipitation/dissolution processes. Red arrows indicate processes that lead
to mobilization of As, green arrows indicate processes that lead to immobilization of
As. Processes are numbered as follows: 1) reductive dissolution of metal oxides, 2)
sulfide mineral precipitation, 3) oxidative dissolution of sulfide minerals, 4)
precipitation of metal oxides, 5) adsorption to metal oxides/silicates, 6) desorption
from metal oxides/silicates.
The mobility of As in groundwater is often controlled by local geochemical hotspots (Guo
et al., 2014; Price and Pichler, 2006; Sharif et al., 2008). Hot spots, characterized as areas
with disproportionally high biogeochemical reaction rates, often occur at the intersection
of hydrological flow paths such as near the sediment-water interface, where groundwater
and surface water mix (McClain et al., 2003). A few studies have investigated the fate and
mobility of As near the sediment-water interface in marine (Bone et al., 2006; Mirlean et
al., 2013) and river and stream (Sharif et al., 2008; Sullivan and Aller, 1996; Widerlund
and Ingri, 1995) environments. It has been shown that As can accumulate near the
sediment-water interface if the conditions are net oxidizing mainly due to adsorption to
metal oxides (Bone et al., 2006; Colombani et al., 2015; Jung et al., 2012; Mucci et al.,
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2003). The accumulated As may later be released to adjacent surface water if there is a
shift from net oxidizing to net reducing conditions (Mackay et al., 2014).
Recent studies have examined the effect of varying hydrological conditions on the
mobilization and sequestration of As near the sediment-water interface in marine and
riverine environments (e.g. Johnston et al., 2010; Schaefer et al., 2016b). Field
investigations on seasonal As accumulation in streambed sediments by MacKay et al.
(2014) showed that As and Fe accumulation rates were lowest during high surface water
flows, which limited oxidant transfer into sediments leading to Fe oxide reduction and
release of As into the dissolved phase. Polizzotto et al. (2008) and Benner et al. (2008)
observed seasonal changes in As concentrations in a riparian zone caused by reversals in
hydraulic gradient. They suggested that hydrologic processes can affect As concentrations
through dilution but also by delivering important reactive constituents including labile
DOC to the riparian zone. In coastal marine environments, Johnston et al. (2010) found
that tidal seawater inundation of coastal acid sulfate soils may promote sulfate-reducing
conditions leading to reductive dissolution of Fe oxides resulting in As mobilization.
In lake environments, studies have examined As mobilization and sequestration processes
in offshore lake bed sediments. For instance, Olszewska et al. (2017) found that
contaminated lake bed sediments continued to leach As and PO43- for more than 30 years
after the original pollutant source (red mud leachate) was removed. Concentrations of As
and PO43- in the bottom waters of the lake were highest during summer when O2
concentrations were at their annual low due to thermal lake stratification (Olszewska et al.,
2017). The effect of seasonal stratification and temperature control on O2 availability and
As fluxes across sediment water interface were also observed in a study comparing lakebed
sediments in a shallow weakly stratified lake and a deep strongly stratified lake (Barrett et
al., 2019). A more recent study examined As contamination of lake bed sediments from
gold mines in Yellowknife, Canada. Their data suggest labile DOC is an important control
for As sequestration and facilitates precipitation of As-bearing sulfides in the proximity of
the historic mine (within 11 km) (Galloway et al., 2018). They found that Fe oxides were
important for As sequestration further away from the mine site (beyond 11 km from the
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mine) where As released from As-bearing sulfides was sequestered by Fe oxides (Galloway
et al., 2018).
Despite numerous studies examining As fate near the sediment-water interface in marine
and river/stream environments, and in contaminated offshore lake bed sediments, processes
affecting As fate near the sediment-water interface in nearshore lake environments are
unclear. There has only been one study that has examined the occurrence of As near the
sediment-water interface in nearshore lake environments and factors affecting its mobility
(Lee et al., 2014). This study found high dissolved As concentrations (> 50 µg/L) below
the shoreline in a nearshore aquifer on Lake Erie and showed that redox and pH gradients
below the shoreline, set up by wave-driven lake water recirculating across the sedimentwater interface, affect the stability of Fe oxides and As enrichment in the nearshore aquifer.
The pervasiveness of As in nearshore aquifers in lake environments, the source of As, and
factors controlling its mobility and potential release to vulnerable benthic and surface water
receptors are unknown.

2.4 Nutrients (N and P)
2.4.1 Nutrient pollution challenges
Excessive nutrient (N and P) loading to surface water can lead to eutrophication, nuisance
and harmful algal blooms, and in some cases loss of habitat and biodiversity (Le Moal et
al., 2019). Eutrophication-associated hypoxic dead zones have been reported in over 400
locations worldwide (Diaz and Rosenberg, 2008). Record setting algal blooms in the North
Pacific (Trainer et al., 2019), prevalence of hypoxic zones in the Gulf of Mexico (Campbell
et al., 2019) and the increasing proliferation of nuisance and harmful algal blooms in Lake
Erie in recent years (Watson et al., 2016) highlight the detrimental impact of excessive
nutrient loading to surface waters. Eutrophic and hypoxic conditions have severe
consequences for ecosystems and the economy (Fritz, 2015; Santos et al., 2012).
Elevated nutrient loads, particularly high P loads, is a major water quality concern for the
Great Lakes (International Joint Commission, 2010). Large algal blooms in the Great Lakes
in the 1970s caused by high P loads led to the creation of the first Great Lakes Water
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Quality Agreement between Canada and the United States (International Joint
Commission, 1978). By enforcing regulations on P in detergents and establishing P
discharge limits for wastewater treatment plants, P concentrations and algal blooms in the
Great Lakes reduced considerably. However, in recent years proliferation of nuisance and
harmful algal blooms due to excessive P loadings and warmer temperatures has re-emerged
as an urgent environmental issue (Bingham et al., 2015; Jarvis, 2014; Michalak et al.,
2013). For instance, the harmful algal bloom in Lake Erie in 2014 shut down the water
supply intake for the City of Toledo, leaving nearly half a million people without drinking
water for three days and costing $US 65 million (Bingham et al., 2015; Jarvis, 2014). In
2012, hypoxic conditions due to excessive algal growth led to tens of thousands of dead
fish being washed up on Ontario’s shoreline (U.S. EPA, 2018). Algal blooms not only have
immense ecological and human well-being impacts but also immense economic
consequences. It is estimated that algal blooms in Lake Erie cost $4 million annually (just
for drinking water treatment plant) with total losses in Lake Erie’s non-market (ecosystem)
and market assets reaching $3.8 and 4 billion, respectively in 2015 (Smith and McDougal,
2017). Acknowledging the urgent need to reduce P loads into Lake Erie, the Canadian and
United States governments recently committed to reduce P loads to the Western and
Central Lake Erie Basin by 40% by 2025 (U.S. EPA, 2018).

2.4.2 Sources of nutrients in groundwater
While natural processes such as atmospheric deposition or P release from P-containing
minerals may cause elevated nutrient concentrations in groundwater, most often
groundwater nutrient pollution is linked to anthropogenic activities. With about 35% of
land in the Great Lakes Basin used for agriculture, application of chemical and manure
fertilizers for agricultural productivity are often considered a major contributor to nutrient
groundwater pollution (McIsaac, 2012). NO3- is more likely to leach into groundwater
(Pärn et al., 2012), compared to PO43- that may accumulate on sediments due to adsorption
or mineral precipitation (Hansen et al., 2002). However, PO43- may leach into groundwater
in agricultural soils with low adsorption capacity (low in clay or metal oxides) or where
there has been prolonged application of P to the land (Hansen et al., 2002). In addition to
agriculture, fertilizers can be used for domestic (lawns, gardens) and recreational (parks
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and golf courses) purposes, and therefore these activities can also contribute to high
nutrient concentrations in groundwater particularly in areas with highly permeable soils
(Robinson, 2015).
In urban areas, nutrients can enter groundwater through leaky underground sewers, storm
drains, and leachate from landfills (Cossu, 2013). With landfill leachate containing up to
20 mg/L of total P and up to 1200 mg/L of total N (Aziz et al., 2010), poorly designed or
non-engineered (without liner) landfills may cause elevated nutrient concentrations in
groundwater (Cossu et al., 2018; Mendoza et al., 2017; Mor et al., 2011). Leaky sewers
and its contribution to groundwater nutrient pollution has become an increasing concern in
the United States with most existing municipal sewers reaching their replacement age
(being built in 19th century) (Cunningham and Gharipour, 2018). In addition, N and P
compounds are used in many industrial processes (e.g. pharmaceutical, household
products) and therefore nutrients can also leach to groundwater at industrial sites due to
improper storage, handling and disposal of nutrient compounds (Robinson, 2015).

2.4.3 Septic systems in the Great Lakes
Septic systems are often reported to be a potentially important source of nutrients to the
Great Lakes (Halvorsen and Gorman, 2006; International Joint Commission, 2010;
International Joint Commission, 2013). Despite this, the contribution of septic systems to
nutrient loads remains poorly quantified. Septic systems are used in areas not served by
municipal wastewater treatment plants. There are more than 500 million septic systems
installed globally (Conn et al., 2006). It is estimated that septic systems are used in 26% of
households across Europe (Williams et al., 2012), 25% in the United States (U.S. EPA,
2002) and 20% in Australia (Beal et al., 2005). Septic systems are widely used in the Great
Lakes region with over 25,000 permits for septic systems approved in Ontario alone every
year (International Joint Commission, 2010). Further, many cottages and homes on the
Great Lakes are located on highly permeable sandy sediment with high groundwater tables,
which may provide unsuitable conditions for septic systems (Halvorsen and Gorman,
2006). Many recent reports highlight the issue of poorly functioning septic systems. For
instance, it is estimated that 20% of septic systems in the United States leak or fail to
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provide adequate wastewater treatment (Halvorsen and Gorman, 2006). A recent study in
Ireland showed that septic systems may be a major source of nutrients to surface waters
especially during spring and summer periods (Macintosh et al., 2011). Septic systems are
estimated to contribute as much as 3,600 metric tons of N to Chesapeake Bay, which
constitutes 4% of total N loads to the bay (U.S. EPA, 2013). It is therefore important to
assess contribution of septic systems to nutrient loads to the Great Lakes specifically in
light of the recent re-eutrophication challenges.
Prior studies have investigated nutrient concentrations in groundwater directly
downgradient of active and decommissioned septic systems (Robertson, 2008; Robertson
et al., 2019; Roy et al., 2017). However, it remains unclear to what extent septic-derived
nutrients are transported to surface waters via groundwater discharge or if nutrients are
attenuated in the subsurface prior to discharge. Knowledge of the processes controlling the
transport of septic-derived nutrients to receiving lake waters is required to better predict
nutrient loading to the Great Lakes from septic systems located along their shorelines, as
well as to develop effective septic management strategies (e.g., establish setback distances
between a septic system and a lake).

2.4.4 N behavior in groundwater
Nitrogen (N) is present in groundwater in various forms: organic N, nitrite (NO2-), nitrate
(NO3-), ammonium (NH4+) and dissolved N gases. N cycling in the environment is complex
and is regulated by microbially mediated processes (Figure 2.9). Table 2.3 indicates the
main reactions governing the concentration, speciation, and distribution of N in
groundwater: nitrification (Equation 2.1), denitrification (Equation 2.2), anaerobic
ammonium oxidation (anammox) (Equation 2.3) and dissimilatory nitrate reduction to
ammonium (DNRA) (Equation 2.4) (Robinson, 2015).
NO3- is highly soluble and mobile in groundwater and generally has a low tendency to
adsorb to sediments (Robertson and Cherry, 1995). Therefore, NO3- often travels large
distances in the subsurface with its removal depending on local hydrogeological and
geochemical conditions (Rivett et al., 2008). Denitrification, where NO3- is reduced to
nitrogen gas (N2) and nitrous oxide gas (N2O), is often considered to be the major
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mechanism for NO3- removal in groundwater. Denitrification requires anaerobic conditions
and the availability of an electron donor such as labile DOC, Fe2+ or S2 (Rivett et al., 2008).
The most common electron donor is DOC and therefore the denitrification rate is often
controlled by DOC availability and reactivity (Rivett et al., 2008). Other processes
resulting in removal of NO3- are i) microbially-mediated dissimilatory reduction of NO3to NH4+ (DNRA) (Equation 4), ii) assimilation of NO3- into microbial biomass and iii)
NO3- removal via vegetation uptake (Rivett et al., 2008) (Figure 2.9).
Ammonium (NH4+) is less mobile in groundwater compared to NO3-, as it can be retarded
by geochemical processes such as sorption, cation exchange or biological uptake (e.g.
biological uptake by microorganisms) (Böhlke et al., 2006). In aerobic environments, NH4+
can be converted to NO2− and NO3− by nitrification (Equation 2.1). Alternatively, in some
cases in anaerobic environments NH4+ may react with NO2− to produce N2 via anammox
(Equation 2.3) (Rivett et al., 2008).
Previous research highlights the importance of the availability of O2, and availability and
reactivity of DOC in controlling the fate and transport of N near the sediment water
interface (Grebliunas and Perry, 2016; McCarty et al., 2007). For instance, conditions near
the sediment-water interface may be favorable for denitrification if there is sufficient labile
DOC in the recirculating surface water. Alternatively, if oxic surface water is low in DOC,
an oxic zone environment may be created near the sediment-water interface where
nitrification occurs (NO3- production). A study of N fluxes from groundwater to the Gulf
of Mexico indicated that high concentrations of DOC in surface water set up a sharp redox
gradient in the nearshore aquifer and promoted denitrification (Santos et al., 2008). The
availability

of

other

electron

donors

and

acceptors

also

influence

nitrification/denitrification processes. For instance, denitrification, which occurs under
anoxic conditions, can be coupled with electron donors including S2-, or Fe2+ (Slomp and
Van Cappellen, 2004). Gardner et al. (2006) indicated that high S2- concentrations
associated with low O2 near the sediment-water interface may inhibit denitrification in
Texas estuaries.
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Figure 2.9 The nitrogen cycle in the aquatic environment. (Reprinted by permission
of Rivett et al., 2008 Elsevier Water Research Copyright 2008).
Table 2.3 Important chemical reactions for nitrogen
2!"4+ + 3#2 → 2!#2− + 2"2# + 4"+
2!#2 + #2 → 2!#3−
2.2 Denitrification
!O3−→ !#2− → NO + !2#→ N2
2!O3− + 12H+ → !2 + 6"2#
2.3 Anaerobic Ammonium Oxidation !"4+ + !#2− → !2 + 2"2#
(Annamox)
2.4 Dissimilatory nitrate reduction to 2"+ + !#3− + 2CH2# → !"4+ + 2C#2 + "2#
ammonium (DNRA)
2.1 Nitrification

2.4.5 P behavior in GW
Although P is an essential nutrient for plant growth, excessive P concentrations may impair
freshwater ecosystems by causing eutrophic conditions and triggering excessive algae
growth (Correll, 1998). Inorganic soluble P, commonly present as phosphate (PO43-), is the
form of P most readily utilized by aquatic biota (Domagalski and Johnson, 2012). PO43may be released to groundwater (dissolved phase) by processes including the dissolution
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of PO43--containing minerals, decomposition of organic matter, and desorption of PO43from mineral surfaces (Domagalski and Johnson, 2012) (Figure 2.10). Alternatively, PO43can be removed from groundwater by biotic uptake, adsorption onto mineral surfaces (e.g.
metal oxides and clay particles) and precipitation of PO43- minerals (e.g., strengite
(FePO4•2H2O), vivianite (Fe3(PO4)2•8H2O)), variscite (AlPO4•2(H2O))), and hydroapatite
(Ca5(PO4)3(OH)) (Domagalski and Johnson, 2011; Robertson, 2012; Withers and Jarvie,
2008) (Figure 2.10). Adsorption onto Fe oxides is generally recognized as the main
mechanism responsible for sequestering PO43- from the dissolved to the solid phase in
oxidizing environments (Charette and Sholkovitz, 2002). PO43- sorption and PO43- mineral
precipitation may result in accumulation of PO43- in sediments and create legacy P storage
(Powers et al., 2016). Such legacy stores that have built up over time can represent a
chronic source of PO43- whereby the sediments continue to release PO43- long after the
original source has been removed (Jarvie et al., 2013; Roy et al., 2017).
Adsorption of PO43- to mineral surfaces occurs by forming bonds with mineral solid phases
that have anion exchange capacity (e.g. Al, Fe oxides and clay minerals) (Gérard, 2016).
As a result, other anions (e.g. AsO43-, SiO44-, HCO3-, SO42-) may compete with PO43- for
adsorption sites and, therefore, can cause desorption of PO43- from mineral surfaces (Li et
al., 2016). It is important to note that the tendency of PO43- to adsorb to metal oxides is
similar to AsO43- (Manning and Goldberg, 1996; Smith et al., 2002). Therefore, many of
the factors affecting the adsorption of PO43- are similar to those that affect the mobility of
AsO43- (and described in Section 2.2.4.5.2).
Similar to As, PO43- precipitation and adsorption reactions are reversible with the aqueoussolid phase reactions often controlled by the prevailing redox and pH conditions in the
aquifer (Stumm and Morgan, 1996). pH and redox conditions influence the solubility of
PO4-minerals, the speciation of Fe, Al and Ca commonly contained in PO43- minerals, the
solubility of metal oxides, and adsorption of PO43- onto mineral surfaces (Withers and
Jarvie, 2008). The mobility of PO43- is generally higher in aquifers with high pH, low metal
content, and high DOC (Domagalski and Johnson, 2011). In addition, P has been found to
be more mobile in calcareous sediment as these sediments provide high buffering capacity,
thereby resisting pH changes that affect the solubility of metal oxides and PO4-minerals
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(Zanini et al., 1998). Within calcareous sediments, fine sediment tends to accumulate more
PO43- compared to coarse grained sediments (Zanini et al., 1998).

Figure 2.10 Conceptual diagram of physical, chemical and microbiological processes
controlling P behavior in the subsurface. (Adapted from Basta and Dayton, 2007).

2.4.6 Nutrient behavior in the reaction zone near the sediment-water
interface
The mixing and reaction zone near the sediment-water interface in permeable nearshore
aquifers has been shown to act as both a net source and a sink of nutrients, and thereby act
to either increase or decrease nutrient fluxes to surface waters (Lewandowski et al., 2015;
Spiteri et al., 2008; Testa et al., 2002). Slomp and Van Cappellen (2004) suggest that
groundwater flow rates (i.e. residence time) and redox conditions in the mixing zone that
exists in marine nearshore aquifers are the key factors controlling the fluxes and ratios of
N and P in groundwater that is discharging to the ocean. They conceptualized four main
cases to illustrate how mixing of groundwater and seawater may affect N and P behavior
in the nearshore aquifer and fluxes to the ocean (Slomp and Van Cappellen, 2004) (Figure
2.11).

36

Figure 2.11 Conceptual diagrams of possible transformations of NH4+, NO3- and PO43in the mixing/transition zone (TS) when fresh groundwater (FW) mixes with seawater
(SW). Case 1: oxic groundwater meets anoxic seawater; Case 2: oxic groundwater
meets anoxic seawater; Case 3: anoxic groundwater meets anoxic seawater; Case 4:
anoxic groundwater meets anoxic seawater. (Reprinted by permission of Slomp and
Van Cappellen, 2004 Elsevier Journal of Hydrology Copyright 2004).
Multiple studies have shown that processes occurring in the reaction zone in marine
nearshore aquifers (also known as the subterranean estuary) can lead to concentrations of
NO3- and PO43- in contaminated fresh groundwater decreasing prior to discharge to coastal
waters (Addy et al., 2005; Beck et al., 2017; Kroeger and Charette, 2008). PO43- is mainly
attenuated in the subterranean estuary by Fe oxides precipitation and subsequent adsorption
(Charette and Sholkovitz, 2006, 2002; Rouxel et al., 2008), while denitrification is the most
common mechanism of NO3- removal in subterranean estuaries (Couturier et al., 2017;
Erler et al., 2014; Loveless and Oldham, 2010; Schutte et al., 2015). Studies have
highlighted the importance of groundwater residence time and reaction rates in governing
nutrient transformations in subterranean estuaries (Beck et al., 2017; Gonneea and
Charette, 2014; Ibánhez and Rocha, 2017). For example, denitrification was shown to be
limited by high groundwater velocities and low rates of DOC oxidation (Ibánhez and
Rocha, 2017; Spiteri et al., 2008). While DOC may be an important factor for
denitrification, mineralization of organic matter can also lead to net NO3- production in
subterranean estuaries (Santos et al., 2009; Tait et al., 2014).
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More recent research has examined spatial and temporal controls on nutrient processing in
subterranean estuaries and the relative contribution of the water end members: fresh and
saline groundwater with respect to salinity distribution and flow regime (Beck et al., 2017b;
Kim et al., 2019). Combining field, laboratory and modeling experiments, Kim et al. (2017)
found that aerobic respiration was highest on the landward side of the mixing zone (zone
of seawater infiltration) and denitrification was highest in the mixing zone beneath the zone
of O2 consumption and decreasing along the recirculating flow paths. A numerical
modelling study by Heiss et al. (2017) showed similar spatial pattern of denitrification
(mixing-dependent reaction) and found that the size of the mixing zone may control the
fraction of NO3- removed relative to terrestrial NO3- input. On the other hand, SO42removal (mixing-independent reaction) was primarily controlled by the supply of SO42and was not affected by the intensity of mixing. Another field study by Liu et al. (2017)
observed similar findings as Kim et al. (2017) and Heiss et al. (2017), with denitrification
occurring in the mixing zone. Liu et al. (2017) also observed PO43- removal in the mixing
zone due to adsorption to Fe oxides. Further, Liu et al. (2018) studied seasonal effects on
groundwater-derived nutrient fluxes to the ocean and found that NO33- and PO43- fluxes are
higher in the summer compared with the spring due to higher organic matter
demineralization rates in the summer.
Several studies have also explored the fate of nutrients near the sediment-water interface
in river and stream environments (riparian zone and hyporheic zone) (Roy and Bickerton,
2014; Vidon et al., 2019; Ye et al., 2019). Field studies have reported contrasting NO3- and
PO43- behavior in the riparian zone (Surridge et al., 2007; Young and Briggs, 2008). Carlyle
and Hill (2001) showed that the riparian zone can act as net source of PO43- to stream
whereby denitrifying conditions in the riparian zone can provide favorable redox
conditions for PO43- release to groundwater. Dupas et al. (2017) found that the land cover
of the riparian zone may influence NO3- and PO43- fluxes from groundwater to the adjacent
stream. They found higher PO43- fluxes to the stream (due to groundwater with higher DOC
which promotes PO43- release) and lower NO3- fluxes (due to potential NO3- uptake by
plants) may be expected in grassland catchments compared to arable land (Dupas et al.,
2017). Jensen et al. (2017) examined the effect of transient forcing on nutrient dynamics
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in the riparian zone and showed that flooding may promote denitrification by 1) creating a
stagnant flow zone and thereby providing more time for NO3- removal, and 2) increasing
upward groundwater flow and thus bringing trapped NO3- in contact with a highly reactive
DOC-rich top peat layer.
While numerous studies have investigated the fate of nutrients in the reaction zone that
exists near the sediment-water interface in marine, and river and stream environments,
there is limited knowledge of the fate of nutrients in the reaction zone that exists at the
interface of large lakes, such as Great Lakes, and how the functioning of this reaction zone
may influence nutrient loads to lakes. Several studies have shown elevated nutrient
concentrations in nearshore aquifers adjacent to large lakes and suggest that this may be
adding nutrient load to the lake (Baer et al., 2019; Robertson and Saad, 2013; Roy et al.,
2017). Nutrient transformations in the reaction zone near the groundwater-lake interface
may affect not only nutrient loading to the lake but also modify N:P ratios. It is possible
that N removal relative to P removal in the reaction zone may drive the P-limited freshwater
primary productivity to N-limitation, thereby potentially triggering changes in the
nearshore ecological structure and biodiversity (Slomp and Van Cappellen, 2004). For
instance, different N:P ratios may promote growth of specific types of algae. In fact,
groundwater-derived nutrients have been found to cause localized macrophyte and algal
growth on lake bed sediments (Naranjo et al., 2019; Perillon and Hilt, 2016). Therefore,
understanding of the functioning of the reaction zone at the groundwater-lake interface is
needed to accurately estimate groundwater-derived nutrient loads to lakes and their
potential impact on aquatic life (Grannemann et al., 2000; Robinson, 2015).

2.5 Changing factors that may affect the reaction zone near
the groundwater-lake interface
The reaction zone that is set up near the groundwater-lake interface in the nearshore
aquifers is a dynamic area subject to variable forcing and drivers. Changes in hydrological
and geochemical conditions may impact the functioning of this reaction zone and the
potential discharge of inorganic pollutants. This section presents a synthesis of potential
climate change-induced hydrological and geochemical changes that may alter the
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functioning of the reaction zone (Table 2.4). The importance of climate change on
groundwater-surface water interactions and subsequently on pollutant fate has been raised
in recent publications (Beck et al., 2017a; Kim et al., 2017; Lemonte et al., 2017; Powers
et al., 2016; Ranasinghe, 2016; Trainer et al., 2019).

2.5.1 Lake water levels
Monthly, interannual and decadal Great Lakes water level variability is comparable to
monthly and annual water level variability in marine coastal waters (e.g. variability of 2 m
on Lake Michigan-Huron) (Gronewold et al., 2013). Previous studies investigating water
level measurements and other meteorological measurements (e.g. precipitation,
evaporation) found an important linkage between changes in the Great Lakes regional
climate and water levels in the Great Lakes (Gronewold et al., 2016; Lofgren et al., 2013;
Lofgren and Rouhanaa, 2016). For example, increased precipitation caused high water
levels in the 1960-1970s (Gronewold and Stow, 2014) and in 2017-2018 (Gronewold and
Rood, 2019), while increase in lake water temperatures and evaporation rates led to
decrease in lake water levels in late 1990s and record low levels in 2013 (Gronewold et al.,
2013; Gronewold and Stow, 2014).
Currently, there is no consensus between existing climate models on Great Lakes water
level projections (Gronewold et al., 2013; Gronewold and Rood, 2019; Notaro et al., 2015;
Wuebbles et al., 2019). Early studies used so-called “change factor” method, where change
factors in climate variable, derived from Global Climate Model (GCM), were used to
simulate potential perturbations against historical time series (Chao, 2000; Lofgren et al.,
2002; Mortsch et al., 2000). These studies came up with previously widely accepted notion
of declining water levels in the Great Lakes (ranging from -0.16 to -3 m) (Table 2.4). Later,
Lofgren et al. (2011) suggested that projected lake water level decline was due to
exaggeration in projected increase in evapotranspiration. Further, Briley et al. (2017)
argued that GCMs may not provide accurate predictions due to lack of spatial resolution in
estimating impact of precipitation. More recent studies used Regional Climate Models
(RCMs) and direct hydrological output of climate models that ensure energy and water
conservation (Lofgren et al., 2013; Music et al., 2015; Notaro et al., 2015). Using this
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approach less dramatic declines (< -0.1 m) and increase (ranging from +0.75 to +1.8 m) in
lake water levels are expected (Table 2.4). While competing effect of precipitation and
evaporation are the main reasons for contrasting model results (Lofgren et al., 2002), other
factors not considered in the modelling studies may play role as well. For example, changes
in Arctic ice may influence weather patterns (particularly precipitation), Great Lakes ice
cover, as well as lake water levels (Francis and Vavrus, 2012; Gronewold and Rood, 2019).
Based on current observations of water level fluctuations and uncertainty in model
predictions, increased variability in lake water levels may be expected (Gronewold and
Rood, 2019; Music et al., 2015).

2.5.2 Wave climate
Another potential impact of climate change for the Great Lakes is more extreme and severe
weather. This will result in more frequent storms and intensified periods of high wave
conditions. Significant wave heights over 1.5 and 2.0 m occurred on Lake Huron on
average 31 and 15 times, respectively, per year during 1998-2014 (Scavia et al., 2019).
While no predictions in the change of average wave climate (average increase of significant
wave height over yearly or decadal time period) for the Great Lakes are available, the
frequency and magnitude of high wave conditions are expected to increase due to decrease
in ice cover, which serves to reduce open water fetch and limit wave action (Wuebbles et
al., 2019). Wind patterns may also be affected by climate change. Cheng et al. (2012)
predicted that wind gusts with speeds between 28-70 km/h will occur more often (increase
in frequency by 10-40% by 2100). This in turn may increase the generation of wind waves
and frequency of intensified wave conditions in the Great Lakes.

2.5.3 Changes in DOC
Numerous studies have reported increases in DOC in surface waters in recent decades. This
increase may be in response to the changing climate or alternatively caused by a reduction
in atmospheric SO42- deposition (Eimers et al., 2008; Evans et al., 2005). A comprehensive
study examining global DOC concentrations in groundwater predicted an increase in
groundwater DOC up to 45% by 2050 in some aquifers in the United States mainly due to
climate and land use change (McDonough et al., 2018). DOC in lakes can originate from
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either the surrounding catchment (allochtonous) or be produced within the lake
(autochronous) (Creed et al., 2018). Studies have shown that an increase in duration of the
ice-free periods on the Great Lakes may result in an increase of autochronous DOC due to
increase in primary production. However, the proportion of DOC produced by in-situ
primary production is small relative to terrestrial DOC input. Due to its large input and
slow decomposition, terrestrial DOC often dominates DOC availability in lake water
(Algesten et al., 2003; Hiriart-Baer et al., 2008). Therefore, most studies attempting to
predict future DOC concentrations focus on exploring how changes in the terrestrial
ecosystem will affect allochtonous DOC concentrations.
There are different predictions with regards to potential changes in long-term DOC
concentrations in Great Lakes. Warmer temperatures may result in higher rates of terrestrial
net primary production and more DOC production (McDermid et al., 2015; Oni et al.,
2012). Changes in precipitation may alter allochtonous DOC fluxes as water quantity and
residence times are impacted (Oni et al., 2012). For instance, high precipitation is predicted
to lead to more allochtonous DOC to be delivered to the lakes due to shorter residence
times of surface waters in the catchment (Algesten et al., 2003; Hansson et al., 2013).
Alternatively, decreasing precipitation may lead to longer residence times of surface waters
in the catchment and DOC may be lost via mineralization or sedimentation (Creed et al.,
2018). In addition to potential climate change induced changes in DOC in lake water,
anthropogenic factors (agricultural intensification, expansion of septic systems,
urbanization) may also result in increase of DOC concentrations in both groundwater and
lake waters.
Seasonal changes in DOC are often observed in surface waters and are associated with
changes in production and consumption of DOC by microorganisms, change in air and
water temperatures, and different amount of DOC coming from terrestrial sources. High
DOC concentrations in summer months were reported in multiple subterranean estuary
studies (Kim et al., 2019; Liu et al., 2018; O’Connor et al., 2018; Santos et al., 2009).
Studies associated the seasonal increase of DOC in ocean water mainly with increase in
marine primary production (i.e. photosynthetic carbon fixation) (Charbonnier et al., 2013;
Santos et al., 2009). Contribution of bacterially derived carbon to particulate organic
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carbon (POC) and dissolved organic carbon (DOC) pools in an open ocean range within
20-40% (Kaiser and Benner, 2008).
Kawasaki et al. (2013) reported that bacterially derived DOC contributed 30-50% to total
lake DOC concentrations in a eutrophic lake in Japan, which was higher than those for the
open ocean (Kaiser and Benner, 2008). Similar to marine environment, DOC
concentrations in lake systems are subject to seasonal variations due to increasing water
temperatures and lake primary productivity during summer (McCullough et al., 2018).
Seasonal DOC variability was previously reported in Great Lakes (Cory et al., 2016; Minor
et al., 2019). For example, increase in DOC in Lake Erie during summer months were
linked to growth of cyanobacteria and algae, which release DOC via metabolic activities
(Hipsher et al., 2020). With increasing trends in air temperature, precipitation and primary
productivity it is expected that seasonal DOC variations will become more apparent and
critical.
With the reaction zone near the groundwater lake interface in nearshore aquifers being
controlled by hydrological and geochemical factors, it is imperative to understand how
climate change induced changes in hydrological and geochemical factors will impact the
processes occurring in the reaction zone and how it will affect fate and mobility of
pollutants prior to their discharge to lake waters.
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Table 2.4 Current trends and future predictions of main factors affecting the reaction zone at the groundwater lake interface
in the Great Lakes. GCM stands for Global Climate Model and RCM stands for Regional Climate Model.
Main driver
Lake water
levels

Frequency of
large wave
conditions

Current trends and future predictions
1960-1970 high water levels due to increase in precipitation.

Source
Gronewold and Stow, 2014

1990 Decrease in water levels due to increase in lake temperature and evaporation.

Gronewold et al., 2013

2013 Record low levels in Lakes Superior and Michigan-Huron.

Gronewold et al., 2013

2017 Record high levels in Lake Ontario

Gronewold and Rood, 2019

GCM: Decrease in lake levels by -0.5 in Lake Superior and by- 0.9 in Lake Michigan -Huron by
2050
GCM: Decrease in lake levels by -0.16 m in Lake Superior and by -0.49 m in Lake MichiganHuron
GCM: Decrease by -0.16 m in Lake Superior and by -0.52 m in Lake Michigan-Huron by 2090

Chao, 2000

GCM: Variability in prediction decrease by -3 m to increase by +1.5 m in Lake Michigan –
Huron by 2080-2094
RCM: Decrease by- 0.03 m in Lake Superior, by -0.05 m in Lake Michigan-Huron and by 0.06
m in Lake Erie by 2021-2050
RCM: Increase by+ 0.75 m in Lake Superior and by +1.8 m in Lake Michigan-Huron by 2050

Angel and Kunkel, 2010

GCM: Decrease ranging from -0.14 to -0.67 m in Lake Michigan-Huron by 2050 predicted by
two alternative methods
1998-2014 significant wave heights on Lake Huron over 1.5 and 2.0 m in average occurred 31
and 15 times per year.
Frequency of larger wave may increase due to decrease in ice cover.

Lofgren and Rouhanaa, 2016

Frequency of larger waves may increase due to increase in wind speed. Wind gusts of speed 2870 km/h are predicted to increase by 1040% by 2100.
DOC increase due to increase in primary production

Cheng et al., 2012
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Mortsch et al., 2003, 2000
Lofgren et al., 2002

MacKay and Seglenieks, 2013
Notaro et al., 2015

Scavia et al., 2019
Wuebbles et al., 2019

McDermid et al., 2015; Oni et al., 2012

Changes in
DOC in lake
water

DOC increase due to higher terrestrial DOC delivery to lakes due to increased precipitation
DOC decrease due to mineralization caused by longer surface water residence times associated
with decrease in precipitation (30-80% of DOC may be lost due to mineralization)
Seasonal increase in DOC in summer months due to increasing temperature and primary
productivity
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Algesten et al., 2003; Hansson et al.,
2013
Algesten et al., 2003; Creed et al., 2018)
Cory et al., 2016; Hipsher et al., 2020;
McCullough et al., 2018; Minor et al.,
2019
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2.6

Conclusion

Extensive research has been conducted to evaluate the functioning of the reaction zone that
exists near the sediment water interface in marine and river environments and its role on
the fate of inorganic chemicals including As and nutrients. In contrast, the functioning of
the reaction zone that exists near the sediment water interface in large lakes and its impact
on the delivery of inorganic chemicals to lakes is not well understood. There are limited
studies focused on LGD and even fewer studies focusing on the influence of groundwaterlake interactions on pollutant delivery to lakes via LGD. Nevertheless, lakes are important
ecosystems. They are a major source of freshwater and provide immense ecological,
economical and recreational value.
Studies from marine and river environments show that sharp chemical gradients, in
particular redox and pH gradients, often exist near the sediment water interface and these
gradients can have a major impact on the fate and transport of pollutants discharging from
groundwater to surface waters. For example, As and PO43- may be adsorbed to metal oxides
near the sediment water interface preventing or retarding their discharge to surface water.
Furthermore, temporal changes in the physical flows or chemistry of the groundwater and
surface water end members (e.g., varying DOC, O2 availability) have been shown to cause
accumulation or episodic release of pollutants. The way in which the hydrological flows
and geochemical processes in the reaction zone near the groundwater-lake interface interact
to control the distribution and mobility of pollutants remains unknown. Arsenic is a
contaminant of concern globally, but only one prior study has evaluated As occurrence in
nearshore aquifers on the Great Lakes and the role of groundwater-lake interactions on As
fluxes to the lake. The functioning of the reaction zone and its impact on As sequestration
and mobility in nearshore aquifers on the Great Lakes is examined in Chapters 3 and 4. In
addition, despite numerous studies stating the potential importance of septic systems to
nutrient loads to the Great Lakes and the increasing number of septic systems along
permeable shorelines, there is considerable uncertainty regarding whether septic system
derived nutrients in the subsurface are ultimately delivered to lakes or if they are attenuated
in the subsurface. This research gap is addressed in Chapter 5. In general, understanding
the way, in which the interacting hydrological flows and geochemical processes near the
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sediment water interface in nearshore lake environment, control the fate of groundwater
pollutants is needed to more accurately estimate the loading of groundwater-derived
pollutants to lakes and make predictions of how this loading may vary as the climate
changes.
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Chapter 3

3

Effect of transient wave forcing on the behavior of
arsenic in a nearshore aquifer
3.1 Introduction
Coastal water level fluctuations (e.g. waves, tides, storm surges and seasonal water level
variations) affect the fate of inorganic pollutants in nearshore aquifers and the subsequent
flux of these pollutants to coastal waters via groundwater discharge (Moore, 1999). Here,
the term “coastal waters” includes marine as well as inland coastal waters such as the
Laurentian Great Lakes. The importance of submarine groundwater discharge (SGD)
(Andersen et al., 2007; Beck et al., 2017; Burnett et al., 2006; M. A. Charette et al., 2005;
Pierce and Moore, 1982) and lacustrine groundwater discharge (LGD) (Kornelsen and
Coulibaly, 2014; Meinikmann et al., 2013; Robinson, 2015) as a source of pollutants to
marine and inland coastal waters, respectively, is well recognized. For instance, SGD
contributes the same order of magnitude in nutrient loads to coastal waters as riverine
inputs on a global scale, and in some cases can exceed riverine inputs on a regional scale
(Lewandowski et al., 2015; Slomp and Van Cappellen, 2004).
Coastal water level fluctuations cause large quantities of coastal water to exchange across
the sediment-water interface (SWI) leading to complex and dynamic flows in a nearshore
aquifer (Abarca et al., 2013; Michael et al., 2005; Turner et al., 2014; Xin et al., 2010). As
groundwater and coastal water often have distinctly different chemical composition, their
mixing in a nearshore aquifer may set up strong chemical gradients (e.g., pH and redox)
and an associated zone of high reactivity (Appelo, 1994; Beck et al., 2010; Charette and
Sholkovitz, 2006; Kim et al., 2017; Slomp and Van Cappellen, 2004; Spiteri et al., 2008).
While numerical modelling (Brovelli et al., 2007; Li et al., 1999; Robinson et al., 2007),
field (Andersen et al., 2005; Robinson et al., 2006; Vandenbohede and Lebbe, 2006;
Westbrook et al., 2005) and laboratory (Boufadel, 2000; Sous et al., 2013) studies have
demonstrated the important impact of tides on SGD and chemical behavior in coastal
aquifers, the impact of waves is not well quantified. Waves are a dominant coastal forcing
along most shorelines worldwide and due to the irregularity of the forcing (i.e. continuously
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varying wave height and period), their impact on SGD and associated chemical inputs is
expected to be considerable (Malott et al., 2016). Waves have received less attention to
date than other coastal forcing in part due to the complexity of measuring and also
numerically simulating the impact of this irregular forcing. As waves break, the wave
energy dissipates causing an onshore tilt in the mean surface water levels extending from
the wave breaking point to the average wave run up limit. This phase-averaged effect of
waves, called wave setup, drives subsurface flow circulations in a nearshore aquifer with
water infiltration near the wave run up limit and exfiltration near the wave breaking point
(Li et al., 1999; Longuet-Higgins and Stewart, 1964) (Figure 3.1a). These circulations are
associated with deeper flow paths and longer residence times (hours to months) compared
to rapid infiltration-exfiltration fluxes across the sediment water interface that are driven
by each individual wave motion. Therefore, these circulations may play a key role in
controlling geochemical conditions and chemical behavior in wave-influenced nearshore
aquifers (Malott et al., 2017).
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Figure 3.1 (a) Conceptual diagram of the groundwater flows in a nearshore aquifer subject to wave forcing. The still water level
(SWL, solid blue line), instantaneous water surface (solid black line) and wave setup profile (phase-averaged water surface,
dashed blue line) are shown. Wave-induced recirculation driven by wave setup which leads to surface water infiltration and
exfiltration of mixed surface water and groundwater, and terrestrial groundwater discharge is also shown. (b) Numerical model
domain with geometry and boundary conditions used to simulate groundwater flows in response to varying wave conditions. β
represents the beach slope.
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While laboratory (Boufadel et al., 2007; Rau et al., 2018; Turner et al., 2014, 2013) and
modelling (Li and Barry, 2000; Turner and Masselink, 1998) studies have investigated the
influence of waves on the physical flow and salt transport processes in nearshore aquifers,
the subsequent impact on the fate of chemicals and their discharge to coastal waters has
received little attention. Further, most studies investigating the flow and transport processes
have assumed steady wave forcing only (constant wave height) (Boufadel et al., 2007;
Geng and Boufadel, 2015). In reality, wave height and period are continually changing and
this results in significant perturbations in the groundwater flow, salt distribution and mixing
in a nearshore aquifer (Robinson et al., 2014). Recently, Malott et al. (2016) showed large
variations in pH, redox potential and conductivity in a shallow nearshore aquifer in
response to a 60-hour period of intensified wave conditions. These findings suggest that
varying wave conditions may considerably impact the geochemical conditions and fate of
chemicals, particularly redox sensitive constituents, in a nearshore aquifer. Further, these
findings indicate that the “snapshot” field sampling campaign approach commonly
adopted, which assumes steady wave conditions, might miss important moments by
neglecting the dynamic flow and geochemical processes. These dynamics could lead to
changes in attenuation, accumulation and/or episodic release of contaminants of concern
to coastal waters. Trace elements (Charette et al., 2005; Windom and Niencheski, 2003),
mercury (Barringer et al., 2005; Horvat et al., 1999) and nutrients (Lusk et al., 2017; Roy
et al., 2017) are examples of redox sensitive inorganic contaminants of concern in coastal
systems. While previous studies have shown that their fate and transport are impacted by
transient tidal forcings (Barringer et al., 2010; Ganguli et al., 2014) and terrestrial
groundwater discharge (Knights et al., 2017; Santos et al., 2008; Trezzi et al., 2016), the
impact of transient wave forcing remains unclear.
The objective of this study is to determine whether varying wave conditions lead to the
development of specific conditions that may result in the potential episodic release of redox
sensitive constituents with particular focus on arsenic (As). The novelty of this study is that
it combines for the first time wave-induced flow dynamics with geochemical changes in a
nearshore aquifer to evaluate the impact of waves on the mobility and potential discharge
of reactive constituents. Similar to other redox sensitive constituents (e.g. nutrients, trace
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metals), As geochemistry is closely coupled with Fe and Mn redox cycles (Bone et al.,
2006; Lee et al., 2014), and sulfide minerals (Couture et al., 2013; O’Day et al., 2004). As
such, the study findings are relevant for understanding the mechanisms governing the fate
of other redox sensitive constituents in nearshore aquifers. Field data are presented that
show the variability in nearshore geochemistry in response to varying wave conditions.
Numerical simulations are used to characterize perturbations in groundwater flow patterns
and mixing zones in the nearshore aquifer and interpret the observed geochemical changes.
The findings of this study provide important insights into the mechanisms governing the
fate of reactive constituents in wave-influenced nearshore aquifers and the potential role of
“hot moments” in controlling chemical fluxes to coastal waters.

3.2 Methodology
3.2.1 Field sites and methods
Field measurements were conducted every second day from July 12 to July 22, 2016 at
Little Beach in Port Stanley, Ontario located on Lake Erie (Appendix A, Figure A.1). In
describing the field data, Day 0 corresponds to the first day of field measurements (i.e. July
12). Little Beach is a relatively homogeneous sand and silty-sand beach with the
geochemistry in the nearshore aquifer similar to that observed at other sites on the Great
Lakes (Lee et al., 2014; Malott et al., 2016). Also similar to other Great Lakes beaches, the
beach is exposed to frequent wave activity (average root-mean square wave height [Hrms
average] = 0.28 m and average wave period [Taverage] = 3.4 sec). Elevated dissolved As (up
to 33 µg/L) in groundwater 1-2 m below the shoreline were previously found at this beach
by Lee et al. (2014) during a “snapshot” monitoring campaign. It is important to note that
while this study focuses on a freshwater beach and the chemistry of lake water is distinctly
different to seawater (i.e. ionic strength, salinity, organic matter), the wave-induced
dynamics identified are transferable between marine and inland coastal settings.
A shore-normal monitoring transect was installed that extended from the base of a glacialtill bluff (landward extent of the beach), to 15 m offshore (Appendix A, Figures A.4 and
A.5). The transect consisted of seven multi-level samplers (MLS) for pore water sampling,
nine wells for groundwater and lake level measurements, and five nested piezometer-
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manometer systems to measure the vertical hydraulic gradient (Gibbes et al., 2008). MLS
were installed up to 3 m deep with sampling ports every 0.2 m. The location of monitoring
equipment and sand levels were surveyed relative to a local permanent benchmark (Topcon
GTS-239W; Figure A.4). Offshore wave data were obtained from a Fisheries and Oceans
Canada

buoy

(C45132

Port

Stanley

Lake

Erie,

http://www.ndbc.noaa.gov/station_page.php?station=45132) located ~ 24 km directly
offshore from the field site (Figure 3.2a).
Four pore water sub-samples were collected from each MLS port for all sampling events.
These samples were used for analysis of metals and cations (60 mL), anions (60 mL),
alkalinity (60 mL) and dissolved organic carbon (DOC; 40 mL). Pore water samples were
analyzed for total metals (As, Fe, Mn, Al) and cations (Ca, Mg, Na, K) using InductivelyCoupled Plasma Mass Spectroscopy (ICP-MS); anions (chloride (Cl-) and sulfate (SO42-))
using High Performance Liquid Chromatography (HPLC), DOC using TOC (Total
Organic Carbon) Analyzer (Aurora 1030W), and alkalinity using a Metrohm titrator.
Sediment samples were collected at depths between 0.5 to 2 m below the sediment surface
during installation of each MLS (Day 0) to characterize the solid phase chemistry. The total
element solid phase concentrations in the sediment samples were determined via total acid
digestion using method EPA 200.8 (U.S. EPA, 1994). A four-step extraction procedure
was used on select sediment samples to extract constituents associated with acid
extractable, easily reducible, moderately reducible, and residual solid phase fractions.
Additional details of the characteristics of field site, field equipment, sample collection,
chemical analyses and quality control procedures are provided in Appendix A (Sections
A.2-A.4 and Figures A.2-A.3, A.4-A.9).
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Figure 3.2 a) Offshore wave height during the 10-day field campaign and 10 days prior to the field campaign. (b-h) Contour
plots of main geochemical parameters measured on Day 1. Only two aqueous samples were obtained from MLS 2 (x= -22 m)
and therefore these samples were not included in the contour maps. Sand level (solid black line) and water level (solid blue
line) were measured on Day 1. Pink solid lines represent MLS and black crosses represent sampling locations. The locations of
the three main reaction zones: infiltration zone (green oval), transition zone (red oval) and discharge zone (black oval) are
identified in Figure 3.2b.
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3.2.2 Numerical modelling
A two-dimensional model (vertical, shore-normal) was developed in MODFLOW-NWT
(Niswonger et al., 2011) and MT3DMS (Zheng, 2010; Zheng and Patrick, 1999) to
simulate groundwater flows and water exchange at Little Beach in response to the varying
wave conditions over the monitoring period. The model considers saturated flow and
transport processes only, thus assuming that the unsaturated zone has limited effect on
reactive transport processes controlling As distribution in the nearshore aquifer (Malott et
al., 2017; Wu et al., 2017). The model also assumes negligible groundwater flow and
transport in the third dimension (alongshore). The model domain is 115 m long extending
75 m onshore and 40 m offshore from the mean shoreline position (Figure 3.1b). Details
of the model boundary conditions are described in Appendix A.5. The simulated beach
slope was set to correspond with measured sand levels on Day 1 (Appendix A, Figure A.4).
Following Lee et al. (2014), the simulated aquifer was assumed to be homogeneous and
isotropic with a depth of 10 m. The hydraulic conductivity and effective porosity were set
to 6 m/d and 0.25, respectively, based on grain size distribution measurements by Lee et
al. (2014). The effect of waves was simulated by considering the phase averaged effect of
waves (i.e. wave setup). This approach has been shown to represent the main effects of
waves on groundwater flow dynamics while reducing computational requirements
(Robinson et al., 2014b; Xin et al., 2010). Using this approach, the time-varying specified
heads applied along the lake boundary (BC Figure 3.1b) were calculated using an empirical
wave setup formula developed by Nielsen (2009) and given as:

h =

0.4 H rms
D +h
1 + 10
H rms (Eq.1)

where h (m) is the increase in water level above the still water level due to wave setup;
Hrms (m) is the offshore root mean square wave height obtained from the Fisheries and
Ocean Canada wave buoy (Figure 3.2a); and D (m) is the distance from the SWI to the still
water level and is a function of location across the beach face. Submerged nodes along the
lake boundary were assigned a hydrostatic pressure corresponding to the wave setup
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profile. This was implemented using a modified form of the periodic boundary condition
(PBC) package (Post, 2011) to allow a time-varying moving interface to be implemented.
Nodes landward of the wave setup point along the lakeward boundary were represented as
a no-flow boundary.
The model was first run to steady state using the boundary conditions specified above and
with Hrms = 0.15 m. The steady state results were used as the initial conditions for the
transient simulation, where hourly wave height data was used to predict changes in
groundwater flows and water exchange at the field site in the three months prior to and
during the field campaign (April 12 – July 23, 2016). Conservative solute transport
simulations were conducted to provide insight into changes in the wave-induced
recirculation zone and mixing between the groundwater and coastal water.
The groundwater flow model was validated by comparing simulated vertical hydraulic
gradients to vertical hydraulic gradients measured close to the sediment water interface on
multiple days over the study period. In addition, the simulated movement of the shoreline
position was compared to the observed movement in the shoreline position. The model was
found to provide an adequate representation of field conditions as the model matches well
the observed changes in the shoreline position and observed vertical hydraulic gradients in
the main zone of interest (Appendix A, Figures A.10-11). The model underestimates the
vertical upward hydraulic gradient offshore (Appendix A, Figure A.11), and thus may
underestimate the lakeward extent of the recirculation zone and offshore groundwater
discharge.

3.3 Results and Discussion
3.3.1 Initial aqueous and solid phase geochemistry (Days 0-1)
Three distinct end members and the mixing between them set up the observed complex
distribution of chemical species in the nearshore aquifer (Figure 3.2b-h). Based on fluid
electrical conductivity values, the three end members can be identified: deep terrestrial
groundwater (deep GW; greater than 2 m below sediment surface at the landward beach
boundary), shallow terrestrial groundwater (shallow GW; less than 2 m below the sediment
surface at the landward beach boundary), and surface water (SW). The shallow GW and
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SW are more oxic and have higher pH and lower conductivity compared to the deep GW,
which is characterized as more reducing with lower pH and higher conductivity, high
alkalinity, and high dissolved Fe and SO42- (Figure 3.2b-h, Table 3.1, Appendix A, Figure
A.12c).
Table 3.1 Chemical characterization of three end members at the study site.
Conductivity
(µS/cm)

ORP
(mV)

pH

Alkalinity
(mg/L of
CaCO3)

Fe
(mg/L)

SO42(mg/L)

Ca
(mg/L)

As
(µg/L)

DOC
(mg/L)

SW

265-356

25 to 87

7.58.3

92-114

0.010.04

4.6-9.1

31.941.2

0.7-0.9

3-7

Shallow
GW

484-582

-20 to
-50

77.5

120-376

1-7

13.773.5

73-174

1.7-2.4

2.1-4.7

Deep GW

2084-2250

-128
to 166

6.87

487-641

20-28

181.9216.7

237263

0.7-1.4

4.1-6.2

High alkalinity at depth may be due to the degradation of organic carbon via the reduction
of Fe and Mn oxides and also SO42- in a highly reducing environment (Emerson et al.,
1980; Kuivila and Murray, 1984; Murray et al., 1980) (See reactions 1, 2, 3 in Appendix
A, Table A.2). Lee et al. (2014) previously proposed that iron sulfide minerals may be a
geogenic source of the elevated dissolved Fe and SO42- in the deep GW at the study site.
Consistent with Lee et al. (2014), the average molar ratio of Fe/S in sediment samples
collected landward of the shoreline (MLS 2 and 3) was 1.4 (Appendix A, Table A.3) – this
is close to the stoichiometry of mackinawite (FeS) and pyrite (FeS2). High dissolved Ca
(Appendix A, Figure A.12d) in the deep GW suggests that gypsum may also be present at
depth. The high dissolved Ca could also be due to calcite dissolution, which would help
explain the higher alkalinity, but does not explain the high SO42-.
Elevated dissolved As concentrations of up to 20 µg/L were observed in the nearshore
aquifer (above the surface water and groundwater background levels of 0.9 to 2.4 µg/L).
The highest concentrations were found at a depth of 2 m below the sediment water interface
3-4 m lakeward of the initial shoreline (MLS 6 and 7, z = -6.2 m), and at shallow depth
(~0.5 m below sediment water interface) 2 m landward of the initial shoreline (MLS 4, z =
-3.5 m; Figure 3.2b). The maximum dissolved As concentrations were similar to the
provincial water quality standards for non-potable groundwater (19 µg/L) (Ministry of the
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Environment, 2011) and exceeded provincial standards for industrial background site
conditions (13 µg/L) (Ministry of the Environment, 2011) and Canadian freshwater quality
guidelines for the protection of aquatic life (5 µg/L) (Canadian Council of Ministers of the
Environment, 2001). Arsenic in aquifer sediments, ranging 1-4.3 µg/g, was lower than the
Canadian Soil Quality Guideline for Protection of Environmental and Human Health (12
µg/g) (Canadian Council of Ministers of the Environment, 2001) (Appendix A, Table A.3,
Figure A.13a). The highest solid phase As concentration (4.3 µg/g) was observed at
shallow depth (~ 0.5 m below sediment water interface) around the initial shoreline location
(MLS 5, x = 1 m).
Locations of elevated dissolved and solid phase As in the nearshore aquifer prior to the
onset of high wave conditions (Day 1) coincide with elevated dissolved and solid phase Fe
(e.g., MLS 6 in dissolved phase and MLS 5 in solid phase) and Mn (e.g., MLS 4 in
dissolved phase and MLS 5 in solid phase; Figure 3.2b-d; Appendix A, Figure A.13a-c).
This suggests that Fe and Mn cycling including the precipitation-dissolution of Fe and Mn
oxides may play a key role in the distribution and mobility of As. Total solid phase Fe was
considerably higher than Mn, with Fe and Mn solid phase concentrations between 30808400 µg/g and 160-466 µg/g, respectively (Appendix A, Figure A.13). Sequential
extraction results for select samples suggest that solid phase Mn may be mainly associated
with an amorphous phase (56-77 %), while solid phase Fe may be distributed between
amorphous (27-92%) and crystalline (2-71%) phases (Appendix A, Figure A.14). The
range of solid phase ratios of As:Fe (0.1-0.6 µg/mg) (Appendix A, Table A.3) is similar
with that reported by Bone et al. (2006), who found Fe oxides were important for As
cycling in a marine coastal aquifer (e.g. 0.1-0.8 µg/mg).
We focus our analysis of the influence of varying wave conditions on changes in the
dissolved phase chemistry in three key reaction zones in the nearshore aquifer: infiltration
zone (z = -3.5 m at MLS 4; x = -2 m), deep transition zone (z = -5 to -6 m; x = -4 to 2.5 m)
and discharge zone (z = -4 to -4.6 m; x = 1-3 m) (Figures 3.2). The discussion focuses
primarily on the changes observed in response to the initial increase in wave conditions
(i.e. data from Day 1 – Day 3), with the trends over the entire 10-day sampling period
described thereafter. The infiltration zone represents the location, where newly infiltrated
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surface water mixes with shallow groundwater. Elevated As, Fe and Mn concentrations
and reducing conditions initially observed at shallow depth at MLS 4 (x = -2 m; Day 1)
suggest that dissolution-precipitation of Fe and Mn oxides may be important reaction
processes in the infiltration zone. The transition zone represents the region where shallow
groundwater mixes with deep groundwater. The observed chemical gradients (i.e., in Fe,
SO42-, As, pH) in the transition zone suggest that iron-sulfur cycling may occur in this zone.
The discharge zone represents the area below the sediment water interface with the highest
groundwater discharge.

3.3.2 Groundwater flows and water exchange rates at Little Beach
In this section the groundwater flows in the nearshore aquifer over the monitoring period
are briefly described to provide context for assessment of the effect of varying wave
conditions on the geochemical conditions and distribution of mobile As. While conditions
were calm (Hrms < 0.4 m) in the 10 days preceding the monitoring period, the wave height
varied considerably over the monitoring period with maximum wave height (Hrms) reaching
1.06 m on Day 2 (Figure 3.2a).
This maximum wave height (1.06 m) occurs between 10-20% of the time at Little Beach
and therefore represents an excursion from the average wave conditions at the site
(Appendix A, Figure A.3). Simulation results indicate that, as expected, the water exchange
rates, groundwater flow velocities, and size of the recirculation zone increased with
increasing wave height, and decreased as wave height decreased (Figures 3.3, 3.4a-c). Due
to the calm conditions between Days 0 - 1, wave-induced recirculation was negligible (total
surface water infiltration ~ 0.08 m3/m/d) with discharge greatest near the shoreline (x = 0
m) and decreasing offshore (Figures 3.3, 3.4a). On Day 2, as Hrms increased from 0.14 to
1.06 m (Figure 3.2a), the position of the shoreline shifted landward from x = 0 m to x = -2
m (Figure 3.4b) leading to an increase in the total wave-induced infiltration (from 0.08 to
6.2 m3/m/d (Figure 3.3) with a maximum infiltration rate of 1.1 m3/m2/day at x = -2 m, rise
in the beach groundwater table, and strengthening of the wave-induced recirculation
(Figure 3.4b). On Day 3.2, as the wave height decreased (0.1-0.6 m), the shoreline receded
to x = 0 m, the total wave-induced infiltration decreased to 2.2 m3/m/d, the beach water
table dropped, and the wave-induced recirculation weakened (Figures 3.3 and 3.4c). Due
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to the slow draining of the beach, the water exchange and flows did not return to the initial
conditions on Day 3.2 despite the calm wave conditions. Simulated groundwater flows and
infiltration/exfiltration patterns continued to respond in a similar way to the changing wave
height over the monitoring period (Days 6.2 – 9.1 in Appendix A Figure A.19).

Figure 3.3 (a) Net simulated water influx (“-” values) and out flux (“+” values) along
the SWI over the measurement period. (b) Layout of MLS with the solid black and
blue lines showing the sand and water levels, respectively, measured in the field on
Day 1. labeled by their numbers. Black crosses represent MLS sampling port
locations with MLS locations labeled by their numbers.
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Figure 3.4 Simulated groundwater flow velocities and conductivity distributions for (a) Day 0.9, (b) Day 2.6 and (c) Day 3.2. The
conductivity distributions show the size of the recirculation zone based on the simulated three end members (surface water –
300 µS/cm, shallow groundwater – 600 µS/cm and deep groundwater – 2000 µS/cm). (d) Percent change in simulated conductivity
in response to varying wave conditions between Day 0.9 to 3.2. (e) Percent change in field measured conductivity in response to
varying wave conditions between Day 0.9 to 3.2. In all subplots, pink lines represent MLS locations and black crosses represent
sampling ports. Note conductivity data is not available for MLS 4 on Day 1 and therefore percent change values could not be
calculated for this location using field data.
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The changes in the flow patterns and the size of the recirculation zone led to corresponding
changes in the mixing between groundwater and surface water. Figure 3.4a-c shows the
simulated fluid conductivity on Days 0.9, 2.6 and 3.2 considering the following end
members: surface water (300 µS/cm), shallow groundwater (600 µS/cm) and deep
groundwater (2000 µS/cm). The simulated transition zone between shallow and deep
groundwater moved ~1 m downward below the wave run-up zone as the result of
infiltrating surface water pushing down into the shallow aquifer (i.e. at MLS 3 from z = 4.7 m to -5.3 m from Day 0.9-3.2; Figure 3.4a, Figure 3.4c). Calculated changes in
conductivity between Day 0.9 and Day 3.2 directly illustrate the effect of wave-induced
recirculation on the groundwater-surface water mixing (Figure 3.4d-e). Increased waveinduced infiltration and landward expansion of the recirculation zone led to a decrease in
conductivity by 20-40% below the wave run-up (infiltration) zone (MLS 3-4, x = -4 to -2
m) between Day 0.9 to Day 3.2. In contrast, observed and simulated conductivity increased
by up to 20% in the groundwater discharge zone (MLS 5-6, x = 1-3 m). The simulated
conductivity as well as the absolute and percent change in conductivity over the remainder
of the field measurement period are shown in Appendix A Figures A.19, A.20 and A.21,
respectively.

3.3.3 Geochemical response in the infiltration zone
Simulation results and vertical gradient measurements show that surface water infiltration
across the sediment water interface was greatest around MLS 4 (x = -2 m), which was
located in the wave run-up zone during periods of higher wave height (i.e. Day 2-3, Figure
3.3). At MLS 3, which remained landward of the maximum wave run-up limit,
geochemical changes were negligible at shallow depths over the measurement period due
to the absence of direct surface water infiltration at this location (Figure 3.5). The direct
influence of surface water infiltration around MLS 4 during high wave conditions is
illustrated by the 20% decrease in simulated conductivity at shallow depth from Day 0.9 –
2.6 (Appendix A, Figure A.21a). Arsenic concentrations decreased from 15.8 to 6.6 µg/L
at the shallow depth (z ~ -3.5 m) at MLS 4 over this period (i.e. from Day 1 to 3; Figure
3.5; Appendix A, Figure A.15). Fe and Mn concentrations also decreased (4.1 to 0.2 mg/L
and 3.4 to 0.3 mg/L, respectively), the redox potential and pH increased, and SO42-
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remained stable (Figure 3.5; Appendix A, Figure A.15). The observed concentration
changes are caused by a combination of advection, dilution and reactions. Mixing ratio
analysis (Appendix A, Section A.9) suggests that dilution characterized by an increase in
the surface water fraction occurred throughout the recirculation zone in response to higher
waves (Appendix A, Figure A.22). However, analysis indicates that chemical reactions
also likely contributed to As depletion in the infiltration zone (Appendix A, Figure A.23).
At MLS 4, in the infiltration zone, it is possible that the more oxidizing conditions and
higher pH associated with newly infiltrated surface water may have led to precipitation of
Fe and Mn oxides and subsequent sequestration of As (Lee et al., 2014; Pierce and Moore,
1982; Root et al., 2009). This is supported by the positive correlation between dissolved
and solid phase As and Fe, and As and Mn at this location (Appendix A, Figure A.16).
Further, the sequential extraction results indicate that solid phase As, Fe and Mn at MLS 4
are predominantly associated with amorphous forms (Appendix A, Figure A.14).
Amorphous Fe and Mn minerals generally have high capacity to adsorb As compared to
more crystalline minerals (Pierce and Moore, 1982; Smedley and Kinniburgh, 2002) and
are also more likely to dissolve/precipitate in response to changing geochemical conditions
induced by waves (Tessier et al., 1979; Wenzel et al., 2001). To assess the relative
importance of dilution versus reaction for the observed changes in As, changes in measured
alkalinity were compared to alkalinity changes expected due to Fe and Mn oxidation.
Stoichiometric calculations based on the changes in Fe and Mn concentrations showed an
expected decrease in alkalinity of only 16 mg/L (Appendix A Section A.6 R4 and R5). This
was much smaller than the decrease in alkalinity measured in the field (200 mg/L). These
calculations suggest that the measured decrease in alkalinity was likely due to infiltration
of low alkalinity surface water and as such dilution may have been more important
compared to reaction in the infiltration zone.
Observations over the 10-day monitoring period revealed that changes in geochemistry in
the infiltration zone in response to wave conditions do not only depend on wave height.
While both periods of high waves (Day 2 and Day 6) resulted in large surface water
infiltration, observed changes in geochemistry were larger and more rapid in response to
the initial period of high waves (Day 2), and only slight changes were observed in response
to the second period of high waves (Day 6; Figures 3.5, 3.2a, 3.3, Appendix A, Figures
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A15 and A17). In addition, the reducing conditions, low pH and elevated As, Fe and Mn
observed in the infiltration zone on Day 1 were not observed during the short duration calm
periods (Days 4-6 and Days 7-10; Figures 3.2b, 3.5 and Appendix A, Figure A15). Rapid
changes in geochemical conditions observed in response to the first period of high waves
suggest that the oxidation kinetics are rapid in response to the high flow velocities
associated with infiltrating oxic surface water. The longer period of time required for
geochemical conditions to return to reducing conditions may depend on the slower flushing
time once wave-induced infiltration decreases and also be controlled by the concentration
and reactivity of organic carbon, which would drive the reduction of dissolved oxygen, Mn
and Fe (Bauer and Blodau, 2006).
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Figure 3.5 Conceptual diagram illustrating the main changes in the flow and
geochemical processes in response to wave forcing (top), and measured depth
profiles of As, Fe, Mn, SO4, ORP and pH in key zones of interest (bottom). First row
– deeper transition zone (shaded red area, MLS 3), second row - infiltration zone
(shaded green area, MLS 4), third row – discharge zone (shaded black area, MLS
6). The black line in depth profile plots represents the elevation of the sand surface
at the MLS location on Day 1.

3.3.4 Geochemical response in the transition zone
While the transition zone between shallow and deep groundwater extends from x = -4 to
2.5 m at depth z = -4.7 to -5.7 m (Figure 3.2b), this discussion is focused on MLS 3 where
the largest shift in dissolved As was observed (1.4 to 15.7 µg/L from Day 1 to 3, x =-4 m,
z = -5.27 m; Figure 3.5). While reductive dissolution of Fe-oxides by DOC is a widely
recognized mechanism for As mobilization (Smedley et al., 2002; Mladenov et al., 2010;
Mladenov et al., 2014; McArthur et al., 2001), the simultaneous increase in Fe (from 0.2
to 17.4 mg/L) and SO42- (from 16.8 to 94.9 mg/L) indicate that, in contrast to the infiltration
zone, iron sulfide mineral dissolution may increase the mobility of As at this location. The
solid phase Fe/S ratio is 1.06 (Appendix A, Table A.3), suggesting that amorphous FeS,
such as mackinawite (Fe:S ratio close to 1:1), which is known to incorporate As (Niazi et
al., 2016; Wilkin et al., 2001; Jeong et al., 2010), may be the predominant form of sulfide
minerals at this location. Conceptually, there are several possible explanations for the
observed geochemical changes. The increase of As, Fe and SO42- may be due to oxidative
dissolution of iron sulfide minerals with dissolved oxygen and subsequent release of As
(Rickard et al., 2007). These reactions may be triggered by more oxidizing conditions at
depth due to the downward shift of shallow groundwater. The simulation results suggest
that the wave-induced flow recirculation zone may have expanded in response to higher
wave conditions, resulting in a downward shift of the shallow groundwater flow paths at
MLS 3 (Figure 3.4a-c). The downward shift of shallow groundwater at this location is
consistent with the observed decrease in conductivity at depth at MLS 3 between Day 1
and 3 (Appendix A, Figure A.17), and also in agreement with the simulation results, which
indicate a 20 percent decrease in conductivity at this location (Figure 3.4d). Note that while
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redox changes were not significant, increases in SO42- suggest more oxidizing conditions
at depth at MLS 3 with increased wave conditions (Figure 3.5). However, the observed
increase in SO42- cannot be explained just by sulfide mineral oxidation. Sulfide oxidation
and maximum release of SO42- in the saturated zone depends primarily on the oxygen
content of the infiltrating surface water. For example, based on stoichiometry of the pyrite
oxidation (Appendix A, Table A.2 R6) and mackinawite oxidation reactions (Appendix A,
Table A.2 R7), the expected maximum SO42- release from fully oxygen saturated
groundwater (0.33mM O2) are 0.19 mM and 0.33 mM, respectively. This is much less than
the observed increase in SO42- of 78 mg/L (0.8 mM). Another source of SO42- may be the
dissolution of calcium sulfate minerals (e.g. gypsum); their presence at the site is supported
by high Ca concentrations in deep groundwater (Appendix A, Figure A.12). Besides
chemical processes, the observed changes may also be due to water with a given chemical
composition shifting in response to the perturbed groundwater flow patterns (i.e., upward
transport of Fe and S-rich deep groundwater). Therefore, both physical and chemical
processes need to be considered in evaluating observed changes in geochemical species in
the transition zone.
Data collected over the 10-day monitoring period showed that As and Fe decreased again
while SO42- remained high in the transition zone as the wave height varied (Figures 3.5,
Appendix A, Figure A.15). It is possible that this may be due to the formation of Fe-oxides
and sequestration of As over time if conditions remained more oxic in the transition zone.
Thus, considering chemical reactions, FeS oxidation can lead to mobilization and
immobilization of As depending on the path the FeS takes (direct conversion of FeS to Fe
oxides vs release of Fe2+ during FeS oxidation) (Jeong et al., 2010). The significance of
observed geochemical changes in the transition zone is that the changes are not driven by
direct surface water infiltration but rather by a shift in the groundwater flow paths and
redox zonation in the deeper aquifer as the wave conditions change. The results show that
the distribution of reactive species can be altered not just at shallow depths (~0.5 m below
sediment water interface) but also along redox gradients deeper below the sediment water
interface. The anoxic conditions in the deeper aquifer provide favorable conditions for the
formation Fe-sulfides, which are known to be sediment traps in that they can effectively
immobilize metals and toxic oxyanions (Jeong et al., 2010). The instability of Fe-sulfides
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in response to varying wave conditions as observed in this study may cause re-mobilization
of As and other constituents of concern.

3.3.5 Geochemical response in the discharge zone
Numerical simulations indicate that groundwater discharge generally occurs at x > 0 m
(Figure 3.2). Groundwater of different types converge in the discharge zone and can be
categorized into three distinct types: recirculating surface water, mixed water from the
transition zone, and deep groundwater. The areas where these water types dominate are
referred to as the recirculation discharge zone, transition discharge zone, and deep
groundwater discharge zone, respectively (Figure 3.4a-c). In the recirculation discharge
zone (landward extent of discharge zone), dissolved As remained low and relatively stable
close to the sediment water interface (MLS 5, x = 1 m, z = 3.9 m; MLS 6, x = 3 m, z = -4.4
m; Figures 3.5 and Appendix A, Figure A.17). This may be due to the advective transport
of surface water, low in As into the shallow sediments by wave action (Santos et al., 2012).
Therefore, dilution of the recirculating water with exchanging surface water that has short
residence time results in oxic, high pH conditions with low As at all shallow depths for
MLS 5 and 6.
Changes in the dissolved As concentrations were evident slightly deeper in the transition
discharge zone in response to the varying wave conditions. Dissolved As decreased from
18.1 to 4.5 µg/L from Day 1 to 3 one meter below sediment water interface at MLS 6 (x =
3 m, z = -4.6 m; Figure 3.5). At this location Fe decreased (from 11.7 to 0.7 mg/L), SO42increased (from 7.8 to 53.3 mg/L) and pH increased (from 7.1 to 7.7) from Day 1 to 3
(Figure 3.5; Appendix A, Figure A.17). Observed increases in pH and SO42- suggest mixing
of shallow groundwater and recirculating surface water occurred. While dilution and
advection may be primarily responsible for the observed changes in chemical species,
mixing analysis (Appendix A, Section A.9, Figure A.23) suggests that the observed
changes in dissolved As may also be due to reactions. It is possible that the initially high
As and Fe could have been due to the dissolution of Fe-oxides in the reducing environment
(low SO42-). The high waves may have led to more oxidizing conditions and higher pH
favoring Fe-oxide precipitation and subsequent As sequestration. The total flux of As
across an imaginary line one meter below the sediment water interface was calculated using
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the simulated groundwater flow velocities and interpolated measured As concentrations on
Day 1 and Day 3 (Appendix A, Section A.10 and Figure A.24). Results show that the total
As flux towards the sediment water interface was higher on Day 3 (0.038 mg/d) compared
to Day 1 (0.014 mg/d). This indicates that the stronger wave-induced groundwater fluxes
play a dominant role in controlling the flux of As towards the sediment water interface with
the As flux increasing despite dissolved As being sequestered to newly formed Fe oxidized
in the transition discharge zone.
The importance of the discharge zone results is that they suggest that high wave conditions
can lead to favorable conditions for precipitation of Fe-oxides, which can act as a sediment
trap for As. However, in spite of the geochemical trapping of As, the total flux of As
towards the sediment water interface increases during periods of higher wave activity due
to the increased groundwater discharge flux. It is also important to note that under certain
hydrological and geochemical conditions (i.e. lower wave conditions) the Fe-oxides may
dissolve leading to release of the “trapped” As to the receiving coastal water.

3.4 Environmental Implications
The findings of this study have broad relevance to the impact of coastal forcing on redox
sensitive contaminants at the groundwater-surface water interface in coastal environments.
Rapid observed changes in reactive species (i.e. As, Fe, Mn and S) in response to wave
conditions suggest that interacting flow and geochemical processes occurring within the
nearshore aquifer may play an important role in controlling the fate of a wide range of
reactive species (As, P, Hg, Pb, Cd) prior to their discharge to surface waters. While the
study was conducted at a freshwater beach, the study findings regarding the interplay
between the physical flow dynamics and geochemistry (principally the switching of redoxconditions) are transferable between inland and marine coastal settings. A noticeable
difference is that sulfur geochemistry will be more important at marine sites due to the
large sulfate concentration in seawater. Observed flow and geochemical changes induced
by varying wave conditions lead to non-constant flux of reactive species to coastal waters.
The mobilization of reactive species under specific conditions may result in the episodic
release of pollutants to coastal waters. Alternatively, accumulation of species within redox
sensitive sediments may have longer term consequences for water quality. Sediment trap
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mechanisms for redox-sensitive trace metals and elements are sensitive to geochemical
and hydrological changes and represent an important “hot zone” especially in the context
of prevalent organic matter pollution, eutrophication and climate change (Charette et al.,
2005; Lemonte et al., 2017; Spiteri et al., 2008). Each of these environmental stressors can
potentially reverse the sediment trap mechanism from a zone of accumulation to a zone of
release and become a source of coastal water pollution. Therefore, future studies including
reactive transport modelling studies will be important to better understand the factors that
influence geochemical changes and the processes triggered by variable wave forcing.
The observations further suggest that information about transient wave conditions is
important for planning field monitoring campaigns, interpreting field data and estimating
fluxes of dissolved species. The “snapshot” approach (campaign-based data collection)
may not provide an adequate representation of the distribution and fluxes of geochemical
species in the nearshore aquifer, as antecedent conditions can significantly impact observed
concentrations.
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Chapter 4

4

Occurrence and mobility of arsenic in nearshore aquifers
on the Great Lakes: role of the sediment trap mechanism
4.1 Introduction
Coastal areas are of enormous economic, recreational and ecological value with the
majority of the world’s population living along marine and freshwater coastlines (Small
and Nicholls, 2003). Urbanization, population growth, industrial development, and the
changing climate threaten the sustainable management of coastal areas including coastal
water quality (Ferguson and Gleeson, 2012). To effectively manage coastal water quality
requires understanding of all the various sources and pathways that contribute pollutants
to coastal waters. The role of groundwater in delivering pollutants to coastal waters remains
an unresolved area of research (Robinson et al., 2018). This is particularly the case for
inland coastal environments, where although it has recently been recognized that lacustrine
groundwater discharge (LGD) can be a potentially important component for lake water and
chemical budgets (Lewandowski et al., 2015; Meinikmann et al., 2015), there is limited
quantitative understanding regarding its contribution (Lewandowski et al., 2015; Robinson,
2015). In addition, the role of groundwater-surface water interactions in controlling the
cycling of chemicals in nearshore aquifers adjacent to inland coastal waters and their
subsequent flux to the coastal water remains unclear (Conant et al., 2019).
Assessing the contribution of LGD to the chemical budget of a lake, including large lakes
such as the Laurentian Great Lakes, is challenging because groundwater discharge fluxes
as well as the chemical concentrations in the discharging groundwater may be highly
diffuse, dynamic, and spatially heterogeneous. In addition, quantification of groundwaterderived chemical fluxes to nearshore waters is complicated by an important reaction zone
that exists below the sediment-water interface along permeable shorelines. This reaction
zone is caused by the mixing of discharging groundwater with surface water recirculating
across the sediment-water interface (Conant et al., 2019; Robinson et al., 2018). This
reaction zone has been extensively studied in marine coastal settings, where it is called a
subterranean estuary, and has been shown to play a major role in controlling the flux of
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chemicals discharging as well as recirculating across the sediment-water interface (Malott
et al., 2016; O’Connor et al., 2018; Robinson et al., 2018). One of the important reactive
phenomena that can occur in a subterranean estuary is the sequestration (trapping) of
reactive pollutants to sediment mineral phases that form under certain redox and pH
conditions. While metal oxides, including aluminum (Al) and manganese (Mn) oxides, can
adsorb (trap) chemicals including phosphate (PO4) and arsenic (As) (Adams et al., 2009;
Chang et al., 2014; Kameda et al., 2014; Schneider et al., 2010; Violante et al., 2009), iron
(Fe) oxides are often considered to be the main scavengers of pollutants due to relative
abundance of Fe (Smedley and Kinniburgh, 2002). Charette and Sholkovitz (2002) showed
Fe oxides that precipitate along redox (Charette and Sholkovitz, 2006) and pH (Spiteri et
al., 2006) boundaries in the subterranean estuary can act as natural reactive barrier (“iron
curtain”) whereby they sequester PO4 and prevent their release to coastal waters. This
sediment trap mechanism has since been observed in subterranean estuaries worldwide
(Bone et al., 2006; Linkhorst et al., 2017; Spiteri et al., 2006) and has been shown to play
an important role in groundwater-derived nutrient fluxes to coastal waters (Spiteri et al.,
2008), ocean acidification (Sirois et al., 2018) and metal (McAllister et al., 2015) and trace
metal (Beck et al., 2010, 2008; Trezzi et al., 2016) cycling in marine environments.
Understanding the presence and way, in which sediment traps near the sediment-water
interface affect chemical fluxes to inland coastal waters, has received less attention. This
is consistent with fewer studies having examined the influence of groundwater-lake
interactions on the fate (transport and transformation) of pollutants near the sediment-water
interface (Lewandowski et al., 2015). The presence and function of the sediment trap in
inland coastal environments may differ from that, which exists in the subterranean estuary
in marine environments, as the physical forcing acting on the sediment-water interface (e.g.
oceanic tides in marine environments), and chemical composition of the surface water
differs (higher density, ionic strength and sulphate in seawater). Understanding the role of
the sediment trap in controlling chemical fluxes to inland coastal waters is needed to
quantify the contribution of LGD to inland coastal chemical budgets and for predicting
how these inputs may vary as the climate changes and anthropogenic pressures increase.
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While sediment traps that form near the sediment-water interface may affect the mobility
of various chemical species (e.g. nutrients, dissolved organic carbon (DOC), metals, trace
metals), this study focuses on As. Groundwater As contamination is a major issue
worldwide including in many parts of the United States (Ayotte et al., 2015; Smedley and
Kinniburgh, 2002), Mexico (Jonathan et al., 2011), Brazil (Mirlean et al., 2013), China
(Schaefer et al., 2016; Wang et al., 2012), Chile (Smedley and Kinniburgh, 2002), Vietnam
(Postma et al., 2017), Cambodia (Polizzotto et al., 2008) and Bangladesh (Fendorf et al.,
2010; Jung et al., 2012). In some cases As groundwater contamination is due to local
anthropogenic activities (e.g., mining or industrial sites (Ford, 2001; Kim et al., 2014;
Lemonte et al., 2017)) but it can also be naturally occurring (e.g. widespread As
contamination in aquifers across south-east Asia (Harvey et al., 2002; Jung et al., 2012;
Mladenov et al., 2015). Although most studies have focused on understanding As behavior
in aquifer systems, some studies have examined As behavior near the groundwater-surface
water interfaces. Bone et al. (2006) was the first study to show that Fe oxides in the
subterranean estuary can act as natural reactive barrier limiting As fluxes from groundwater
into coastal waters. Following this study, Jung et al. (2009) combined field, laboratory and
numerical experiments to show that As has been accumulating on Fe oxides in the
subterranean estuary at their study site in Waquiot Bay, MA for a long period (thousands
of years).
In lake environments, studies have illustrated transient accumulation and release of As
to/from contaminated lake bed sediments and the overlying water column (Galloway et al.,
2018; Olszewska et al., 2017). Lake stratification (Barrett et al., 2019) and DOC
availability (Galloway et al., 2018) have been shown to be key controls on As release from
lake bed sediments. Recently, Lee et al. (2014) presented field data from a nearshore
aquifer on Lake Erie that indicated As enrichment in the nearshore aquifer due to Fe oxides
precipitating near the sediment-water interface. In Chapter 3, we illustrated how transient
physical forcing (varying wave conditions) may affect the function of this sediment trap in
this nearshore aquifer and potentially lead to episodic As release to coastal waters
(Rakhimbekova et al., 2018). These prior studies were not able to identify whether the As
accumulating in the nearshore aquifer was from a nearby contaminated brownfield site or
naturally occurring. Additionally, as these two studies were limited to a single field site, it
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remains unclear whether As enrichment in nearshore aquifers along freshwater shorelines
is pervasive and if similar sediment trap processes are widespread. If this phenomenon is
naturally occurring and widespread, it may have broad implications for the cycling of As
and other redox sensitive species in nearshore inland coastal environments. While As
sequestration to nearshore aquifer sediment may not pose an immediate risk to vulnerable
receptors, episodic or long-term As release may impair aquatic food chains and reach high
concentrations in top trophic level fish (e.g. trout (Erickson et al., 2019)) due to
bioaccumulation (e.g. increasing concentration from algae, to zooplankton, to forage (prey)
fish, to predator fish) (Goessler et al., 1997; Great Lakes Fishery Commission, 2014; Ye et
al., 2019). Arsenic release may also be harmful for sediment dwelling organisms (e.g.
endobenthic and benthic invertebrates) and for plant roots and fish eggs which may be
directly exposed to high As groundwater (Roy et al., 2019, 2018).
This study presents geochemical data for six nearshore aquifers around the Laurentine
Great Lakes to identify the presence and function of the sediment trap for the accumulation
and mobilization of As. By selecting study sites with different levels of potential exposure
to anthropogenic As sources (e.g., sites located nearby a brownfield contaminated site, in
an urban area, and along a more pristine shoreline), the dissolved phase and solid phase
data provide new insights into the pervasiveness of As in nearshore aquifers and potential
As sources. While the study focuses on As, the hydrogeochemical processes revealed,
including the function of the sediment trap, are relevant to understanding the fate of other
pH and redox-sensitive environmentally significant elements including phosphorus (P)
(Charette and Sholkovitz, 2002), mercury (Hg) (Ganguli et al., 2014) and other trace metals
(Mo, U, Cr, Cu, Zn and Pb) (Beck et al., 2008). With our field data illustrating widespread
accumulation of As in nearshore aquifers on the Great Lakes, the question arises regarding
whether changing conditions may trigger the mobilization and release of sequestered As to
nearshore waters. As such, this study also explores the potential influence that climate
change driven factors (e.g., varying lake water levels, increasing frequency of high wave
conditions, changes in organic carbon availability) may have on the functioning of the
sediment trap and potential release of trapped constituents, including As, to nearshore
waters. Exploring the potential conditions under which As and other reactive pollutants

119

may be mobilized is needed to inform future work examining the impacts of management
actions and the changing climate on coastal water quality.

4.2 Methodology
4.2.1 Field sites and methods
Multiple sampling campaigns were conducted at six study sites on the Great Lakes:
Ipperwash Beach (site 1), Port Stanley Little Beach (site 2), Port Stanley Main Beach (site
3), Marie Curtis Beach (site 4), Balm Beach (site 5) and Mountain View Beach (site 6)
(Figure 4.1). The study sites are all sandy beaches with different levels of potential
anthropogenic As exposure. Sites 1, 5 and 6 are non-urban beaches, Sites 2 and 3 are nonurban beaches but are located in proximity to a brownfield industrial site (Port Stanley
Harbor) (Lee, 2014), and Site 4 is an urban beach located in proximity to a brownfield site.
Groundwater and sediment analysis at the brownfield site near Sites 2 and 3 detected high
levels of As, Fe, Cr, Cu and Pb in dissolved and solid phases (CH2MHill, 2009). Site 4 is
located adjacent to a site that was used as a military and manufacturing facility during the
Second World War and afterwards, and known to have elevated concentrations of metals,
particularly lead with lesser amounts of metals including As (Toronto and Region
Conservation Authority, 2007). Further details on the study sites including characteristics
of each nearshore aquifer and details on timing of the sampling campaigns are provided in
Appendix B (Table B.1).

120

Figure 4.1 Location of the six study sites on the Great Lakes.

121

A shore-normal monitoring transect was installed at each site with the transect extending from the
landward extent of each beach (30-120 m landward of the shoreline) to approximately 20 m
offshore (Figure B.1). Pore water samples were collected using multi-level samplers (MLS)
(Gibbes et al., 2007) and drive point retract-a-tip piezometers (AMS Stainless steel piezometer
drive point, 5 cm length screen) (Charette et al., 2005). MLS were installed up to 3 m deep with
sampling ports located at 0.2 m depth intervals. Drive point piezometers were used to collect pore
water samples from depths > 3 m below the sediment surface and at sites with heterogeneous layers
of coarse sediment (sites 4 and 5). Sediment samples were collected at depths between 0.5 to 2 m
below the sediment surface during installation of MLS to characterize the solid phase chemistry at
all sites except site 4. Piezometers were installed along the monitoring transect to measure
groundwater and surface water levels and thus determine the overall hydraulic gradient at each
site. The location of monitoring equipment and sand levels were surveyed relative to a local
permanent benchmark (Topcon GTS-239W). For data illustration and to facilitate comparison
between field sites, the shoreline position at each site is set as x = 0 m, and z = 0 is the elevation
of the local permanent benchmark at each site.

4.2.2 Pore water sampling and analysis
Pore water samples were collected from all MLS sampling ports using syringes attached to the
PVC sampling tubes (ϕ=1.35 mm). Three samples were collected from each port for analysis of
nutrients and anions (60 mL), cations (60 mL), and DOC (40 mL). All samples were immediately
filtered (0.45 µm cellulose acetate filters) in the field and analyzed within 48 hours, except for
samples for cation analysis, which were filtered, acidified, and frozen until analysis. After all
samples were collected, physico-chemical parameters (pH, oxidation-reduction potential (ORP)
and electrical conductivity (EC)) were measured in a flow cell using a YSI 6600 V2 Sonde at sites
1, 2 and 3 (Appendix B, Figure B.2). ORP and EC were not measured during field campaigns at
sites 4, 5 and 6, and pH of collected pore water samples from these sites were measured in the lab
within 6 hours of sample collection.
Total As was analyzed using hydride generation atomic absorption spectroscopy (HG-AAS); Fe,
Mn, S, Ca and Al using Inductively-Coupled Plasma Mass Spectroscopy (ICP-OES); anions
(chloride (Cl) and sulfate (SO4)) using High Performance Liquid Chromatography (HPLC),
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nutrients (NO3, PO4) using Lachat 750 Flow Injection Analysis, and DOC using TOC (Total
Organic Carbon) Analyzer (Aurora 1030W). Duplicate samples were run every ten samples to
check for instrument drift (Figure B.3). For ICP-OES analysis a matrix spike was used every ten
samples to determine method recovery and effect of matrix interference. The total element solid
phase concentrations in the sediment samples were determined via total acid digestion using
method EPA 200.8 (U.S. EPA, 1994). Additional details of the field equipment, sample collection,
and chemical analyses are provided in Section B.2.

4.3 Results and Discussion
4.3.1 Widespread occurrence of arsenic in nearshore aquifers
Dissolved As concentrations were elevated in the nearshore aquifer at sites 2, 3 and 4 with
maximum concentrations up to 40, 55, 13 µg/L, respectively (Figure 4.2b-d; Figure 4.3). These
maximum concentrations exceed the Canadian water quality guidelines for the protection of
aquatic life (5 µg/L) (Canadian Council of Ministers of the Environment, 2001). The dissolved As
concentrations were lower at sites 1, 5 and 6 with maximum concentrations less than 3 µg/L
(Figure 4.2a,e,f; Figure 4.3). Dissolved As concentrations were consistent between the multiple
sampling events at each of the field sites, where the location of the monitoring transect may have
varied up to 5 m in the alongshore direction between sampling events (Figure 4.3).
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Figure 4.2 Distribution of dissolved As (µg/L) in the nearshore aquifer at (a) site 1, (b) site
2, (c) site 3, (d) site 4, (e) site 5, (f) site 6. The red-yellow shading and color bar indicate the
dissolved As concentration (in µg/L). Black circles represent solid phase As concentrations,
where the circle size is proportional to magnitude of solid phase As concentration (in µg/g).
Blue crosses indicate the pore water sampling locations, the black solid line represents the
sand elevation, and the blue solid line represents the measured water levels at each site.
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Figure 4.3 Boxplots comparing dissolved As, Fe, Mn, S, Ca, SO4, Fe2+, NO3, DOC
concentrations and ORP, and pH values at the six study sites for multiple sampling events:
site 1 (1-1, 1-2, 1-3), site 2 (2-1, 2-2, 2-3), site 3 (3-1, 3-2, 3-3), site 4 (4-1, 4-2), site 5 (5-1, 52), and site 6 (6-1, 6-2). Boxes show the interquartile data range, where the center of the
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box indicates the median and the bottom and top edges of the box indicate the upper and
lower quartiles. The whiskers indicate the extreme data points not considering outliers. The
outliers are indicated by red crosses.
Solid phase As in the nearshore aquifers at the six study sites ranged from 1.3-6.2 µg/g (except
site 4 where sediment sampling was not conducted; Figure 4.2). These solid phase concentrations
are within the range of Canadian sediment quality guidelines for the protection of aquatic life (5.9
µg/g) (Canadian Council of Ministers of the Environment, 1999). Importantly, elevated solid phase
As concentrations (> 5 µg/g) were observed at site 1 despite low dissolved As concentrations
observed across the nearshore aquifer at this site (Figure 4.2a). The solid phase As concentrations
at site 1 (max 6.2 µg/g and average 3.9 µg/g) were within the same ranges as at site 2 (max 4.3
µg/g and average 2.3 µg/g) and site 3 (max 4.8 µg/g and average 3.6 µg/g), where elevated
dissolved As concentrations were observed (Figure 4.2b,c). The total mass associated with the
solid and dissolved phases at each site was estimated by interpolating the measured values across
each nearshore aquifer. For all sites (except site 4 where no solid phase data is available), the
estimated As mass stored in the solid phase (maximum 64 g/m of shoreline at site 1) was at least
3 orders of magnitude larger than the As mass residing in the dissolved phase (maximum 0.03 g/m
of shoreline at site 2; Figure 4.4). Despite low dissolved As concentrations at site 1, the estimated
total As mass (stored in both dissolved and solid phase) in the nearshore aquifer at site 1 (64 g/m
of shoreline) was higher than the total As mass at site 2 (30 g/m of shoreline) and site 3 (18 g/m
of shoreline; Figure 4.4).
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Figure 4.4 Estimated mass of As associated with the a) dissolved and b) solid phases in the
nearshore aquifer per m of shoreline at the six study sites.
As enrichment in the nearshore aquifer at all sites (in the solid and/or dissolved phases) despite the
different levels of potential As anthropogenic exposure indicate that As enrichment in nearshore
aquifers in the Great Lakes may be pervasive and a natural phenomenon. The natural enrichment
of As in nearshore aquifers is also supported by the similar range of As concentrations observed
at our study sites relative to other field studies in marine and river environments where As was
thought to be naturally occurring (no anthropogenic source is reported)

61–63

(Table 4.1). In

contrast, considerably higher As concentrations have been reported at field sites where the As
occurrence is linked to a potential anthropogenic source (Table 4.1) 58,64,65.
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Table 4.1 Comparison of dissolved and solid phase As concentrations near the sediment-water interface in different settings.
As
(µg/L)
<0.1-55

As
(µg/g)
<0.16.2

Hydrologic setting

Location

Geochemical process
controlling As mobility
As accumulates on metal
oxides and may be released
under reducing conditions
As cycling linked to Fe and to
a lesser extent Mn redox
cycling
As accumulation on Fe oxides

Sample
depth
0-3 m

Known anthropogenic
influence
Naturally occurring

Study

Nearshore aquifer

Great Lakes

< 0.019.5

0.5-7.5

Coastal aquifer

Waquoit Bay,
USA

0-8 m

Naturally occurring

Bone et al.
(2006)

<0.01-15

0.050.5

Coastal aquifer

Waquoit Bay,
USA

0-8 m

Naturally occurring

Jung et al.
(2009)

NA

1.4-14

Coastal aquifer

Stuarts Point,
Australia

Source of As is weathering of
As-rich stibnite (Sb2S3)

0-30 m

Naturally occurring

O’Shea et al.
(2007)

40-400

2-40

Coastal acid sulfate
soils

Northern
Australia

0-1.5 m

Naturally occurring

Johnston et
al. (2010)

<0.0125

Sediments in a
coastal plain

New Jersey, USA

0-0.5 m

Naturally occurring

Barringer et
al (2011)

NA

0-200

Lake bed sediments

Lake Biwa, Japan

As release from sulfidic
sediments due to tidal
inundation
As release by reduction of
mineral phases (clays, oxides,
biotite)
As accumulation on Mn oxides
in thin surface layers

<0.01-80

0.01 m

Naturally occurring

Takamatsu et
al. (1985)

<1-20

NA

Seasonally stratified
lake

Lake Ngapouri,
New Zealand

As cycling linked to Fe, Mn, P
cycling

0-23 m

Naturally occurring

Hartland et
al. (2015)

NA

<0.5120

Beach sands and
nearshore sediments

Brazilian
coastline

0-30 cm

Naturally occurring

Mirlean et al.
(2013)

1001000

84-130

Streambed sediments

Cohas Brook,
Londonderry, NH

0-10 cm

Adjacent Landfill
Superfund site

MacKay et
al. (2013)

< 0.5

5-1330

Coastal sediment
along banks of
tidally influenced
river

Christina River,
USA

As accumulation due to
diagenesis of nearshore
sediments and calcareous
bioclast
Seasonal As and Fe
accumulation under high and
low flow conditions
As release by reductive
dissolution of Fe oxides

0-20 cm

Industrial activities
including leather tanning,
chemical production, and
ore processing

LeMonte et
al. (2017)

This study
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4.3.2 Factors controlling As near the groundwater-lake interface
4.3.2.1

Redox conditions

The difference in the geochemical conditions between the study sites may explain the different
partitioning of As between the dissolved and solid phases at the sites (Figure 4.3.; Figure 4.5). The
nearshore groundwater at site 1, with low dissolved As concentrations, was oxidizing (ORP > 0
mV). In contrast, the ORP was reducing at sites 2 and 3 (ORP < 0 mV), where high dissolved As
was observed (Figure 4.2.; Figure 4.5). There is significant correlation between dissolved As and
Fe (r=0.5-0.9, p-value< 0.005), and dissolved As and ORP (r=-0.6, p-value< 0.005) at sites 2 and
3, and Fe and ORP (r=-0.7, p-value< 0.005) at sites 1, 2 and 3 (Table 2.2), suggesting that the
accumulation and release of As in the nearshore aquifers may be linked to redox-driven Fe cycling.
This is consistent with Bone et al. (2006) and Jung et al. (2009), who showed the importance of
Fe cycling in controlling As mobility in marine coastal aquifers.
ORP was not measured at sites 4, 5 and 6, but dissolved Fe and Fe2+ concentrations together with
solid phase Fe concentrations provide insight into the redox conditions at these sites. Low
dissolved Fe and Fe2+ concentrations (max 4.3 mg/L and average < 1 mg/L) at sites 1, 5 and 6
(Figure 4.3; Appendix B Figures B.6, B.10, B.11) despite elevated solid phase Fe concentrations
(max 8.2 mg/g and average 3.2 mg/g) at these sites (Appendix B, Figure B.4), indicate Fe was
mainly present in solid phase at these sites possibly due to predominantly Fe oxidizing conditions
(formation of Fe oxide minerals). This inference is supported by ORP values > 0 mV across the
nearshore aquifer at site 1 (Figure 4.5b-1). In contrast, elevated dissolved Fe and Fe2+
concentrations at sites 2, 3 and 4 (max 36 mg/L and average 4.3 mg/L) (Figure 4.3; Appendix B,
Figures B7-B9) suggest Fe reducing conditions in these nearshore aquifers. This inference is
supported by ORP < 0 mg/L at sites 2 and 3 (Figure 4.5b-2, b-3).
The spatial distribution of dissolved As, dissolved Fe, and ORP at sites 1, 2 and 3 provide further
insight into redox controls on As accumulation and release in the nearshore aquifers (Figure 4.2ac, 4.5a,b). At site 2, infiltration and recirculation of oxidizing lake water through the predominantly
reducing aquifer creates a more oxic zone (ORP> 0 mV) at shallow depth near the shoreline (Figure
4.5b-2). It is possible that the oxidizing conditions in this zone promote precipitation of Fe oxides
and subsequent As adsorption (sediment trap formation). This is consistent with the low dissolved
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As concentrations in this zone (Figure 4.2b). In contrast, high dissolved As concentrations along
the redox transition zone below the shoreline and in the reducing groundwater zone at site 2, may
be associated with reductive dissolution of Fe oxides and associated release of As (Figure 4.2b,
4.5a-2, 4.5b-2; Appendix B). Reductive dissolution of Fe oxides (Appendix B, Table B2 R1) may
be coupled with decomposition of DOC (Appendix B, Table B2 R8) (Anawar et al., 2013), where
Fe is the electron acceptor. This is supported by the significant positive correlation between As
and DOC (r=0.6, p< 0.005), and Fe and DOC (r=0.9, p< 0.005) at site 2 (Table 2.2).
Oxidizing groundwater at shallow depth and more reducing groundwater at greater depth below
the shoreline can also be observed at site 3. The oxic zone set up by recirculating lake water is
considerably larger at site 3 compared to site 2. This may be because site 3 is a more exposed
beach that experiences higher wave activity and therefore the wave-induced infiltration zone and
size of the recirculation zone in the nearshore aquifer are greater (McLachlan et al., 2018). Similar
to site 2, elevated dissolved As at site 3 were observed at depth along the redox transition zone
below the shoreline (z = from -3.5 to -5 m) and offshore (x > 0 m) (Figure 4.2c). While ORP was
not measured offshore, high dissolved Fe concentrations here suggest that conditions were Fe
reducing (z = from -3.5 to -5 m) (Figure 4.5b-3). The presence of reducing conditions in the zones
with high dissolved As at site 3 is further supported by low NO3- and SO42- concentrations in these
zones (Appendix B, Figure B.8).
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Figure 4.5 Distribution of (a1-a3) dissolved Fe (mg/L)), (b1-b3) ORP, and (c1-c3) pH at site 1, site 2, and site 3. Colored
contours represent the concentration of dissolved Fe, ORP and pH with the color bars shown on the right-hand side. The
black circles in a1 – a3 indicate solid phase Fe concentration where the circle size represents the solid phase Fe concentration
(in mg/g). Blue crosses indicate the pore water sampling locations, the black solid line represents the sand elevation, and the
blue solid line represents the measured water levels at each site.
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Table 4.2 Pearson correlation (r) between dissolved As and Fe, Mn, S, Ca, DOC, ORP, and pH, and solid phase As and Fe, Mn
and S at the six study sites. p-values are shown in brackets next to each Pearson correlation value. Cells highlighted green have
a significant correlation between the two parameters. Cells with “NA” indicates that the parameter was not measured.
Pearson R (p-value) for dissolved phase concentrations
Study site

Site 1

Site 2

Site 3

Site 4

Site 5

Site 6

37

37

55

27

44

33

As and Fe

0.1 (p >0.005)

0.5 (p <0.005)

0.9 (p <0.005)

0.6 (p <0.005)

-0.1 (p >0.005)

0.1 (p >0.005)

As and Mn

-0.2 (p >0.005)

0.2 (p >0.005)

0.3 (p >0.005)

0.5 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

As and S

NA

0.4 (p =0.005)

-0.5 (p <0.005)

-0.7 (p <0.005)

0.2 (p >0.005)

-0.1 (p >0.005)

As and Ca

0.2 (p >0.005)

0.4 (p =0.005)

NA

0.1 (p >0.005)

-0.2 (p >0.005)

0.3 (p >0.005)

As and Al

NA

-0.3 (p >0.005)

NA

-0.2 (p >0.005)

-0.01 (p >0.005)

0.2 (p >0.005)

As and DOC

0.4 (p >0.005)

0.6 (p <0.005)

NA

0.3 (p >0.005)

-0.2 (p >0.005)

0.2 (p >0.005)

As and ORP

0.2 (p >0.005)

-0.6 (p <0.005)

-0.7 (p <0.005)

NA

NA

NA

As and pH

-0.3 (p >0.005)

-0.3(p >0.005)

0.2 (p >0.005)

-0.4 (p >0.005)

0.3 (p >0.005)

0.01 (p >0.005)

As and SO4

0.3 (p >0.005)

0.4 (p >0.005)

NA

-0.4 (p >0.005)

0.4 (p >0.005)

-0.2 (p >0.005)

As and PO4

0.2 (p >0.005)

0.01 (p >0.005)

NA

0.1 (p >0.005)

-0.1 (p >0.005)

-0.3 (p >0.005)

NA

0.9 (p <0.005)

-0.5 (p <0.005)

-0.7 (p <0.005)

0.01 (p >0.005)

-0.4 (p >0.005)

Fe and DOC

-0.2 (p >0.005)

0.9 (p <0.005)

NA

0.7 (p <0.005)

NA

-0.1 (p >0.005)

Fe and ORP

-0.7 (p <0.005)

-0.7 (p <0.005)

-0.7 (p <0.005)

NA

NA

NA

Fe and pH

0.2 (p >0.005)

-0.2 (p >0.005)

0.3 (p <0.005)

-0.7 (p <0.005)

-0.2 (p >0.005)

0.1 (p <0.005)

21

8

# of samples (n)

Fe and S

Pearson R (p-value) for solid phase concentrations
# of samples (n)

36

30

22

As vs Fe

0.2 (p >0.005)

0.2 (p >0.005)

0.9 (p <0.005)

0.3 (p >0.005)

0.4 (p >0.005)

As vs Mn

0.5 (p <0.005)

0.6 (p <0.005)

0.8 (p <0.005)

0.1 (p >0.005)

-0.1 (p >0.005)

As vs S

0.6 (p <0.005)

0.1 (p >0.005)

0.2 (p >0.005)

0.2 (p >0.005)

-0.5 (p >0.005)

As vs Ca

-0.3 (p >0.005)

0.6 (p <0.005)

0.1 (p >0.005)

0.2 (p >0.005)

As vs Al

0.8 (p <0.005)

0.6 (p <0.005)

0.3 (p >0.005)

-0.1 (p >0.005)

Fe vs S

0.4 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

-0.5 (p >0.005)

0.1 (p >0.005)

NA
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In contrast to sites 2 and 3, the nearshore aquifer at site 1 was oxidizing as the recirculating lake
water and discharging groundwater were oxic. As such, there was no redox transition zone
favorable for As release from the solid phase. Rather conditions in the nearshore aquifer at site 1,
including in the reaction zone near the sediment-water interface, favor Fe oxide formation, and if
available, the accumulation of As on them (sediment trap). This may explain the low dissolved
As and high solid phase As observed at site 1. Based on the inferred oxidizing conditions in the
nearshore aquifers at sites 4 and 5, it is possible that these nearshore aquifers also act as sediment
traps of As with limited release of As to the dissolved phase.

4.3.2.2

pH

Data indicate that compared with the redox condition, pH plays a secondary role in controlling As
mobility in the nearshore aquifers with the effect of pH being a function of other factors (e.g. redox
conditions, types of metal oxides, As speciation) (Ma et al., 2015). The influence of pH on As
cycling is complicated as pH influences two competing processes that control As mobility. An
increase in pH can i) cause As desorption (Goldberg, 2002) as the net charge on the Fe oxide
surface becomes negative at high pH (pH = 7.7 for goethite (Stumm and Morgan, 1996) and pH=8
for ferrihydrite (Dzombak and Morel, 1990), and ii) promote precipitation of Fe oxides (Spiteri et
al., 2006), thereby facilitating more As adsorption. These competing processes may explain that
lack of significant correlation between As and pH, and Fe and pH at all sites (except site 4 for Fe
and pH) (Table 2.2). Nevertheless, the potential impact of these two competing processes on As
mobilization may be evident at our sites.
For example, higher solid phase Fe and As concentrations lakeward of the shoreline at site 1, where
the pH is higher (average pH =7.4 lakeward vs average pH = 6.8 landward) compared to lower
concentrations landward of the shoreline, may be due to the higher pH in the oxidizing aquifer
promoting Fe oxide precipitation and subsequent As accumulation (Figure 4.2a, 4.5a-1, 4.5c-1).
This is consistent with numerical model simulations of a subterranean estuary, which showed that
under oxidizing conditions the rate of Fe oxide precipitation increased as the pH increased from
5.5 to 7.9 66. On the other hand, it is possible that higher pH in the reduced aquifer at site 3 (average
pH=7.8) may promote As desorption 67,68, leading to elevated dissolved As concentrations offshore
(Figure 4.2c, 4.5c-3). Although, pH values are not available offshore (in the zone of high dissolved
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As), higher pH values observed at the same depth landward suggest that this depth is under the
influence of deeper groundwater, which is reducing and higher in pH compared to the shallow
groundwater (Figure 4.5c-3).

4.3.2.3

Availability of Mn, Al, S and Ca

The chemical composition of the discharging groundwater and recirculating surface water
(availability of reactive constituents), and the aquifer sediment mineralogy also affect the
geochemical processes that govern As behavior. Although studies on As behavior near the
sediment-water interface often show strong coupling between As and Fe cycling (Bone et al., 2006;
Jung et al., 2009; Lemonte et al., 2017; Mackay et al., 2014), other elements (Mn, Al, S, Ca) may
also influence As behavior, particularly if their concentrations are of the same order of magnitude
as Fe. For example, significant positive correlation was observed between solid phase As and Mn
at sites 1-3 (r=0.5-0.8, p=<0.005) (Table 2.2). This suggests that Mn oxides may also trap (adsorb)
As below the sediment-water interface in nearshore aquifers. In Chapter 3 Section 3.3.3, data
analyses indicated that As may be accumulating on Mn oxides that form below the surface water
infiltration zone at site 2. It is possible that Mn oxides play a more important role in As behavior
in the nearshore aquifer (relative to Fe oxides) at shallower depth where conditions are more
oxidizing. More oxidizing conditions are more favorable for the presence of Mn oxides, as Mn
precedes Fe in the redox sequence (Borch et al., 2010). In addition, to Mn oxides, As may also
accumulate on Al oxides (Arai and Sparks, 2002; Jeong et al., 2007; Manning and Goldberg, 1996).
Significant correlation between solid phase As and Al at sites 1 and 2 (with average pH values 7.4
and 7.2, respectively, Figure 4.3), support prior findings that Al oxides may be as effective as Fe
oxides at pH below 7.5 in adsorbing arsenate, while Fe oxides are more effective at higher pH and
at adsorbing arsenite (Edwards, 1994).
There is also significant correlation between dissolved As and S at sites 3 and 4 and significant
correlation between dissolved Fe and S at sites 2, 3 and 4 (Table 2.2). This suggests that Fe sulfides
may be present in these nearshore aquifers and may either provide surface sites for As adsorption
(Farquhar et al., 2002; Jeong et al., 2010; Niazi and Burton, 2016) or act as a source of dissolved
Fe (Jeong et al., 2010; Lee et al., 2014). The role of S on As cycling is most evident at site 2, where
dissolved and solid phase S concentrations are considerably higher (up to 320 mg/L and 2.4 mg/g,
respectively) relative to the other sites (<40 mg/L and <1 mg/g, respectively). As described in

134

Chapter 3, where detailed analysis of field data from study site 2 was presented, elevated solid
phase Fe and S landward of shoreline together with reducing conditions indicate the presence of
Fe sulfide minerals at this site (Appendix B, Figure B.4). Fe sulfide minerals present landward in
the nearshore aquifer may act as a source of dissolved Fe that subsequently precipitates as Fe
oxides along the redox gradient set up close to the sediment-water interface. These Fe oxides act
as a sediment trap sequestering As and limiting its release to the lake.
Carbonate minerals can also be important for As cycling (Dietrich et al., 2016; Sø et al., 2008).
Mirlean et al. (Mirlean et al., 2013, 2011) observed positive correlation (r=0.5) between As and
Ca in beach sands and nearshore sediments with this relationship attributed to As accumulation on
calcareous bioclast (algae). Nearshore aquifers along the Great Lakes are predominantly carbonate
aquifers (Grannemann et al., 2000) and high dissolved and solid phase Ca (up to 183 mg/L and
180 mg/g) were observed at our study sites. There is significant correlation between solid phase
As and Ca only at site 2 (r= 0.6, p<0.005) (Table 2.2). Other sites have poor correlation between
solid phase As and Ca, even though the range of solid phase Fe (up to 8 mg/g) and Ca (up to 180
mg/g) (Appendix B Figure B4, B5) were in the same range observed by Mirlean et al. (2013) (up
to 5 mg/g for Fe and up to 200 mg/g for Ca).
The observed correlation between As and other reactive constituents is consistent with previous
laboratory (Jeong et al., 2007; Kameda et al., 2014), modelling (Couture et al., 2010; Manning and
Goldberg, 1996) and field (Hartland et al., 2015; O’Day et al., 2004; Takamatsu et al., 1985)
studies, where Mn, Al and S may be important for As cycling, however, their role is often limited
due to the relatively low concentrations in dissolved and solid phases compared to Fe
concentrations (Figure 4.3; Appendix B, Figure B.4, B5). For example, solid phase Fe
concentrations are much higher (> 5 mg/g) at all study sites compared to Mn (< 1 mg/g), S (<3
mg/g) and Al (< 3 mg/g) concentrations (Appendix B, Figures B4 and B5).

4.3.3 Potential source of As
The natural occurrence of As in groundwater is typically thought to be associated with As-rich
sediments (e.g. metal oxides or sulfide minerals) (Bone et al., 2006; Johnston et al., 2010; O’Shea
et al., 2007) (Table 4.1). Most studies, however, focus on the As accumulation-release processes
rather than in identification of the source of As (Bone et al., 2006; O’Day et al., 2004). At our
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study sites there are two possible sources that may lead to As enrichment in the nearshore aquifer:
lake water or the discharging groundwater (Appendix B, Figure B.12). Surface water dissolved As
concentrations ranged from 0.2 to 0.4 µg/L at our study sites informing about the trace
concentrations of As in the Great Lakes. It is therefore possible that the continuous recirculation
of lake water across the sediment-water interface leads to the accumulation of As on Fe oxides that
form close to this interface. Alternatively, based on our field data landward groundwater contains
up to 1.8 µg/L of As, which may accumulate on Fe oxides that form below the sediment-water
interface. Our data indicate that lake water may be the ultimate source of As because As tends to
accumulate in the solid phase close to the sediment-water interface, rather than on metal oxides or
sulfide minerals that are present further inland. For example, solid phase As concentrations at site
1 (Figure 4.2a) are only elevated near the shoreline and offshore although oxidizing conditions
(Figure 4.5b-1) and Fe oxides may be present further landward (Figure 4.5a-1). Further, dissolved
As concentrations at site 2 are low (< 1.8 µg/L) in the landward groundwater despite reducing
conditions (Figure 4.5b-2) and elevated dissolved Fe and SO42- concentrations (Figure 4.5a-2,
Figure B.7) indicating that conditions are favorable for dissolution of Fe oxides and sulfide
minerals which are common As scavengers (Figure 4.3b-2). A similar process whereby As was
scavenged from the lake water column by Fe and Al oxides in lake bed sediments was observed in
Little Lake Jackson, FL (Whitmore et al., 2008). The widespread enrichment of As in nearshore
aquifers observed in this study also support lake water being the source of As because availability
of As in groundwater is expected to be regionally heterogeneous as it depends on the sediments in
the connected aquifer systems. However, it is important to note that regardless of the As source,
our data show that As enrichment is pervasive in nearshore aquifers along the Great Lakes whereby
this As may be mobilized and potentially discharge to lake waters under specific redox and pH
conditions.

4.3.4 Potential effect of hydrological and geochemical changes on As
sediment trap
This section explores how different climate change induced scenarios may affect the sediment trap
mechanism in nearshore aquifers and the potential release of As to nearshore waters of the Great
Lakes. The different scenarios explored are not exhaustive, but were selected as they are supported
by predictions in the literature (Beck et al., 2017; Lemonte et al., 2017; Trainer et al., 2019) and
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may have a potential impact on the sediment trap mechanism. For conceptualizing the influence
of potential scenarios on As accumulation and release in the nearshore aquifer, the sediment trap
is defined as the area of high solid phase As concentrations, where As has accumulated over time.
The As accumulation zone refers to only the “active” zone of the sediment trap, where As is
accumulating under the current prevailing conditions. This zone is generally close to the current
shoreline position and associated with the reaction zone, where groundwater and recirculating
surface water mix. Finally, the As release zone refers to the zone where accumulated solid phase
As is being “actively” released under the prevailing conditions. Based on our field data, two types
of generalized aquifer conditions are considered in exploring the potential future scenarios (Figure
4.6). Type I is an oxidized aquifer, where a sediment trap, associated with elevated As solid phase
concentrations, exists below the sediment-water interface beneath the shoreline and offshore. Here,
the active zone of As accumulation is near the shoreline, where surface water infiltration, which
delivers As to the aquifer, is highest (Lee et al., 2014). Observations from site 1 were used to
conceptualize the hydrogeochemical processes that may occur in a Type I aquifer. Type II is a
reduced aquifer, where the sediment trap is limited to the active As accumulation zone near the
shoreline, where infiltrating oxidizing surface water delivers trace concentrations of As to the
aquifer and Fe oxides precipitate. Dissolved As concentrations are elevated in the redox transition
zone below the shoreline and offshore due to reductive dissolution of Fe oxides and release of
adsorbed As. This leads to low As solid phase concentrations in this zone. Findings from sites 2
and 3 were used to conceptualize the hydrogeochemical processes that may occur in a Type II
aquifer. While it is recognized that the processes that govern As accumulation and release in
nearshore aquifers are highly complex, for simplicity we consider here that Fe oxides are the
dominant sediment phase that trap As. This assumption is based on our field data analysis
described above that indicates that 1) As behavior is tightly coupled to Fe cycling, which is
influenced by the redox conditions in the nearshore aquifer, and 2) comparatively low dissolved
Mn, Al, and S compared with Fe concentrations observed at five of the six nearshore aquifers
characterized in this study (Appendix B, Figure B.4, B5).
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Table 4.3 Conceptualization of the effect of long- and short-term hydrological and geochemical changes on the sediment trap
and As mobilization in nearshore aquifers.

Time
scale

Main driver

Prediction

Increase
Longterm

Lake water
levels

Decrease

pH
Decrease

Episodic

Increase in
temperature
Waves

Increase
Episodic high
wave
conditions

DOC in lake
water

Increase

Potential processes and their impact on As mobility
Type I (Oxidized aquifer)
Type II (Reduced aquifer)
• As accumulation zone shifts to near new shoreline
• As accumulation zone shifts to near new
position where infiltration is highest
shoreline position where infiltration is highest
• Size of sediment trap increases with solid phase As
• New As release zone shifts to where
remaining trapped in former As accumulation zone
groundwater and surface water mix
• Negligible release of As from solid phase
• As is released from former As accumulation
zone and zone with high dissolved As
increases
• As accumulation zone shifts to near new shoreline
• As accumulation zone shifts to near new
position
shoreline position where infiltration is highest
• Former As accumulation zone with high solid
• As release zone shifts to where groundwater
phase As resides in unsaturated zone
and surface water mix
• Size of As sediment trap remains the same
• Size of As sediment trap increases as former
As accumulation zone with high solid phase
As resides in unsaturated zone
• Promotes sorption of As on metal oxides
• Metal oxides less stable
• Greater reactivity (faster kinetics) in the reaction zone meaning chemical changes induced by episodic
perturbations may be greater (e.g., high wave conditions or increased DOC input)
• More As is accumulated and As accumulation zone
• As accumulation zone expands due to stronger
expands due to stronger surface water recirculations
surface water recirculations
• Size of As sediment trap increases
• Former As accumulation and As release zones
become part of expanded As accumulation
• Negligible release of As from solid phase
zone
• As release occurs in the redox transition zone
• Net-reducing surface water leads to reducing
• Net reducing surface water leads to reducing
conditions in the recirculation zone
conditions in the recirculation zone
• Episodic As release from former As accumulation
• Episodic As release from former As
zone and deeper sediment trap due to reductive
accumulation zone due to reductive
dissolution of Fe oxide and competitive desorption
dissolution of Fe-oxide and competitive
(PO4, HCO3 due to DOC decomposition)
desorption (PO4, HCO3 due to DOC
decomposition)
• Formation of As-Fe-DOC complexes
• Formation of As-Fe-DOC complexes
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Figure 4.6 Conceptual diagram illustrating potential changes to the As sediment trap,
and active accumulation and release zones under different scenarios with net
oxidizing lake water as the main source of As and labile DOC to the nearshore
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aquifer, and Fe oxides as the main As adsorbent. To distinguish the different
processes considered in e-1 and e-2, As in black color represents As release due to
reductive dissolution of Fe oxides, As in red color represents As release due to
competitive sorption with DOC, and As in white color represents formation of As-FeOC complexes (e.g. As-Fe humic complex).

4.3.4.1

Long-term hydrological and geochemical changes

The Great Lakes experience interannual water level changes that are greater in magnitude
than any annual water level variations in marine coastal waters (average interannual
variability of 2 m on Lake Michigan-Huron) (Gronewold et al., 2013). In recent years,
water levels in Great Lakes varied from record low levels in 2013 (Gronewold and Stow,
2014) (e.g. 175.57 m in Lake Michigan-Huron) to record high levels in 2017 and 2018
(75.88 m and 75.85 m in Lake Ontario) (Gronewold and Rood, 2019). Based on historical
lake water level data and uncertainty in model predictions (Angel and Kunkel, 2010;
Gronewold et al., 2013; Lofgren et al., 2002), it is expected that interannual lake level
variations may increase in the future with higher and lower lake levels expected compared
to the historical record (Gronewold and Rood, 2019). Interannual lake water level changes
will shift the location of the mean shoreline and therefore the zone where infiltration
dominates. This is expected to shift the location of the reaction zone (Spiteri et al., 2008)
and therefore the zone of active As accumulation. The impact of these changes on As
mobility is described in Table 4.2 and depends on the redox conditions in the aquifer. For
Type 1 aquifers, as the aquifer will remain oxic despite the shift in the position of the
shoreline (due to increase or decrease in lake water levels), conditions will not be favorable
for As release from the sediment trap (Figure 4.4b-1, 4.4c-1). Further, As will continue to
accumulate close to the new shoreline position where the mixing of recirculating water
with discharging groundwater leads to Fe oxide precipitation. For Type II aquifers, an
increase in lake water levels will establish reducing conditions in the former oxic zone of
As accumulation, leading to As release from this zone (Figure 4.4 b-2). In addition, As may
accumulate near the new shoreline position further landward where the surface water
infiltration establishes oxidizing conditions and facilitates formation of Fe oxides. It is
hypothesized that the release of As may initially be more rapid than As accumulation as
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the rate of accumulation is limited by the delivery of As into the nearshore aquifer. This
may result in an initial episodic release of As to the lake as the lake water level shifts, but
overtime the net release rate may become negligible as the rate of release decreases. A
decrease in lake water levels for Type II aquifers will shift the shoreline and the
accumulation and release zones lakeward (Figure 4.4 c-2). With decreasing lake water
levels, the former As accumulation zone will reside in the unsaturated zone for both types
of aquifers. Although it will be exposed to more oxidizing conditions in the unsaturated
zone (high O2) suggesting As will remained trapped, the fate of As will be influenced by
other transient factors (e.g. precipitation, higher waves conditions, and DOC input). For
example, it is possible that the geochemical conditions in the unsaturated zone may become
more acidic pH due to decreasing pH of precipitation. This may in turn destabilize Fe
oxides and release As from the sediment trap (Goldberg, 2002).
Other long-term factors including intensification of shoreline development and coastal
erosion, increasing temperature, and change in coastal land use may also alter the
hydrogeochemistry in a nearshore aquifer and thus the function of the sediment trap in
accumulating and releasing As. For instance, climate models predict the air temperature
in the Great Lakes region to increase by 3-7℃ in winter and 3-11℃ in summer by 2100
(Kling et al., 2003). This will result in warmer lake surface waters and groundwater, which
may increase reactivity (kinetics) in the reaction zone and amplify the potential impact of
episodic perturbations such as intensified waves or seasonal DOC input, which are
described in the following section (Table 4.3).

4.3.4.2

Short-term hydrological and geochemical perturbations

The frequency and magnitude of high wave conditions on the Great Lakes is expected to
increase due to the decrease in a seasonal ice cover, which serves to reduce open water
fetch and limit wave action (Wuebbles et al., 2019). Additionally, the frequency of high
wave conditions in the Great Lakes is expected to increase in response to predicted increase
in the frequency of high wind conditions. For instance, Cheng et al. (Cheng et al., 2012)
predicted an increase in the frequencies of hourly/daily wind gusts of speed 28-70 km/h by
10-40% by 2100. High wave conditions cause greater infiltration of lake water into the
nearshore aquifer and more intense mixing between the lake water and groundwater in the
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reaction zone. As such, as described in detail in Chapter 3, high wave conditions may
influence As mobility in a nearshore aquifer (Lee et al., 2014). The As accumulation zone
is expected to temporarily get wider and deeper in response to high wave conditions in both
types of aquifers due to an increase in the surface water recirculation zone and mixing zone
where Fe oxides form (Table 4.2, Figure 4.5d-1, 5-2d). The importance of the width of the
mixing zone on nutrient cycling has previously been illustrated in marine nearshore
aquifers (Heiss et al., 2017; Kim et al., 2017). In addition to changes close to the As
accumulation zone, it was shown in Chapter 3 that the redox transition zone deeper in the
aquifer may shift due to deeper surface water recirculations. As release is expected to occur
in the new redox transition zone.
An increase in seasonal (summer) DOC surface water concentrations may occur in the
Great Lakes due to increase in air temperatures and increase in primary productivity
(McCullough et al., 2018). In addition, terrestrial DOC inputs to the Great Lakes may
increase due to higher and more frequent precipitation events during summer months
(McCullough et al., 2018; Oni et al., 2012). In Great Lakes, seasonal variability in DOC
concentrations have been observed in Lake Erie (Cory et al., 2016; Hipsher et al., 2020)
and Lake Superior (Minor et al., 2019). In Lake Erie, DOC increase in summer months is
mainly due to increase in primary productivity (i.e. carbon fixation) particularly associated
with high algal growth with DOC being released by bacterial metabolic activities (Hipsher
et al., 2020). Kawasaki et al. (2013) found that cyanobacteria may contribute up to 30-50%
of total DOC concentration in a eutrophic lake in Japan. Importantly, seasonal increases in
lake water DOC may lead to As release to the dissolved phase in both types of aquifers
(Figure 5e-1, e-2). Higher availability and reactivity of DOC may influence As mobility
by changing the redox conditions, competitive sorption, and complexation reactions (Bauer
and Blodau, 2006; Mladenov et al., 2015, 2010; Palmer et al., 2006). For instance, increase
in DOC may cause the infiltrating lake water to become net-reducing. This could lead to
Fe-reducing conditions in the infiltration zone (former accumulation zone) leading to Fe
oxide reductive dissolution and As release. Similar process where DOC was coupled with
redox-driven Fe cycling, leading to As release, was observed at site 2. In addition to the
possibility of establishing more reducing conditions in the infiltration zone, a number of
studies have also shown that increased DOC availability can lead to competitive desorption
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of As from Fe oxides (Appelo et al., 2002; Bauer and Blodau, 2006; Wang and Mulligan,
2006) as well as a change in As redox speciation (i.e. reduction of AsO43- to AsO33-)
(Palmer et al., 2006) resulting in more mobile and toxic form of As in groundwater
(Smedley and Kinniburgh, 2002). Further, elevated DOC may promote formation of
complexes between humic substances, Fe and As. These complexes have colloidal
structure and thus may affect dissolved As concentrations (Liu et al., 2011; Mladenov et
al., 2015; Sharma et al., 2010).

4.4 Conclusions
This study suggests that As enrichment in permeable nearshore aquifers along the Great
Lakes is pervasive and is a natural process associated with As accumulation on metal
oxides, mostly Fe oxides, that precipitate near the groundwater-lake interface. Data
indicate that trace amounts of As in lake water may be the source of As to the nearshore
aquifer, and therefore As enrichment may prevail in nearshore aquifers around the Great
Lakes where metal oxides precipitate near the groundwater-lake interface. The mobility of
As in the nearshore aquifer depends on the redox conditions (presence of a reducing-oxic
redox transition) and to a less extent the pH conditions. These conditions control Fe cycling
in the nearshore aquifer and the functioning of the As sediment trap mechanism. In most
cases, arsenic trapped on mineral phases within the nearshore aquifer does not pose a direct
risk to the environment. As such, potential future scenarios that may affect the sediment
trap mechanism and trigger As mobilization in the nearshore aquifer and its potential
release to surface water were explored. For oxic nearshore aquifers (Type I), the only
scenario explored that is expected to lead to release of As from the sediment trap is
increasing seasonal DOC concentrations. For reduced nearshore aquifers (Type II), all
scenarios explored are expected to shift the location of the As accumulation and release
zone, but mainly increasing seasonal DOC concentrations will lead to a net release of As
from the nearshore aquifer sediment. Future work should focus on incorporating above
mentioned hydrological and geochemical changes in a reactive transport model to
understand combined role of these interplaying factors on the function of the sediment trap
in nearshore aquifers and the associated mobility of As and other reactive species. Different
scenarios should be studied to identify what climate-induced hydrological or geochemical
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changes pose the greatest threat to the release of reactive chemicals of environmentalconcern from the sediment trap that exist along sandy freshwater shorelines.

145

4.5 References
Adams, J.P., Kirst, R., Kearns, L.E., Krekeler, M.P.S., 2009. Mn-oxides and sequestration
of heavy metals in a suburban catchment basin of the Chesapeake Bay watershed.
Environ. Geol. 58, 1269–1280. https://doi.org/10.1007/s00254-008-1628-y
Anawar, H.M., Tareq, S.M., Ahmed, G., 2013. Is organic matter a source or redox driver
or both for arsenic release in groundwater? Phys. Chem. Earth 58–60, 49–56.
https://doi.org/10.1016/j.pce.2013.04.009
Angel, J.R., Kunkel, K.E., 2010. The response of Great Lakes water levels to future climate
scenarios with an emphasis on Lake Michigan-Huron. J. Great Lakes Res. 36, 51–
58. https://doi.org/10.1016/j.jglr.2009.09.006
Appelo, C.A.J., Van Der Weiden, M.J.J., Tournassat, C., Charlet, L., 2002. Surface
complexation of ferrous iron and carbonate on ferrihydrite and the mobilization of
arsenic. Environ. Sci. Technol. 36, 3096–3103. https://doi.org/10.1021/es010130n
Arai, Y., Sparks, D.L., 2002. Residence time effects on arsenate surface speciation at the
alluminum

oxide-water

interface.

Soil

Sci.

167,

141–239.

https://doi.org/10.1090/mbk/077/02
Ayotte, J.D., Belaval, M., Olson, S.A., Burow, K.R., Flanagan, S.M., Hinkle, S.R.,
Lindsey, B.D., 2015. Factors affecting temporal variability of arsenic in
groundwater used for drinking water supply in the United States. Sci. Total Environ.
505, 1370–1379. https://doi.org/10.1016/j.scitotenv.2014.02.057
Barrett, P.M., Hull, E.A., Burkart, K., Hargrave, O., McLean, J., Taylor, V.F., Jackson,
B.P., Gawel, J.E., Neumann, R.B., 2019. Contrasting arsenic cycling in strongly
and weakly stratified contaminated lakes: Evidence for temperature control on
sediment–water

arsenic

fluxes.

https://doi.org/10.1002/lno.11119

Limnol.

Oceanogr.

64,

1333–1346.

146

Barringer, J.L., Szabo, Z., Wilson, T.P., Bonin, J.L., Kratzer, T., Cenno, K., Romagna, T.,
Alebus, M., Hirst, B., 2011. Distribution and seasonal dynamics of arsenic in a
shallow lake in northwestern New Jersey, USA. Environ. Geochem. Health 33, 1–
22. https://doi.org/10.1007/s10653-010-9289-7
Bauer, M., Blodau, C., 2006. Mobilization of arsenic by dissolved organic matter from iron
oxides,

soils

and

sediments.

Sci.

Total

Environ.

354,

179–190.

https://doi.org/10.1016/j.scitotenv.2005.01.027
Beck, A.J., Cochran, J.K., Sañudo-Wilhelmy, S.A., 2010. The distribution and speciation
of dissolved trace metals in a shallow subterranean estuary. Mar. Chem. 121, 145–
156. https://doi.org/10.1016/j.marchem.2010.04.003
Beck, M., Dellwig, O., Schnetger, B., Brumsack, H.J., 2008. Cycling of trace metals (Mn,
Fe, Mo, U, V, Cr) in deep pore waters of intertidal flat sediments. Geochim.
Cosmochim. Acta 72, 2822–2840. https://doi.org/10.1016/j.gca.2008.04.013
Beck, M., Reckhardt, A., Amelsberg, J., Bartholomä, A., Brumsack, H.J., Cypionka, H.,
Dittmar, T., Engelen, B., Greskowiak, J., Hillebrand, H., Holtappels, M., Neuholz,
R., Köster, J., Kuypers, M.M.M., Massmann, G., Meier, D., Niggemann, J.,
Paffrath, R., Pahnke, K., Rovo, S., Striebel, M., Vandieken, V., Wehrmann, A.,
Zielinski, O., 2017. The drivers of biogeochemistry in beach ecosystems: A crossshore transect from the dunes to the low-water line. Mar. Chem. 190, 35–50.
https://doi.org/10.1016/j.marchem.2017.01.001
Bone, S.E., Charette, M.A., Gonneea, M.., 2006. Geochemical cycling of arsenic in a
coastal aquifer. Environ. Sci. Technol. 3273–3278.
Borch, T., Kretzschmar, R., Skappler, A., Van Cappellen, P., Ginder-Vogel, M., Voegelin,
A., Campbell, K., 2010. Biogeochemical redox processes and their impact on
contaminant

dynamics.

Environ.

https://doi.org/10.1021/es9026248

Sci.

Technol.

44,

15–23.

147

Canadian Council of Ministers of the Environment, 1999. Canadian Sediment Quality
Guidelines for the Protection of Aquatic Life, Arsenic. Can. Environ. Qual.
Guidel. 5.
Canadian Council of Ministers of the Environment. 2001. Canadian Water Quality
Guidelines for the Protection of Aquatic Life, Arsenic
CH2MHILL, 2009. CH2MHILL Phase II Environmental Site Assessment. CH2MHILL.
Meridian, CO
Chang, J., Tani, Y., Naitou, H., Miyata, N., Tojo, F., Seyama, H., 2014. Zn (II)
sequestration by fungal biogenic manganese oxide through enzymatic and abiotic
processes.

Chem.

Geol.

383,

155–163.

https://doi.org/10.1016/j.chemgeo.2014.06.002
Charette, M.A., Sholkovitz, E.R., 2002. Oxidative precipitation of groundwater-derived
ferrous iron in the subterranean estuary of a coastal bay. Geophys. Res. Lett. 29, 851-85–4. https://doi.org/10.1029/2001gl014512
Charette, M.A., Sholkovitz, E.R., Hansel, C.M., 2005. Trace element cycling in a
subterranean estuary: Part 1. Geochemistry of the permeable sediments. Geochim.
Cosmochim. Acta 69, 2095–2109. https://doi.org/10.1016/j.gca.2004.10.024
Charette, M.A., Sholkovitz, E.R., 2006. Trace element cycling in a subterranean estuary:
Part 2. Geochemistry of the pore water. Geochim. Cosmochim. Acta 70, 811–826.
https://doi.org/10.1016/j.gca.2005.10.019
Cheng, C.S., Li, G., Li, Q., Auld, H., Fu, C., 2012. Possible impacts of climate change on
wind gusts under downscaled future climate conditions over Ontario, Canada. J.
Clim. 25, 3390–3408. https://doi.org/10.1175/JCLI-D-11-00198.1
Conant, B., Robinson, C.E., Hinton, M.J., Russell, H.A.J., 2019. A framework for
conceptualizing groundwater-surface water interactions and identifying potential
impacts on water quality, water quantity, and ecosystems. J. Hydrol. 574, 609–627.
https://doi.org/10.1016/j.jhydrol.2019.04.050

148

Cory, R.M., Davis, T.W., Dick, G.J., Johengen, T., Denef, V.J., Berry, M.A., Page, S.E.,
Watson, S.B., Yuhas, K., Kling, G.W., 2016. Seasonal dynamics in dissolved
organic matter, hydrogen peroxide, and cyanobacterial blooms in Lake Erie. Front.
Mar. Sci. 3, 1–17. https://doi.org/10.3389/fmars.2016.00054
Couture, R.M., Gobeil, C., Tessier, A., 2010. Arsenic, iron and sulfur co-diagenesis in lake
sediments.

Geochim.

Cosmochim.

Acta

74,

1238–1255.

https://doi.org/10.1016/j.gca.2009.11.028
Dietrich, S., Bea, S.A., Weinzettel, P., Torres, E., Ayora, C., 2016. Occurrence and
distribution of arsenic in the sediments of a carbonate-rich unsaturated zone.
Environ. Earth Sci. 75, 1–14. https://doi.org/10.1007/s12665-015-4892-7
Dzombak, D.A., Morel, F.M.M., 1990. Surface complexation modeling: hydrous ferric
oxide, Surface Complexation Modeling: Gibbsite. John Wiley& Sons, New York.
https://doi.org/10.1002/9780470642665
Edwards, M., 1994. Chemistry of arsenic removal during coagulation and Fe-Mn
oxidation. J. Am. Water Wroks Assoc. 90, 103–113.
Erickson, R.J., Mount, D.R., Highland, T.L., Hockett, J.R., Jenson, C.T., Lahren, T.J.,
2019. The relative importance of waterborne and dietborne As exposure on survival
and growth of juvenile fathead minnows. Aquat. Toxicol. 211, 18–28.
https://doi.org/10.1016/j.aquatox.2019.03.008
Farquhar, M.L., Charnock, J.M., Livens, F.R., Vaughan, D.J., 2002. Mechanisms of arsenic
uptake from aqueous solution by interaction with goethite, lepidocrocite,
mackinawite, and pyrite: An X-ray absorption spectroscopy study. Environ. Sci.
Technol. 36, 1757–1762. https://doi.org/10.1021/es010216g
Fendorf, S., Michael, H.A., van Geen, A., 2010. Spatial and Temporal Variations of
Groundwater Arsenic in South and Southeast Asia. Science 328, 1123–1127.
https://doi.org/10.1126/science.1172974

149

Ferguson, G., Gleeson, T., 2012. Vulnerability of coastal aquifers to groundwater use and
climate

change.

Nat.

Clim.

Chang.

2,

342–345.

https://doi.org/10.1038/nclimate1413
Ford, R., 2005. The impact of groundwater-surface water interactions on contaminant
transport with application to an arsenic contaminated site. U.S. EPA Washington,
DC, EPA/600/S-05/002, 2005.
Galloway, J.M., Swindles, G.T., Jamieson, H.E., Palmer, M., Parsons, M.B., Sanei, H.,
Macumber, A.L., Timothy Patterson, R., Falck, H., 2018. Organic matter control
on the distribution of arsenic in lake sediments impacted by ~ 65 years of gold ore
processing in subarctic Canada. Sci. Total Environ. 622–623, 1668–1679.
https://doi.org/10.1016/j.scitotenv.2017.10.048
Ganguli, P.M., Swarzenski, P.W., Dulaiova, H., Glenn, C.R., Flegal, A.R., 2014. Mercury
dynamics in a coastal aquifer: Maunalua Bay, O’ahu, Hawai’i. Estuar. Coast. Shelf
Sci. 140, 52–65. https://doi.org/10.1016/j.ecss.2014.01.012
Gibbes, B., Robinson, C., Li, L., Lockington, D., 2007. Measurement of hydrodynamics
and pore water chemistry in intertidal groundwater systems. J. Coast. Res. 2007,
884–894.
Goessler, W., Maher, W., Irgolic, K.J., Kuehnelt, D., Schlagenhaufen, C., Kaise, T., 1997.
Arsenic compounds in a marine food chain. Fresenius. J. Anal. Chem. 359, 434–
437. https://doi.org/10.1007/s002160050605
Goldberg, S., 2002. Competitive adsorption of arsenate and arsenite on oxides and clay
minerals. Soil Sci. Soc. Am. J. 66, 413. https://doi.org/10.2136/sssaj2002.0413
Grannemann, N.G., Hunt, R.J., Nicholas, J.R., Reilly, T.E., Winter, T.C., 2000. The
importance of groundwater in the Great Lakes Region. Water Resources
Investigations Report. U.S. Geological Survey. Lancing, MI.
Great Lakes Fishery Commission, 2014. The Great Lakes fishery. Great Lakes Fishery
Commission. Ann Arbor, MI.

150

Gronewold, A.D., Fortin, V., Lofgren, B., Clites, A., Stow, C.A., Quinn, F., 2013. Coasts,
water levels, and climate change: A Great Lakes perspective. Clim. Change 120,
697–711. https://doi.org/10.1007/s10584-013-0840-2
Gronewold, A.D., Stow, C.A., 2014. Water loss from the great lakes. Science 343, 1084–
1085. https://doi.org/10.1126/science.1249978
Gronewold, A.D., Rood, R.B., 2019. Recent water level changes across Earth’s largest lake
system and implications for future variability. J. Great Lakes Res. 45, 1–3.
https://doi.org/10.1016/j.jglr.2018.10.012
Hartland, A., B, Andersen, M., Hamilton, D.P., 2015. Phosphorus and arsenic distributions
in a seasonally stratified, iron- and manganese-rich lake : microbiological and
geochemical controls. Environ. Chem. 12, 708–722.
Harvey, C.F., Swartz, C.H., Badruzzaman, A.B.M., Keon-blute, N., Yu, W., Ali, M.A.,
Jay, J., Beckle, R., Niedan, V., Brabander, D., Oates, P.M., Ashfaque, K.N., Islam,
S., Hemond, H.F., Ahmed, M.F., 2002. Arsenic mobility and groundwater
extraction in Bangladesh. Science 298, 1602–1607.
Heiss, J.W., Post, V.E.A., Laattoe, T., Russoniello, C.J., Michael, H.A., 2017. Physical
controls on biogeochemical processes in intertidal zones of beach aquifers. Water
Resour. Res. 53, 9225–9244. https://doi.org/10.1002/2017WR021110
Hipsher, C., Barker, J., MacKay, A., 2020. Impact of bloom events on dissolved organic
matter fluorophore signatures in Ohio waters. Sci. Total Environ. 699, 134003.
https://doi.org/10.1016/j.scitotenv.2019.134003
Jeong, H.Y., Han, Y.S., Park, S.W., Hayes, K.F., 2010. Aerobic oxidation of mackinawite
(FeS) and its environmental implication for arsenic mobilization. Geochim.
Cosmochim. Acta 74, 3182–3198. https://doi.org/10.1016/j.gca.2010.03.012
Jeong, Y., Maohong, F., Van Leeuwen, J., Belczyk, J.F., 2007. Effect of competing solutes
on arsenic (V) adsorption using iron and aluminum oxides. J. Environ. Sci. 19, 910–
919. https://doi.org/10.1016/S1001-0742(07)60151-X

151

Johnston, S.G., Keene, A.F., Burton, E.D., Bush, R.T., Sullivan, L.A., Mcelnea, A.E.,
Ahern, C.R., Smith, C.D., Powell, B., Hocking, R.K., 2010. Arsenic mobilization
in a seawater inundated acid sulfate soil. Environ. Sci. Technol. 44, 1968–1973.
https://doi.org/10.1021/es903114z
Jonathan, M.P., Roy, P.D., Thangadurai, N., Srinivasalu, S., Rodríguez-Espinosa, P.F.,
Sarkar, S.K., Lakshumanan, C., Navarrete-López, M., Muñoz-Sevilla, N.P., 2011.
Metal concentrations in water and sediments from tourist beaches of Acapulco,
Mexico.

Mar.

Pollut.

Bull.

62,

845–850.

https://doi.org/10.1016/j.marpolbul.2011.02.042
Jung, H.B., Bostick, B.C., Zheng, Y., 2012. Field, experimental, and modeling study of
arsenic partitioning across a redox transition in a Bangladesh aquifer. Environ. Sci.
Technol. 46, 1388–1395. https://doi.org/10.1021/es2032967
Jung, H.B., Charette, M.A., Zheng, Y., 2009. Study of reactive transport of groundwater
arsenic in a coastal aquifer. Environ. Sci. Technol. 43, 5333–5338.
Kameda, T., Suzuki, Y., Yoshioka, T., 2014. Removal of arsenic from an aqueous solution
by co-precipitation with manganese oxide. J. Environ. Chem. Eng. 2, 2045–2049.
https://doi.org/10.1016/j.jece.2014.09.004
Kawasaki, N., Komatsu, K., Kohzu, A., Tomioka, N., Shinohara, R., Satou, T., Watanabe,
F.N., Tada, Y., Hamasaki, K., Kushairi, M.R.M., Imai, A., 2013. Bacterial
contribution to dissolved organic matter in eutrophic Lake Kasumigaura, Japan.
Appl. Environ. Microbiol. 79, 7160–7168. https://doi.org/10.1128/AEM.01504-13
Kim, E.J., Yoo, J.C., Baek, K., 2014. Arsenic speciation and bioaccessibility in arseniccontaminated soils: Sequential extraction and mineralogical investigation. Environ.
Pollut. 186, 29–35. https://doi.org/10.1016/j.envpol.2013.11.032
Kim, K.H., Heiss, J.W., Michael, H.A., Cai, W.J., Laattoe, T., Post, V.E.A., Ullman, W.J.,
2017. Spatial patterns of groundwater biogeochemical reactivity in an intertidal

152

beach

aquifer.

J.

Geophys.

Res.

Biogeosciences

122,

2548–2562.

https://doi.org/10.1002/2017JG003943
Kling, G., K., H., B., J.L., 2003. Confronting climate change in the Great Lakes Region.
Lee, J., Robinson, C., Couture, R.M., 2014. Effect of groundwater-lake interactions on
arsenic enrichment in freshwater beach aquifers. Environ. Sci. Technol. 48, 10174–
10181. https://doi.org/10.1021/es5020136
Lemonte, J.J., Stuckey, J.W., Sanchez, J.Z., Tappero, R., Rinklebe, J., Sparks, D.L., 2017.
Sea level rise induced arsenic release from historically contaminated coastal soils.
Environ. Sci. Technol. 51, 5913–5922. https://doi.org/10.1021/acs.est.6b06152
Lewandowski, J., Meinikmann, K., Nuetzmann, G., Rosenberry, D.O., 2015. Groundwater
- the disregarded component in lake water and nutrient budgets. Part 2: Effects of
groundwater

on

nutrients.

Hydrol.

Process.

29,

2922–2955.

https://doi.org/10.1002/hyp.10384
Linkhorst, A., Dittmar, T., Waska, H., 2017. Molecular fractionation of dissolved organic
matter in a shallow subterranean estuary: The role of the iron curtain. Environ. Sci.
Technol. 51, 1312–1320. https://doi.org/10.1021/acs.est.6b03608
Liu, G., Fernandez, A., Cai, Y., 2011. Complexation of arsenite with humic acid in the
presence

of

ferric

iron.

Environ.

Sci.

Technol.

45,

3210–3216.

https://doi.org/10.1021/es102931p
Lofgren, B.M., Quinn, F.H., Clites, A.H., Assel, R.A., Eberhardt, A.J., Luukkonen, C.L.,
2002. Evaluation of potential impacts on Great Lakes water resources based on
climate scenarios of two GCMs. J. Great Lakes Res. 28, 537–554.
https://doi.org/10.1016/S0380-1330(02)70604-7
Ma, J., Guo, H., Lei, M., Zhou, X., Li, F., Yu, T., Wei, R., Zhang, H., Zhang, X., Wu, Y.,
2015. Arsenic adsorption and its fractions on aquifer sediment: Effect of pH,
arsenic species, and iron/manganese minerals. Water. Air. Soil Pollut. 226.
https://doi.org/10.1007/s11270-015-2524-1

153

Mackay, A.A., Gan, P., Yu, R., Smets, B.F., 2014. Seasonal arsenic accumulation in stream
sediments at a groundwater discharge zone. Environ. Sci. Technol. 48, 920–929.
https://doi.org/10.1021/es402552u
Malott, S., O’Carroll, D.M., Robinson, C.E., 2016. Dynamic groundwater flows and
geochemistry in a sandy nearshore aquifer over a wave event. Water Resour. Res.
52, 5248–5264. https://doi.org/10.1002/2014WR015716
Manning, B.A., Goldberg, S., 1996. Modeling competitive adsorption of arsenate with
phosphate and molybdate on oxide minerals. Soil Sci. Soc. Am. J. 60, 121–131.
https://doi.org/10.2136/sssaj1996.03615995006000010020x
McAllister, S.M., Barnett, J.M., Heiss, J.W., Findlay, A.J., MacDonald, D.J., Dow, C.L.,
Luther, G.W., Michael, H.A., Chan, C.S., 2015. Dynamic hydrologic and
biogeochemical processes drive microbially enhanced iron and sulfur cycling
within the intertidal mixing zone of a beach aquifer. Limnol. Oceanogr. 60, 329–
345. https://doi.org/10.1111/lno.10029
McCullough, I.M., Dugan, H.A., Farrell, K.J., Morales-Williams, A.M., Ouyang, Z.,
Roberts, D., Scordo, F., Bartlett, S.L., Burke, S.M., Doubek, J.P., Krivak-Tetley,
F.E., Skaff, N.K., Summers, J.C., Weathers, K.C., Hanson, P.C., 2018. Dynamic
modeling of organic carbon fates in lake ecosystems. Ecol. Modell. 386, 71–82.
https://doi.org/10.1016/j.ecolmodel.2018.08.009
McLachlan, A., Defeo, O., Short, A.D., 2018. Characterising sandy beaches into major
types and states: Implications for ecologists and managers. Estuar. Coast. Shelf Sci.
215, 152–160. https://doi.org/10.1016/j.ecss.2018.09.027
Meinikmann, K., Lewandowski, J., Hupfer, M., 2015. Phosphorus in groundwater
discharge - A potential source for lake eutrophication. J. Hydrol. 524, 214–226.
https://doi.org/10.1016/j.jhydrol.2015.02.031

154

Minor, E.C., Tennant, C.J., Brown, E.T., 2019. A seasonal to interannual view of inorganic
and organic carbon and pH in Western Lake Superior. J. Geophys. Res.
Biogeosciences 124, 405–419. https://doi.org/10.1029/2018JG004664
Mirlean, N., Baisch, P., Travassos, M.P., Nassar, C., 2011. Calcareous algae bioclast
contribution to sediment enrichment by arsenic on the Brazilian subtropical coast.
Geo-Marine Lett. 31, 65–73. https://doi.org/10.1007/s00367-010-0215-x
Mirlean, N., Garcia, F., Baisch, P., Quintana, G.C., Agnes, F., 2013. Sandy beaches
contamination by arsenic, a result of nearshore sediment diagenesis and transport
(Brazilian

coastline).

Estuar.

Coast.

Shelf

Sci.

135,

241–247.

https://doi.org/10.1016/j.ecss.2013.10.020
Mladenov, N., Zheng, Y., Miller, M.P., Nemergut, D.R., Legg, T., Simone, B., Hageman,
C., Rahman, M.M., Ahmed, K.M., Mcknight, D.M., 2010. Dissolved organic
matter sources and consequences for iron and arsenic mobilization in Bangladesh
aquifers. Enviromental Sci. Technol. 44, 123–128.
Mladenov, N., Zheng, Y., Simone, B., Bilinski, T.M., Mcknight, D.M., Nemergut, D.,
Radlo, K.A., Rahman, M.M., Ahmed, K.M., 2015. Dissolved organic matter quality
in a shallow aquifer of Bangladesh : Implications for arsenic mobility.
Enviromental

Sci.

Technol.

49,

10815–10824.

https://doi.org/10.1021/acs.est.5b01962
Neil, C.W., Yang, Y.J., Jun, Y.-S., 2012. Arsenic mobilization and attenuation by mineral–
water interactions: implications for managed aquifer recharge. J. Environ. Monit.
14, 1772. https://doi.org/10.1039/c2em30323j
Niazi, N.K., Burton, E.D., 2016. Arsenic sorption to nanoparticulate mackinawite (FeS):
An examination of phosphate competition. Environ. Pollut. 218, 111–117.
https://doi.org/10.1016/j.envpol.2016.08.031

155

O’Connor, A.E., Krask, J.L., Canuel, E.A., Beck, A.J., 2018. Seasonality of major redox
constituents in a shallow subterranean estuary. Geochim. Cosmochim. Acta 224,
344–361. https://doi.org/10.1016/j.gca.2017.10.013
O’Day, P.A., Vlassopoulos, D., Root, R., Rivera, N., 2004. The influence of sulfur and iron
on dissolved arsenic concentrations in the shallow subsurface under changing redox
conditions.

Proc.

Natl.

Acad.

Sci.

U.S.A.

101,

13703–13708.

https://doi.org/10.1073/pnas.0402775101
O’Shea, B., Jankowski, J., Sammut, J., 2007. The source of naturally occurring arsenic in
a coastal sand aquifer of eastern Australia. Sci. Total Environ. 379, 151–166.
https://doi.org/10.1016/j.scitotenv.2006.07.040
Olszewska, J.P., Heal, K. V., Winfield, I.J., Eades, L.J., Spears, B.M., 2017. Assessing the
role of bed sediments in the persistence of red mud pollution in a shallow lake
(Kinghorn

Loch,

UK).

Water

Res.

123,

569–577.

https://doi.org/10.1016/j.watres.2017.07.009
Oni, S.K., Futter, M.N., Molot, L.A., Dillon, P.J., 2012. Modelling the long term impact of
climate change on the carbon budget of Lake Simcoe, Ontario using INCA-C. Sci.
Total Environ. 414, 387–403. https://doi.org/10.1016/j.scitotenv.2011.10.025
Palmer, N.E., Freudenthal, J.H., Von Wandruszka, R., 2006. Reduction of arsenates by
humic materials. Environ. Chem. 3, 131–136. https://doi.org/10.1071/EN05081
Podgorski, J.E., Eqani, S.A.M.A.S., Khanam, T., Ullah, R., Shen, H., Berg, M., 2017.
Extensive arsenic contamination in high-pH unconfined aquifers in the Indus
Valley. Sci. Adv. 3. https://doi.org/10.1126/sciadv.1700935
Polizzotto, M.L., Kocar, B.D., Benner, S.G., Sampson, M., Fendorf, S., 2008. Near-surface
wetland sediments as a source of arsenic release to groundwater in Asia. Nature
454, 505–509.
Postma, D., Mai, N.T.H., Lan, V.M., Trans, P.T.K., Sø, H.U., Nhan, P.Q., Larsen, F., Viet,
P.H., Jakobsen, R., 2017. Fate of arsenic during Red River water infiltration into

156

aquifers beneath Hanoi, Vietnam. Environ. Sci. Technol. 51, 838–845.
https://doi.org/10.1021/acs.est.6b05065
Rakhimbekova, S., O’Carroll, D.M., Andersen, M.S., Wu, M.Z., Robinson, C.E., 2018.
Effect of transient wave forcing on the behavior of arsenic in a nearshore aquifer.
Environ. Sci. Technol. 52. https://doi.org/10.1021/acs.est.8b03659
Robinson, C., 2015. Review on groundwater as a source of nutrients to the Great Lakes
and

their

tributaries.

J.

Great

Lakes

Res.

41,

941–950.

https://doi.org/10.1016/j.jglr.2015.08.001
Robinson, C.E., Xin, P., Santos, I.R., Charette, M.A., Li, L., Barry, D.A., 2018.
Groundwater dynamics in subterranean estuaries of coastal unconfined aquifers:
Controls on submarine groundwater discharge and chemical inputs to the ocean.
Adv.

Water

Resour.

115,

315–331.

https://doi.org/10.1016/j.advwatres.2017.10.041
Roy, J.W., Grapentine, L., Bickerton, G., 2018. Ecological effects from groundwater
contaminated by volatile organic compounds on an urban stream’s benthic
ecosystem. Limnologica 68, 115–129. https://doi.org/10.1016/j.limno.2017.01.004
Roy, J.W., Gillis, P.L., Grapentine, L., Bickerton, G., 2019. How appropriate are Canadian
Water Quality Guidelines for protecting freshwater aquatic life from toxic
chemicals in naturally-discharging groundwater? Can. Water Resour. J. 44, 205–
211. https://doi.org/10.1080/07011784.2018.1554453
Roy, M., Martin, J.B., Cherrier, J., Cable, J.E., Smith, C.G., 2010. Influence of sea level
rise on iron diagenesis in an east Florida subterranean estuary. Geochim.
Cosmochim. Acta 74, 5560–5573. https://doi.org/10.1016/j.gca.2010.07.007
Roy, M., Rouxel, O., Martin, J.B., Cable, J.E., 2012. Iron isotope fractionation in a sulfidebearing subterranean estuary and its potential influence on oceanic Fe isotope flux.
Chem. Geol. 300–301, 133–142. https://doi.org/10.1016/j.chemgeo.2012.01.022

157

Schaefer, M. V., Ying, S.C., Benner, S.G., Duan, Y., Wang, Y., Fendorf, S., 2016.
Aquifer arsenic cycling induced by seasonal hydrologic changes within the
Yangtze River Basin. Environ. Sci. Technol. 50, 7, 3521-3529
https://doi.org/10.1021/acs.est.5b04986
Schneider, M.P.W., Scheel, T., Mikutta, R., van Hees, P., Kaiser, K., Kalbitz, K., 2010.
Sorptive stabilization of organic matter by amorphous Al hydroxide. Geochim.
Cosmochim. Acta 74, 1606–1619. https://doi.org/10.1016/j.gca.2009.12.017
Sharma, P., Ofner, J., Kappler, A., 2010. Formation of binary and ternary colloids and
dissolved complexes of organic matter, Fe and As. Environ. Sci. Technol. 44, 4479–
4485. https://doi.org/10.1021/es100066s
Sirois, M., Couturier, M., Barber, A., Gélinas, Y., Chaillou, G., 2018. Interactions between
iron and organic carbon in a sandy beach subterranean estuary. Mar. Chem. 202,
86–96. https://doi.org/10.1016/j.marchem.2018.02.004
Small, C., Nicholls, R.J., 2003. A global analysis of human settlement in coastal zones. J.
Coast. Res. 19, 584–599.
Smedley, P.L., Kinniburgh, D.G., 2002. A review of the source, behaviour and distribution
of

arsenic

in

natural

waters.

Appl.

Geochemistry

17,

517–568.

https://doi.org/10.1016/S0883-2927(02)00018-5
Sø, H.U., Postma, D., Jakobsen, R., Larsen, F., 2008. Sorption and desorption of arsenate
and arsenite on calcite. Geochim. Cosmochim. Acta 72, 5871–5884.
https://doi.org/10.1016/j.gca.2008.09.023
Spiteri, C., Regnier, P., Slomp, C.P., Charette, M.A., 2006. pH-dependent iron oxide
precipitation in a subterranean estuary. J. Geochemical Explor. 88, 399–403.
https://doi.org/10.1016/j.gexplo.2005.08.084
Spiteri, C., Slomp, C.P., Charette, M.A., Tuncay, K., Meile, C., 2008. Flow and nutrient
dynamics in a subterranean estuary (Waquoit Bay, MA, USA): Field data and

158

reactive transport modeling. Geochim. Cosmochim. Acta 72, 3398–3412.
https://doi.org/10.1016/j.gca.2008.04.027
Stumm, W., Morgan, J., 1996. Aquatic chemistry, chemical equilibria and rates in natural
waters. Environmental Science and Technology Series. John Wiles & Sons.
Takamatsu, T., Kawashima, M., Koyama, M., 1985. The role of Mn2+-rich hydrous
manganese oxide in the accumulation of arsenic in lake sediments. Water Res. 19,
1029–1032. https://doi.org/10.1016/0043-1354(85)90372-0
Toronto and Region Conservation Authority, 2007. Arsenal lands master plan addendum
including Marie Curtis Park West.
Trainer, V.L., Moore, S.K., Hallegraeff, G., Kudela, R.M., Clement, A., Mardones, J.I.,
Cochlan, W.P., 2019. Pelagic harmful algal blooms and climate change: Lessons
from

nature’s

experiments

with

extremes.

Harmful

Algae

101591.

https://doi.org/10.1016/j.hal.2019.03.009
Trezzi, G., Garcia-Orellana, J., Rodellas, V., Santos-Echeandia, J., Tovar-Sánchez, A.,
Garcia-Solsona, E., Masqué, P., 2016. Submarine groundwater discharge: A
significant source of dissolved trace metals to the North Western Mediterranean
Sea. Mar. Chem. 186, 90–100. https://doi.org/10.1016/j.marchem.2016.08.004
Violante, A., Pigna, M., Del Gaudio, S., Cozzolino, V., Banerjee, D., 2009.
Coprecipitation of arsenate with metal oxides: nature, mineralogy, and reactivity
of aluminum precipitates. Environ. Sci. Technol. 43, 1515–1521.
https://doi.org/10.1021/es802229r
Wang, S., Mulligan, C.N., 2006. Effect of natural organic matter on arsenic release from
soils and sediments into groundwater. Environ. Geochem. Health 28, 197–214.
https://doi.org/10.1007/s10653-005-9032-y
Wang, Y., Jiao, J.J., Cherry, J.A., 2012. Occurrence and geochemical behavior of arsenic
in a coastal aquifer-aquitard system of the Pearl River Delta, China. Sci. Total
Environ. 427–428, 286–297. https://doi.org/10.1016/j.scitotenv.2012.04.006

159

Whitmore, T.J., Riedinger-Whitmore, M.A., Smoak, J.M., Kolasa, K. V., Goddard, E.A.,
Bindler, R., 2008. Arsenic contamination of lake sediments in Florida: Evidence of
herbicide mobility from watershed soils. J. Paleolimnol. 40, 869–884.
https://doi.org/10.1007/s10933-008-9204-8
Wuebbles, D., Cardinale, B., Cherkauer, K., Davidson-Arnott, R., Hellmann, J., Infante,
D., Johnson, L., de Loë, R., Lofgren, B., Packman, A., Seglenieks, F., Sharma,
C.A., Sohngen, B., Tiboris, M., Vimont, D., Wilson, R., Kunkel, K., Ballinger, A.,
2019. An assessment of the impacts of climate change on the Great Lakes.
Environmental Law & Policy Center. Columbus, OH.
Ye, C., Chen, C., Butler, O.M., Rashti, M.R., Esfandbod, M., Du, M., Zhang, Q., 2019.
Spatial and temporal dynamics of nutrients in riparian soils after nine years of
operation of the Three Gorges Reservoir, China. Sci. Total Environ. 664, 841–850.
https://doi.org/10.1016/j.scitotenv.2019.02.036

160

Chapter 5

5

Spatiotemporal controls on septic system derived
nutrients in a nearshore aquifer and their discharge to a large
lake
5.1 Introduction
Nutrient enrichment is one of the most challenging and widespread environmental threats
to lake ecosystems worldwide (Harke et al., 2016; Paerl et al., 2016). High nutrient
(phosphorus [P] and nitrogen [N]) loads to lakes can lead to eutrophication, nuisance and
toxic algal blooms, and in some cases hypoxia and loss of habitat and biodiversity (Dodds
et al., 2009). These impacts have immense economic consequences (Bingham et al., 2015).
For example, freshwater eutrophication in the United States alone costs approximately $2.2
billion annually (Dodds et al., 2009). Microcystin algal blooms in Lake Erie triggering the
drinking water crisis in Toledo, Ohio, and eutrophication of the East African Great Lakes
and Dianchi Lake in China in recent years highlight the detrimental impact of excessive
nutrient loading. While nutrient load reduction targets have been established for many lakes
worldwide, including the Laurentian Great Lakes, achieving these targets requires
characterization of the sources and pathways by which nutrients are delivered to the lake.
Generally, efforts focus on quantifying and reducing nutrient point pollution sources and
tributary loads, with few studies evaluating the contribution from lacustrine groundwater
discharge (LGD) (Hupfer et al., 2018). LGD can be an important component of lake water
and nutrient budgets (Lewandowski et al., 2015). For example, LGD has been found to
contribute between 0 to 95% (median value of 31%) to the total water inputs of 110
measured lakes (Meinikmann et al., 2015), and between 9-85% of total P load and 18-67
% of total N load for 13 measured lakes (Meinikmann, 2016). Importantly, LGD may
directly contribute to algal blooms as primary producers often grow close to the shoreline,
which is where LGD is often highest (Naranjo et al., 2019).
Nutrient inputs via LGD are controlled by: 1) the ultimate sources of N and P to the aquifer;
2) the groundwater flow paths between the source and lake, and the flow velocity
(residence time for reaction); and 3) geochemical conditions along the pathway that govern
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nutrient transformations and retardation (Lewandowski et al., 2015). In relation to point 3,
a reaction zone characterized by strong geochemical (e.g., pH and redox) gradients can
occur near the groundwater-lake interface, where discharging groundwater mixes with lake
water recirculating across the sediment-water interface. Geochemical processes in this
reaction zone may considerably modify the flux of groundwater-derived nutrients to a lake
(Karan et al., 2014; Lewandowski et al., 2015). For instance, processes including
denitrification can decrease groundwater-derived N loads to the lake, or the onset of
reducing conditions can release P bound to sediment below the sediment-water interface
(e.g., by reductive dissolution of Fe-oxides and P desorption) (Lewandowski et al., 2015;
Naranjo et al., 2019; Stoliker et al., 2016). The influence of this reaction zone in modifying
nutrient fluxes is often ignored with nutrient loads delivered to a lake via LGD typically
estimated by multiplying the groundwater flow rate by nutrient concentrations measured
in landward monitoring wells (Lewandowski et al., 2015; Robinson, 2015). This approach
may lead to considerable over- or under-estimation of nutrient fluxes to a lake. The few
studies that have examined nutrients in groundwater close to the sediment-water interface
and associated nutrient fluxes to a lake generally rely on one sampling campaign without
consideration of temporal variations (Lewandowski et al., 2015; Naranjo et al., 2019). The
behaviour of nutrients in a nearshore aquifer and nutrient fluxes to the lake may vary in
response to hydrological changes or changing geochemical conditions (e.g., organic matter
availability) (Wan et al., 2017). Spatiotemporal controls on the functioning of the reaction
zone near the sediment-water interface and their influence on nutrient fluxes have been
well studied in stream (e.g. Richards et al., 2016; Withers and Jarvie, 2008) and ocean (e.g.
Lapointe et al., 2017; Meile et al., 2010; Robinson et al., 2018) environments. While some
knowledge of the functioning of the reaction zone near the sediment-water interface in
stream and ocean settings may be transferred to lake settings, differences are expected.
Streams, lakes and marine environments have different physical processes driving surface
water exchange across the sediment-water interface, and the chemical composition of the
recirculating surface water is different (e.g., seawater has high sulfate concentrations and
ionic strength (Meile et al., 2010)). Groundwater-surface exchange in streams is driven by
flowing water interacting with the stream geomorphology and topography, bank flooding,
and storage and groundwater ridging amongst other processes (Conant et al., 2019;
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Lewandowski et al., 2015). However, in large lakes the dominant processes driving
groundwater-surface water exchange in the nearshore area are lake water level fluctuations
and waves (Conant et al., 2019; Malott et al., 2016). To enable quantification of nutrient
inputs to large lakes via LGD, as required to develop effective nutrient management
strategies and model future loading scenarios, there is a need to better understand the
processes controlling the fate of nutrients along their subsurface travel pathways including
in the reaction zone near the sediment-water interface as well as temporal variability in the
functioning of this zone.
Septic systems are often cited as an important source of nutrients to lakes but there is little
quantitative evidence illustrating the delivery of nutrients directly from septic systems to
lakes. There are more than 500 million septic systems globally (Conn et al., 2006), with
estimates that 26% of households use septic systems across Europe (Williams et al., 2012),
25% in the United States (U.S. EPA, 2002), and 20% in Australia (Beal et al., 2005). Septic
systems are widely used in the Laurentian Great Lakes Basin with over 25,000 permits for
septic systems granted in Ontario alone every year (International Joint Commission, 2010).
At the same time, many residences along the shores of the Great Lakes are located on
permeable, sandy soil with high water tables; these conditions are favorable for subsurface
nutrient migration (Halvorsen and Gorman, 2006; Robertson et al., 2019). It is therefore
important to assess the potential contribution of septic systems to nutrient loads to lakes to
inform nutrient load reduction strategies. While some studies have shown that N and P
from septic systems can cause deterioration of groundwater and potentially surface water
quality (Lusk et al., 2017), prior studies have mostly focused on characterizing nutrient
plumes in groundwater directly downgradient of the septic system (Ptacek, 1998;
Robertson et al., 2019; Zanini et al., 1998). As such it remains unclear if nutrients from
septic systems are ultimately delivered to a receiving surface water. Recent studies have
evaluated the potential fate of septic system derived nutrients in nearshore aquifers adjacent
to a lake (Baer et al., 2019; Roy et al., 2017) and pond (McCobb et al., 2009), but they did
not consider the reactive processes that occur close to the sediment-water interface.
The objective of this study is to evaluate the fate and transport of septic system derived
nutrients in a nearshore aquifer and their discharge to a large lake. The study uses data
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collected downgradient of a septic system attached to a large public washroom facility to
characterize the pathways of septic-derived nitrate (NO3-N) and phosphate (PO4-P) and
factors controlling their discharge to the lake. In addition, field study findings are combined
with a regional geospatial model to estimate the potential contribution of septic systems
located along the Lake Erie shoreline to the lake P budget as well as to identify shoreline
areas where P inputs from septic systems may be high. This knowledge is needed as
although septic systems are often cited as an important contributor of nutrients to lakes,
including the Great Lakes, there is limited understanding of whether nutrients from septic
systems are ultimately delivered to lakes via LGD or if they are attenuated or retarded in
the subsurface before discharge. If septic system derived nutrients are not attenuated in the
subsurface prior to discharge, then effective management of this nutrient source (e.g.,
revised setback distances between a septic system and the lake, mandatory reinspection
programs) may be required. More generally, understanding the contribution of LGD as a
pathway for delivering nutrients to large lakes including the functioning of the reaction
zone near the sediment-water interface in modifying nutrient inputs to lakes is needed to
develop and implement effective nutrient load reduction programs and policy.

5.2 Methodology
5.2.1 Field investigation and monitoring
Field measurements were conducted at Ipperwash Beach on Lake Huron, Ontario
downgradient of a large septic system to evaluate the transport of nutrients from the septic
system through the sandy nearshore aquifer to the lake (Appendix C Figure C.1). The septic
system is attached to a large public washroom with the septic system tile bed located 118
m from the mean shoreline position. The septic system has been operational since at least
1974 and is only used during the beach season from May - September. Monthly sampling
trips were conducted from May-October 2014 and May-August 2015 to characterize the
nutrient plume downgradient of the septic system.
A cross-shore monitoring transect was installed that aligned with the center of the septicderived nutrient plume. The monitoring transect extended from 71 m downgradient of
septic system tile bed (x = 71 m; landward extent of the beach dunes) to approximately 20
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m offshore (x = 140 m; Figure 5.1). Note the x-coordinate system used herein is defined
with x = 0 m located at the lakeward edge of the septic system tile bed and z = 0 as the
elevation of local permanent benchmark. The monitoring transect consisted of ten multilevel samplers (MLS) that were installed up to 3 m deep with sampling ports at 0.2 m depth
intervals. Eight piezometers were installed along the monitoring transect to measure the
groundwater and surface water levels during each sampling trip. Two monitoring transects
parallel to the shoreline were also installed which consisted of three and five MLS,
respectively, at x = 71 and x = 111 m (Figure 5.1a). The alongshore transects extended 10
m to the southeast (SE) and northwest (NW) of the observed center of the septic-derived
nutrient plume. MLS were initially installed in May 2014 and replaced with new MLS
installed at the same locations in May 2015. During MLS installation in May 2015 four
sediment samples were collected at depths 0.5-2 m below the sediment surface at each
MLS location to characterize the sediment chemistry (Figure 5.1b). Pressure transducers
(Level Troll 700) were installed in the most landward piezometers at x = 71 and 93 m for
continuous measurement of the groundwater level and hydraulic gradient changes from
May 2014 – October 2015. The location of monitoring equipment and sand levels (Figure
5.1b) were surveyed (Topcon GTS-239W) relative to a local permanent benchmark during
each sampling trip.
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Figure 5.1 a) Aerial view of the study site showing location of the septic system tile
bed and monitoring transects. Red crosses indicate multi-level sampler (MLS)
locations. b) Monitoring equipment layout along the cross shore transect with
numbers indicating MLS names. Sand and water levels shown in b) were measured
on May, 2015.

5.2.2 Pore water sampling and analysis
For all sampling events, pore water samples were collected from all MLS sampling ports
using syringes attached to the PVC sampling tubes (ϕ=1.35 mm). Five samples were
collected from each port and were used for analysis of nutrients and anions (60 mL), cations
and metals (60 mL), alkalinity (60 mL), dissolved organic carbon (DOC; 40 mL), and
artificial sweeteners (e.g. acesulfame; 20 mL, only collected during 2015 sampling events).
Acesulfame is a useful tracer of human wastewater in surface water and groundwater due
to the pervasive use of acesulfame amongst the population, conservative behaviour in
groundwater, and resistance to degradation through wastewater treatment (Buerge et al.,
2009; Tran et al., 2014). Samples were immediately filtered (0.45 µm cellulose acetate
filters) and analyzed within 48 hours with the exception of samples for artificial sweetener
analysis, which were filtered using 0.2 µm polyvinylidene difluoride filters, and samples
for cation and metal analysis were acidified and frozen until analysis. After all other
samples were collected, basic physico-chemical parameters (pH, temperature and electrical
conductivity (EC)) were measured in a flow cell using a YSI 6600 V2 Sonde. Multiple
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surface water samples were collected during each sampling campaign. Water samples from
the septic tank were collected in May and August 2015 to obtain septic effluent
concentrations at the beginning and end of seasonal use.
Pore water samples were analyzed for nutrients (NO3-N, PO4-P, NH4-N) using Lachat 750
Flow Injection Analysis, metals (As, Fe, Mn, Al) and cations (Ca, Mg, Na) using
Inductively-Coupled Plasma Mass Spectroscopy; anions (chloride (Cl-) and sulfate (SO42)) using High Performance Liquid Chromatography, DOC using TOC (Total Organic
Carbon) Analyzer (Aurora 1030W/Shimadzu SSM-5000A), and alkalinity using a
Metrohm titrator. Duplicate samples were run every ten samples to check for instrument
drift and a matrix spike was used every ten samples for cation and metal analysis to
determine method recovery and effect of matrix interference. The artificial sweetener,
acesulfame, was analyzed by ion chromatography (Dionex ICS-5000, Thermo Scientific)
followed by tandem mass spectrometry (6460 QQQ, Agilent Technologies) in ESI- mode
(Liu et al., 2019; Van Stempvoort et al., 2011). Additional details on artificial sweetener
analysis are provided in the Appendix C.2.
Sediment samples were analyzed via total acid digestion using method EPA 200.8 (U.S.
EPA, 1994) to determine the total elemental solid phase concentrations. Additional
sediment extractions were conducted to infer the mineral phases that sediment-bound P
were associated. Loosely bound fraction of P was extracted using 0.5 M NaHCO3.
Moderately labile fractions of P thought to be associated with Fe-bound P were extracted
using 0.1 M NaOH (Hedley et al., 1982). Additional details on sediment sample collection
and analysis are provided in the Appendix C.3.

5.2.3 Geospatial septic system model
A geospatial model was used to estimate the location of individual septic systems along
the Lake Erie shoreline in order to quantify the potential contribution of septic-derived
nutrients to lake nutrient enrichment and eutrophication. As there is no formal inventory of
septic system locations in Ontario, a geospatial model developed by Oldfield (2019) was
used to estimate the locations of septic systems by identifying residential parcels not
serviced by centralized wastewater treatment facilities. This information was combined
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with our field study findings to estimate maximum potential P loading from septic systems
located in proximity to the shoreline to Lake Erie.

5.3 Results and discussion
5.3.1 Aquifer characteristics and flow conditions
Ipperwash Beach is a homogeneous calcareous sandy aquifer (5.1 wt % Ca), with the
sediments containing measurable amounts of acid extractable Fe (3.2 wt %), Al (1.7 wt %),
P (0.2 wt %) and Mn (0.1 wt %) (Appendix C Table C.1). While the hydraulic gradient
towards the shoreline varies temporally, the mean horizontal hydraulic gradient (h)
measured between landward extent of the beach (x = 71 m) and mean shoreline position (x
= 118 m), during sampling events in 2014 and 2015, was 0.016 and 0.018 respectively,
indicating groundwater flow towards the lake. The groundwater velocity is estimated to be
0.6 m/d using hydraulic conductivity (K = 10 m/d) and effective porosity values (n = 0.3)
previously determined by Malott et al. (2016) for the field site. Based on this velocity, the
travel time for conservative species to be transported from the septic tile beds to the
shoreline is estimated to be around 200 days.

5.3.2 Characterization of septic system nutrient plume
Elevated groundwater NO3-N (6-57 mg/L) and PO4-P (5-166 µg/L) concentrations were
consistently observed downgradient of septic system at central plume location (MLS 2; x
= 93 m) (Figure 5.2a-b, d-e) for all sampling campaigns. NO3-N concentrations in the
nearshore aquifer exceeded Canadian Water Quality Guideline for the Protection of
Aquatic Life (3 mg/L; Canadian Council of Ministers of the Environment, 2014) and were
higher than the mean surface water concentration (3 mg/L). Maximum PO4-P
concentrations in the nearshore aquifer exceeded the upper limit of the Canadian Water
Quality Guideline for the Protection of Aquatic Life for Total Phosphorus (35-100 µg TP/L
to limit eutrophic conditions; Canadian Council of Ministers of the Environment, 2014)
and were considerably higher than the mean surface water concentration (3 µg/L). These
concentrations were also much higher than NO3-N and PO4-P concentrations measured in
the nearshore aquifer at other locations along Ipperwash Beach (i.e., 0.8 and 1.7 km from
the main study site; Table C.2). Significant positive correlation between NO3-N and
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acesulfame for all 2015 sampling events (r=0.9, p<0.005) and between PO4-P and
acesulfame in July 2015 (r=0.9, p<0.005) indicate that the elevated nutrients in the
nearshore aquifer are derived from the septic tile beds (Figure 5.3b, Appendix C Table C3
and C4). Note that NH4-N concentrations were measured for all sampling events in 2014
but concentrations were below the detection limit (0.02 mg/L) across the nearshore aquifer.

Figure 5.2 a) NO3-N, b) PO4-P and c) Cl distributions along cross-shore transect for
August 2014 sampling event. Black solid line represents the sand level and blue solid
line represents the water level measured in October 2014. Pink lines represent MLS
and black crosses represent sampling ports. Depth profiles of (d) NO3-N, (e) PO4-P
and (f) Cl at central plume location (MLS 2; x = 93 m) on different sampling dates
in 2014 and 2015. The black horizontal line indicates the elevation of the sand
surface at MLS 2 (x = 93 m) in October 2014.
NO3-N and PO4-P distributions in the nearshore aquifer suggest that the septic-derived
nutrient plume advances towards the shoreline (elevated concentrations observed at plume
central location 90 m from septic system (MLS 2, x = 93 m), with concentrations decreasing
closer to the groundwater-lake interface (Figure 5.2a, b). The behavior of the septic-derived
plume in the nearshore aquifer is complex as it is affected by the interaction and mixing of
three distinct end members (septic system effluent (SS), background groundwater (BGW)
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and surface water (SW)) with different chemical compositions. More detailed information
about the characterization of the end members is provided in Appendix C.7. In the
following sections, three distinct areas in the nearshore aquifer are referred to when
evaluating the septic-derived nutrient plume behavior: landward (x =71 - 93 m; MLS 1 and
2), shoreline (x =111 - 114 m; MLS 3 and 4) and offshore (x > 114 m; MLS 5-10). As
acesulfame data was not available for all sampling campaigns, Cl (another commonly used
conservative tracer) was used for end member mixing analysis to evaluate conservative vs
non-conservative behavior of the nutrient plume. Significant positive correlation between
NO3-N and Cl (Appendix C, Table C3) and between acesulfame and Cl groundwater
concentrations for 2015 sampling data (Figure 5.3a) support the use of Cl for characterizing
the conservative transport of the septic-derived plume.

Figure 5.3 Correlation between a) acesulfame and Cl (p< 0.005), and b) acesulfame
and NO3-N (p< 0.005) for groundwater samples collected along cross shore transect
in May, June, July 2015 (n=98).

5.3.3 Inter-annual and shorter-term variability in NO3-N behaviour in
the nearshore aquifer
The complex behavior of NO3-N downgradient of the septic tile bed is illustrated by the
large spatiotemporal variability in NO3-N concentrations (Figure 5.2a, d; Figure 5.4a-1 b-4). Maximum NO3-N concentrations observed at the central plume location (MLS 2; x =
93 m) ranged from 4 to 54 mg/L between sampling events. NO3-N concentrations
decreased towards the shoreline (MLS 3 and 4, x = 111-114 m) for all sampling events but
the extent to which the concentrations decreased varied between events. In August and
October 2014, elevated NO3-N concentrations (up to 20 mg/L) were observed near the
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shoreline (x = 111-114 m; z = -5.5 m; MLS 3 and 4) suggesting that NO3-N derived from
the septic system may have reached the sediment-water interface – this is also supported
by measured Cl concentrations (Figure 5.4 a-2, a-3; Figure C.3). However, NO3-N
concentrations were low (< 1 mg/L) near the shoreline for all sampling events in 2015 even
though Cl concentrations were higher than BGW concentrations (Figure 5.4 b-2, b-3;
Appendix C Figure C.4).

Figure 5.4 Depth profiles of NO3-N (mg/L), PO4-P (µg/L), Cl (mg/L), SO4 (mg/L),
and DOC (mg/L) for (a) August 2014 and (b) June 2015 at increasing distance from
septic system at (-1) MLS 2, (-2) MLS 3, (-3) MLS 4 and (-4) MLS 6. The black
horizontal line indicates the elevation of the sand surface at MLS in (a) October
2014 and (b) May 2015.
The NO3-N flux towards the lake was calculated by multiplying and interpolating NO3-N
concentrations from each sampling event by groundwater flux values estimated using a
steady state numerical groundwater flow model (Appendix C.8, Table C.7, Figure C.6).
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The NO3-N flux was estimated at two locations in the nearshore aquifer: 1) along a vertical
line at the central plume location (MLS 2, x = 93 m) for the flux directed through the
nearshore aquifer towards the shoreline, and 2) along a line parallel and 0.1 m below the
sediment-water interface for the flux directed across the sediment-water interface to the
lake (Appendix C.9, Figure C.7). Comparison of the estimated lakeward directed NO3-N
flux at the central plume location (x = 93 m; 7-75 mg/d per m of shoreline) with the flux
across the sediment-water interface (1-12 mg/d per m of shoreline) suggests that in average
60% of NO3-N was transformed in the nearshore aquifer between the central plume
location and the sediment-water interface (Figure 5.5). The decrease in NO3-N flux
between the two locations was considerably greater in 2015 (95% decrease) compared with
2014 (21% decrease). For example, the estimated NO3-N flux decreased from 19 to 9 mg/d
per m of shoreline in August 2014, and from 62 to 2 mg/d per m of shoreline in June 2015.
To better understand the factors responsible for the change in NO3-N transport through the
nearshore aquifer between sampling events, data from two select sampling events (August
2014 and June 2015) are analyzed further.

Figure 5.5 Estimated NO3-N flux directed towards the shoreline at central plume
location (x = 93 m, MLS 2) and estimated NO3-N flux directed across the sedimentwater interface for all sampling events.
Low NO3-N concentrations at shallow depth near the shoreline (MLS 3 and 4) in both
August 2014 and June 2015 are consistent with low Cl concentrations at this location and
may be due to dilution with recirculating lake water (Figure 5.4a-2 – b-3). In contrast,
different NO3-N distributions at greater depth (z = -5.5 m) between August 2014 and June
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2015, despite elevated Cl concentrations (> 50 mg/L), suggest the importance of reactive
processes in controlling NO3-N fate near the shoreline and subsequent fluxes to the lake
(Figure 5.4a-2 – b-3). The NO3-N and Cl endmember mixing diagram (Figure 5.6) shows
that data collected near the shoreline at all depths in August 2014 falls within the
conservative mixing “envelope”. In contrast, data collected near the shoreline in June 2015
falls outside the mixing envelope suggesting non-conservative behaviour of NO3-N and
potential importance of processes such as denitrification in attenuating NO3-N.

Figure 5.6 Three end member mixing diagram using NO3-N and Cl data from (a)
August 2014, and (b) June 2015 sampling events. Conservative mixing envelope is
bounded as black dotted triangle. The samples outside the triangle may be subject
to non-conservative mixing (i.e., reactions).
Depth profiles of DOC and SO4 suggest that the geochemical conditions were different
near the shoreline (MLS 3 and 4; x = 111 m and 114 m) between the August 2014 and June
2015 sampling events (Figure 5.4a-2 – b-3). Low SO4 near the shoreline (x = 111-114 m)
in June 2015 (< 8 mg/L) compared to August 2014 (48-74 mg/L) indicate conditions may
have been reducing in the nearshore aquifer in June 2015 and more oxidizing in August
2014 (Figure 5.4a-2 – b-3). It is possible that the more reducing conditions in June 2015
promoted denitrification and thus NO3-N attenuation. While N isotope data to support
denitrification is not available, denitrification often depends on the availability of labile
organic carbon sources, e.g.:
(Eq. 5.1)
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Dissolved organic carbon (DOC) ranged from 13-26 mg/L near the shoreline (MLS 3 and
4; x = 111 and 114 m) at depth z = -5.5 m in June 2015 with concentrations greater than
the theoretical minimum DOC concentration required to establish anoxic denitrifying
conditions (3.8 mg/L) (Rivett et al., 2008). In contrast, DOC concentrations were low near
the shoreline in August 2014 at all sampling depths (1-2 mg/L; Figure 5.4a-2 – a-3). This
is consistent with the high SO4 concentrations (>50 mg/L) and more oxidizing conditions.
These conditions may explain the elevated NO3-N concentrations (15-16 mg/L) at MLS 3
and 4 (x =111 and 114 m) at depth z = -5.5 m and more conservative transport of septicderived NO3-N towards the shoreline. Thus, the large variations in NO3-N fate in the
nearshore aquifer between 2014 and 2015 may be due to organic carbon availability
(Grebliunas and Perry, 2016; Stelzer et al., 2014). In August 2014, DOC in surface water
was 3.8 mg/L (DOC was not measured on other sampling days in 2014), while DOC ranged
from 21-29 mg/L for the May-July 2015 sampling events. This suggests that surface water
infiltration may have delivered high DOC into the nearshore aquifer in June 2015. The
observed influence of seasonal DOC availability on denitrification and associated
functioning of the reaction zone near the groundwater-lake interface is particularly
important in light of increasing organic matter concentrations in surface waters worldwide
(Evans et al., 2005).
The above analysis illustrates the large inter-annual variability in the geochemical
conditions and functioning of the reaction zone near the sediment-water interface and
subsequent impact on NO3-N fluxes to the lake. Additional data analysis was conducted to
evaluate the relative importance of shorter term forcing, such as varying wave conditions,
on the geochemical conditions and NO3-N distribution in the nearshore aquifer. A
maximum significant wave height (Hsig) of 1.6 m occurred between the June 26, 2015 and
July 4, 2015 sampling events (Figure C.8). This Hsig is elevated relative to the mean Hsig at
Ipperwash Beach (0.4 m for 2015). No significant changes in NO3-N concentrations were
observed near the shoreline (MLS 3 and 4; x = 111 and 114 m) in response to these high
wave conditions (Appendix C, Figure C.4b,c). This is likely because groundwater NO3-N
concentrations near the shoreline were already similar to the surface water end member
NO3-N concentrations (1-8 mg/L) (Appendix C. Table C.5). Further, there were also no
significant changes in SO4 and DOC concentrations and in the redox conditions near the
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shoreline. These findings differ from prior studies that have shown that wave-induced
infiltration can alter geochemical conditions in the shallow nearshore aquifer near the
shoreline and subsequently modify chemical fluxes to the lake (Lee et al., 2014; Malott et
al., 2016; Rakhimbekova et al., 2018). The difference in findings is likely because the
groundwater end member was reducing in other studies whereby the infiltration of
oxidizing surface water during high waves altered the redox conditions. . The groundwater
at our study site was oxic and therefore the impact of oxidizing surface water infiltration
was minimal. A comparison of the way in which different long-term and short-term
hydrological and geochemical changes may affect oxidizing versus reducing nearshore
aquifers is discussed in more detail in Chapter 4.While our study was limited in that
monitoring was only conducted before and after one period of high wave conditions, the
data suggest that long-term (year-to-year) variations caused by factors such as changing
hydrologic conditions (e.g. lake levels) and availability of organic matter in surface water
may be more important than transient hydrological forcing (e.g. high waves) in governing
NO3-N fate in the reaction zone near the sediment-water interface and subsequent fluxes
to the lake.

5.3.4 PO4-P migration and its controlling mechanisms
PO4-P concentrations in the septic tank were 1,385 and 13,360 µg/L in the beginning (May)
and end (August) of the beach season and septic system seasonal use (Appendix C, Table
C.5). PO4-P concentrations decreased by ~ 98% between the septic tank and central plume
location (MLS 2; x = 93 m) with the highest groundwater PO4-P concentrations observed
at the central plume being 167 µg/L (Figure 5.2e). In a synthesis of subsurface nutrient
plume data for 24 septic systems installed in calcareous sediment, Robertson et al. (2019)
found that P removal downgradient of septic tile beds averaged 73%. Despite the
considerable decrease in concentrations, high PO4-P concentrations (> 100 µg/L) at the
central plume location (MLS 2; x = 93 m) suggest that the PO4-P plume has advanced over
90 m from the septic tile bed (Figure 5.2b, e). This is consistent with previous studies that
have observed greater PO4-P migration downgradient of septic beds in calcareous
compared with non-calcareous sediment as the sediment buffering capacity limits
precipitation of PO4-P minerals (Harman et al., 1996; Robertson et al., 2019; Zanini et al.,
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1998). To our knowledge, the PO4-P plume at our study site is amongst the longest septicderived PO4-P plumes reported. Based on the location of the PO4-P plume front (i.e.,
central plume location) and septic system operation time (41 years), the PO4-P velocity
was estimated to be 0.006 m/d. Comparing this velocity with the estimated groundwater
velocity (0.6 m/d) yields a retardation factor of 100. The PO4-P plume velocity and
retardation factor are close to the range previously reported for PO4-P in calcareous sands
(Robertson et al., 2019). Although PO4-P transport is retarded, its migration downgradient
of the septic tile bed suggests that the PO4-P plume may reach the lake in the next 10 years.
Based on the decrease in Cl concentrations between the septic tank and central plume
location (from 146 to 86 mg/L in August 2015), it is estimated that dilution may account
for up to 60% of the decrease in PO4-P concentrations. Further decrease of PO4-P
concentrations may be due to sorption of PO4-P to Fe and Mn oxides and/or precipitation
of PO4-P minerals. Depth profiles of P, Fe, Mn and Al solid phase concentrations (Figure
5.7) and positive correlation between solid phase P, Fe, Al and Mn indicate the importance
of these processes at the study site (Appendix C, Table C.8). The total mass of sorbed PO4P estimated based on the sorption capacity of the sediment and length of the PO4-P plume
(10-37 kg) was similar to the estimated amount of PO4-P produced over the lifetime of the
septic system (3-32 kg) (see Appendix C.12 and C.13). This suggests that sorption may be
important for P retention at the site. Robertson (2012) used SEM-EDS analysis to show
that P removal within 15 m from septic tile beds was mostly due to mineral precipitation
with secondary coatings containing P (3-10 % wt) observed on sand grains. SEM-EDS
analysis on select sediment samples collected at our study site showed low solid phase P
(0.1% wt) likely because our sediment samples were collected much further from the tile
bed (71 m downgradient). As sediment samples could not be collected closer to the tile
bed, it was not possible to determine whether secondary P containing coatings existed on
the sediment around the tile bed and thus identify the relative importance of precipitation
in controlling P immobilization in the subsurface.

176

Figure 5.7 Depth profiles of solid phase P vs Fe (first row), P vs Al (second row), P vs
Mn (third row). Red symbols indicate samples that were also used for sequential
extraction analysis.
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Identification of the processes controlling the transport of septic-derived PO4-P in
nearshore aquifer was challenging as our data suggest that the lake may provide an
additional source of P to the nearshore aquifer (e.g. from organic matter mineralization or
organic P). While PO4-P was found to be a large fraction of total dissolved phosphorus
(TDP) concentrations (74-79 %) for samples associated with the septic plume (septic plume
effluent and samples collected from the central plume location), PO4-P was only a small
fraction (13-19 %) of TDP for samples collected near the shoreline (P likely not associated
with septic system plume) (Appendix C Figure C.9). Regardless of the mechanisms
controlling PO4-P migration in the nearshore aquifer, the data suggest that PO4-P from the
septic system is slowly migrating towards the lake whereby the PO4-P may reach the
groundwater-lake interface in the next 10 years. This finding is consistent with Roy et al.
(2017) who showed in their study of a decommissioned septic system that PO4-P retained
in the sediment over time can continue to be transported towards the lake shorelines
decades after a septic system is decommissioned. However, it is important to note, PO4-P
release to the lake may be further restricted by processes occurring in the reaction zone
near the groundwater-lake interface. The sediment trap mechanisms (e.g. Fe oxides) that
were discussed in Chapter 3 and 4 in relation to As mobility may also be important for
PO4-P fate and transport close to the groundwater-lake interface. Sediment analysis
indicated elevated Fe near the shoreline suggesting that an “iron curtain” that may sequester
PO4-P and limit its release to the lake may be present (Charette and Sholkovitz, 2002).
High solid phase P concentrations near the shoreline and offshore compared to the
landward locations support possible accumulation of P on sediment phases (e.g. Fe oxides)
in the reaction zone near the groundwater-lake interface (Figure 5.8). The “iron curtain”
phenomenon is expected to further delay the time for the septic-derived PO4-P to be
released to the lake. As such, the legacy P issue that septic systems pose is particularly
important considering the widespread long-term operation of septic systems in lakeshore
calcareous environments.
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Figure 5.8 P solid phase fractions for sediment samples in nearshore aquifer. Pie
charts indicate the percentage of different P fractions: dark blue color represents
easily desorbable, loosely bound fraction, green color represents moderately labile
Fe-P bound fraction, yellow color represents residual P fraction not extracted
during two previous steps. The radius of each circle corresponds to the total P
content in solid phase obtained by total acid digestion. The location of the circle
center indicates where the sediment sample was collected.

5.3.5 Regional GIS approach to evaluate contribution of septic
systems to lake nutrient loads
The findings from our site-specific investigations at Ipperwash Beach were applied to
broadly evaluate potential P loads from septic systems to Lake Erie for which
quantification of P sources and delivery pathways is needed to address eutrophication
challenges. Record-setting algal blooms and associated hypoxic zones in Lake Erie in
recent years threaten the drinking water quality supply for millions of people who live in
the Lake Erie Basin and a $12.9 billion tourism and fishing industry (U.S. EPA, 2018).
Based on the geospatial model, it is estimated that there are approximately a total of
133,500 septic systems located within the Ontario Lake Erie Basin, with 8,040 located 100
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m from the shoreline (the migration distance found in this study as well as reported by
Robertson et al. (2019)) and 11,610 located within 250 m of the shoreline. Assuming that
the majority of septic systems were installed during shoreline development in the 19701980s (including the septic system from this study) and considering the subsurface P
velocity in high permeability calcareous aquifers of 2.3 m/yr (calculated in this study), it
is estimated that P plumes generated from septic systems located as far as 100 m from the
shoreline may be reaching the shoreline now and septic systems located at 250 m from the
shoreline may contribute P within the next 50 years (Appendix C Table C.9). The
maximum P load per septic system is estimated to be 2.1 kg/yr, assuming average septic
tank P concentrations of 10,000 µg/L (Lusk et al., 2017) (within the range determined in
this study), an average per person household water usage of 221.8 L/d (Ziemann et al.,
2016) and an average of 2.6 people per household (Statistics Canada, 2016). The calculated
P load represents a worst-case scenario as it assumes year-round use of septic systems
(although many residences in proximity to the shoreline may only be used seasonally) and
that all P released from septic systems, although retarded, ultimately reaches the lake.
Using these calculations, septic systems within 100 and 250 m from the shoreline are
estimated to contribute up to 2.6 and 3.7 MT/yr of P to Lake Erie, respectively (Appendix
C, Table C.9). These estimated P loads are minor compared to the total P load to Lake Erie
(mean of 9,125 MT/yr for the 11year period from 2003 to 2013) (Maccoux et al., 2016).
This is because quantitatively tributaries are the main source of P load to Lake Erie with
for instance, the Maumee River alone contributing nearly 24% of total P load (2,617
MT/yr) (Maccoux et al., 2016). While P load from septic systems near the shoreline is only
a minor contributor to the total lake P budget, it is important to note that the chemical
composition of the septic effluent reaching the lake may affect local nearshore water
quality. For example, PO4-P, the bioavailable form of P that supports plant growth, is the
dominant form of P in groundwater and downgradient of septic systems, whereas
tributaries also deliver particulate and organic P. In addition, N:P ratios in groundwater
including in the septic system plume we characterized, are greater than in tributaries and
therefore nutrients delivered to the lake via LGD may shift nutrient ratios in nearshore
waters. The N:P ratio is important as different primary producers prefer either N and P and
therefore a shift in this ratio can affect growth of certain types of algae (e.g., toxic blue
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green algae) (Moon and Carrick, 2007). Further, as shown by our field data, although the
different behavior of N and P in the subsurface may initially lead to high N:P ratio in LGD
(due to more conservative N transport compared to P retardation), N:P ratio may decrease
once the septic-derived P plume reaches the shoreline.
While the calculations above suggest that septic systems located close to the shoreline are
not a major contributor to total lake P loads, septic systems may promote localized algal
growth in nearshore waters. For example, as shown in Figure 5.9, septic systems may be
an important local source of P to Lake Erie in areas with high density of septic systems and
no other major external sources of P to the lake (e.g. tributaries). Figure 5.9 (red square)
illustrates a location where there are ~500 septic systems within 100 m of the lake installed
over a 2 km shoreline stretch with sandy permeable sediment. Considering there are no
major tributary inputs along this shoreline, LGD may be an important source of P,
discharging up to 1 ton/yr of P to the lake. With continued future development along
shorelines, similar coastal vulnerability maps (Figure 5.9) may be a useful tool to visually
identify areas where septic systems may affect nearshore water quality and can be used to
inform management actions such as setting appropriate setback distances and selecting
priority areas for septic system reinspection programs.
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Figure 5.9 Map illustrating shoreline areas that may be sensitive to nutrient input
from septic systems located within 100 m of the shoreline. Red square indicates an
area with a high-density septic systems and with no other major external sources of
nutrients to nearshore waters (e.g., tributaries).

5.4 Conclusions
Improved understanding of the fate and transport of groundwater-derived nutrients in a
nearshore aquifer including in the reaction zone near the groundwater-lake interface is
important to more accurately estimate groundwater-derived nutrient fluxes to lakes. The
study revealed one of the longest septic-derived PO4-P plumes in a calcareous sandy
aquifer extending more than 90 m from the septic tile bed with the PO4-P plume estimated
to reach the lake in the next 10 years. The reaction zone at groundwater-lake interface
strongly affected the fate of septic-derived NO3-N in the nearshore aquifer and its flux to
the lake. High spatiotemporal variability in NO3-N transport in the nearshore aquifer
highlight the importance of the hydrological conditions and endmember concentrations in
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controlling NO3-N inputs to lakes via LGD. Factors such as changing lake levels, recharge
patterns, and increased organic matter in surface water may considerably affect LGD
nutrient inputs to lakes. Maximum NO3-N lakeward directed flux at the central plume
location 90 m landward of the shoreline was six times higher than the NO3-N flux close to
the sediment-water interface demonstrating that calculating LGD NO3-N loads based on
landward concentrations may considerably overestimate NO3-N fluxes to the lake.
Identification of the mechanisms controlling the fate of PO4-P in the nearshore aquifer is
complicated by the addition of lake-derived P. Future work is needed to distinguish the
internal and external sources of P in a nearshore aquifer and their effect on nearshore water
quality. Future work is also required to understand the role of “iron curtain” in further
delaying septic-derived PO4-P discharging to lakes once PO4-P reaches the lake shoreline.
Geospatial modelling results showed that while P loading from septic systems located
along the shoreline may be minor compared to total P loads to a large lake such as Lake
Erie, septic system contributions may be important in embayed shoreline areas with high
density of septic systems and no major tributary inputs.
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6

Conclusions and recommendations

6.1 Summary
Despite extensive research highlighting the importance of groundwater-surface water
interactions in marine, and stream and river settings, there has been limited research
investigating groundwater-surface water interactions in large lake environments (not
considering studies focused on offshore lakebed sediments). This thesis addresses this
knowledge gap by investigating the role of groundwater-lake interactions on the fate of
pollutants in nearshore aquifers and their delivery to nearshore waters. First, the effect of
varying wave conditions on reactive processes near the groundwater-lake interface was
examined with specific focus on their impact on arsenic (As) mobility. Second, the extent
of As occurrence in nearshore aquifers in the Great Lakes was explored with data analyzed
to identify key factors controlling As occurrence and mobility in nearshore aquifers. Third,
the fate of septic system derived nutrient (nitrogen [N] and phosphorus [P]) plume was
studied to identify how processes near the groundwater-lake interface may affect nutrient
transformations and alter groundwater nutrient fluxes to the lake. This research provides
new knowledge on the functioning of the mixing and geochemical reaction zone near the
groundwater-lake interface and its impact on the fate and discharge of nutrients and As.
The findings from this study are needed to provide better understanding and improved
quantification on the role of groundwater in delivering pollutants to large lakes.
In Chapter 3, field investigations were conducted over the period of intensified wave
conditions on a freshwater beach on Lake Erie, Canada to evaluate the impact of transient
wave forcing on the geochemical conditions in a nearshore aquifer and mobility of As. By
combining field investigations and numerical modelling it was shown that wave-induced
recirculations lead to increase water exchange across the groundwater-lake interface,
increase the size of the mixing zone in a nearshore aquifer, and alter the geochemical
conditions in the mixing zone. High spatial resolution aqueous sampling illustrated distinct
temporal changes in dissolved iron (Fe) and As concentrations, with a potential increase in
As flux from the groundwater to the lake during the period of intensified wave conditions.
It was concluded that interactions between oxic surface water, mildly reducing shallow

191

groundwater, and more reducing S- and Fe-rich deeper groundwater led to dynamic Fe, S
and Mn cycling which governed the mobility of As in the aquifer.
In Chapter 4, field investigations were performed at six beaches on the Great Lakes with
different potential anthropogenic exposure to As to evaluate the pervasiveness of As in
nearshore aquifers of the Great Lakes, determine whether As enrichment in aquifers is
natural process, and examine factors governing As release and accumulation in nearshore
aquifers. By comparing geochemical conditions at the six study sites it was found that As
mobilization from sediments occurs where there are redox and pH gradients set up by the
mixing of reduced groundwater with more oxic recirculating lake water. Redox-driven
cycling of Fe oxides was found to be the main control on As mobility in nearshore aquifers
(due to the high natural abundance of Fe), while Mn, S and pH may play a secondary role
in some aquifers. In reduced nearshore aquifers, dissolved As is high due to release of As
from Fe oxides at the redox boundary where more oxic surface water mixed with reduced
groundwater. In more oxic nearshore aquifers, dissolved phase As was low and solid phase
data indicate As is sequestered on Fe oxides, which act to trap the As below the sedimentwater interface. Data suggest that As enrichment in dissolved and solid phases in these
nearshore aquifers is linked to Fe oxide sediment trap mechanisms and not caused by a
localized anthropogenic source. Study findings suggest that Fe oxides at the sedimentwater interface may act as legacy source of As whereby hydrological and geochemical
changes (e.g. significant lake water level changes, increase high wave conditions, and
increase in organic matter concentrations) may result in As release from nearshore aquifers
if formerly oxic zones become more reducing.
The role of groundwater in delivering nutrients to large lakes, such as the Great Lakes, is
poorly understood and thus the groundwater pathway is often overlooked. Chapter 5
evaluated the transport and transformation of septic-derived nutrients in a sandy nearshore
aquifer and assessed their ultimate discharge to the lake. Field investigations were
conducted to understand the seasonal variability as well as physical and geochemical
factors controlling the nutrient distribution in the nearshore aquifer. The field data indicated
that the nutrient plume extends more than 90 m downgradient of the septic tile beds with
PO43- and NO3- concentrations decreasing closer to the sediment-water interface. Artificial
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sweetener (acesulfame) data confirmed that the nutrient groundwater plume was associated
with septic system effluent. NO3- was denitrified in the reaction zone near the sedimentwater interface and seasonal variations N fluxes to the lake were attributed to seasonal
changes in lake water DOC concentrations. Coupled dissolved and solid phase analysis
showed the sequestration of PO43- to aquifer sediments. As PO43- may later be released if
the hydrological or geochemical conditions change, PO43- accumulation represents a legacy
contamination issue. Finally the findings from the field study were applied together with a
geospatial model to estimate the number of septic systems along the shorelines of Lake
Erie the associated potential P load from these systems to the lake.

6.2 Novelty and implications
This research thesis provides new insights into the role of groundwater-lake interactions in
modifying the flux of pollutants, in particular As and nutrients, from groundwater to large
lakes.
Chapter 3 addressed an important unknown regarding the impact of intensified wave
conditions on the geochemistry in a nearshore aquifer and whether conditions may become
favorable for episodic release of As to the lake. The study quantified for the first time the
effect of varying wave conditions on reactive constituents (e.g. As, Fe) in a nearshore
aquifer by linking together the wave-induced flow dynamics and geochemistry. The key
findings of this study is that reactive constituents (e.g. As, Fe) may be influenced by
transient forcing such as wave conditions and that this is not only due to changes in flow
patterns in the nearshore aquifer (dilution or dispersion) but also due to changes in the
chemical reactions triggered by the perturbations in redox conditions. Several valuable
novel contributions were generated from this study. First, the findings suggest that the onetime “snapshot” sampling approach (one-off field sampling campaign) often implemented
in field studies may not provide a comprehensive representation of the distribution and
fluxes of reactive species in nearshore aquifers as they are affected by the antecedent and
prevailing wave conditions. Second, this study demonstrates how transient groundwater
flow patterns in a nearshore aquifer affect the geochemical processes and mobility of
reactive species and may lead to non-constant flux of reactive species prior to surface
waters. Finally, the study shows how trace elements such as As can be trapped in transition
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zones in the nearshore aquifer (sediment traps), and these trace elements can be released
and potentially discharge to coastal waters in response to transient forcing conditions. The
chapter illustrates the importance of “hot moments” in controlling chemical fluxes across
the groundwater-coastal water interface. These findings are important for other redox
sensitive reactive constituents and may be applied to better understand pollutant behavior
in dynamic inland and marine coastal environments.
Chapter 4 examines the perverseness of As enrichment in nearshore aquifers on the Great
Lakes and evaluates potential scenarios under which As trapped in nearshore aquifers may
become mobilized and released to nearshore waters. This study shows for the first time that
Fe oxides are persistent near the groundwater-lake interface in nearshore aquifers in the
Great Lakes. The abundance of Fe oxides and their ability to sequester As indicate that As
enrichment is a natural process and pervasive in nearshore aquifers. While As sequestered
on nearshore aquifer does not represent a direct human health or ecological risk, As release
may impact benthic and endobenthic organisms and increase As levels in the tropic food
chain. Potential future scenarios of the behavior of the reaction zone, sediment trap
mechanisms and triggers of As release under different long-term and short-term
hydrological and geochemical stressors were evaluated for the first time. The results show
that while hydrological changes (changes in water levels or period of high waves) may
shift the location of reaction zone, only changes in DOC may lead to net As release. The
conceptualization explored in Chapter 4 is needed to develop reactive transport models to
evaluate of potential release of pollutants under climate change induced long-term changes
and short-term perturbations of hydrological and geochemical factors.
Chapter 5 examines for the first time the transport and transformation of septic-derived
nutrients near the groundwater-lake interface and their subsequent flux to large lakes. Prior
studies examining nutrient groundwater plumes along the shorelines of large lakes have
not considered the reaction processes that occur close to the groundwater-lake interface.
Estimated NO3- fluxes calculated just below the groundwater-lake interface were
considerably lower that lakeward-direct NO3- fluxes calculated 90 m from the shoreline.
As such this study shows the need to consider the groundwater flow and reactive processes
occurring close to the groundwater-lake interface in estimating groundwater nutrient fluxes
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to lake lakes. The findings show that the common approach of estimating groundwaterderived nutrient loads to lakes based on landward groundwater concentrations may
considerably overestimate N loads to lakes. Seasonal variations in NO3- fluxes highlighted
the importance of changing lake levels and DOC availability on the fate of NO3- in
nearshore aquifers. As discussed in Chapter 4 it is expected that these factors may change
in the future and therefore these findings are essential to make reasonable predictions and
to effectively manage nutrient loading to lakes in the future. Further, the study highlighted
the legacy contamination issue associated with P retardation in the nearshore aquifer. Given
the similarity in the chemical structure of As and P, the future scenarios explored in Chapter
4 may also be relevant for understanding future P release from nearshore aquifers to large
lakes. Finally, by combining the field study findings with a regional geospatial modelling
tool, the study provides new quantification of the potential contribution of septic systems
located along shorelines to lake nutrient loads. The findings from Chapter 5 are needed to
improve quantification of flux of nutrients and other reactive groundwater constituents to
lakes, developing effective strategies to reduce N and P loads to lakes (i.e. establishing
setback distance between septic system and lakes), and modelling future scenarios.

6.3 Recommendations and future work
This thesis addressed key knowledge gaps related to the role of groundwater-lake
interactions in controlling the behavior of inorganic pollutants in nearshore aquifers and
has laid a foundation for future work. A number of recommendations are provided below
to expand the findings of this study and direct future work.
•

Reactive transport groundwater modelling
o Reactive transport groundwater modelling is recommended to enhance
interpretation of the field data presented in Chapters 3, 4 and 5 and to better
explore the controlling factors. Once validated, reactive transport models can
be valuable tools to understand the complex flow and geochemistry
interactions, as well as to predict future changes in the nearshore aquifer in
response to changing hydrological and geochemical conditions.
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•

More detailed solid phase data collection and analysis
o To more accurately evaluate the source of As leading to As enrichment in
nearshore aquifers on the Great Lakes, more comprehensive and consistent
solid phase data is required. Available solid phase in this study was limited (by
depth below sediment-water interface and distance landward and offshore) and
therefore not consistent in spatial extent at the different sites. Solid phase data
from preset spatial boundaries (certain distance landward and offshore from the
shoreline and certain depth from sediment-water interface) for all study sites
would improve comparison of geochemical conditions among different study
sites and in explaining the As concentrations and factors controlling As
mobility.
o Imaging and surface analysis of sediment samples such as Scanning Electron
Microscopy (SEM), Transmission Electron Microscopy (TEM), Energy
Dispersive X-Ray Analysis (EDX), X-Ray Diffraction (XRD) may be used to
obtain information about elemental composition and crystal structure of
nearshore sediment samples. For instance, these techniques could be used to
identify what types of Fe-oxides (amorphous or crystalline) are present in the
nearshore aquifers to get understand the potential mobility of As and PO4.

•

Additional field investigations
o Perform field campaigns under different lake water level conditions, or
different surface water DOC concentrations to evaluate the impact of these
factors on the reaction zone in oxic and reduced nearshore aquifer.
o To better understand the behavior of the groundwater nutrient plume
characterized in Chapter 5, it would be valuable to complete additional
sediment and groundwater sampling closer to the septic tile beds to identify the
different stages of nutrient transformation and attenuation.
o Arsenic mobility and toxicity, and interactions with different chemical species
depends on the speciation of As. Therefore, it is recommended to perform As
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speciation to clarify the reactive mechanisms occurring near the groundwaterlake interface as well as better evaluate the risk of toxicity associated with
potential release of As to nearshore waters.
o Reactive processes at the groundwater lake interface may affect the mobility
and discharge of other environmentally relevant constituents such as mercury
or other trace metals, therefore it is recommended to examine the behavior of
those chemicals in lake environment.
•

Isotope analysis
o Isotope analysis could be used to improve mixing ratio calculations, support the
occurrence of denitrification, identify potential sources of nutrients and As, and
characterize groundwater residence times in the nearshore aquifer. This would
provide additional insights and confirmation of the interacting flow and reactive
processes occurring near the groundwater-lake interface.

•

Microbiological analysis
o The focus and main objective of this thesis was to combine evaluation of the
groundwater flow dynamics and geochemistry in nearshore aquifers to identify
processes controlling the fate of As and nutrients near the groundwater-lake
interface. However, many of the reactive processes discussed in this manuscript
are microbially-mediated. Therefore, microbiological data may be useful in
distinguishing biotic and abiotic processes and their role on the fate of reactive
species.

•

Laboratory experiments
o Laboratory experiments may be conducted to more clearly assess how the onset
of reducing and oxidizing conditions may control the mobilization of As from
nearshore aquifer sediments and to infer reaction kinetics.
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o Laboratory experiments may be useful in understanding sorption behavior
including identifying the sorption capacity and obtaining sorption isotherms for
the nearshore aquifer sediment.
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A. Appendix A: Supplementary material for “Effect of
transient wave forcing on the behavior of arsenic in a
nearshore aquifer.”
6.4 A.1. Characteristics of field site

Figure A.1 Location of field site – Little Beach, Port Stanley, Ontario

Figure A.2 Precipitation data (a) during the field measurement period, and (b)
during the model simulation period. Data was obtained from weather station in St
Thomas, Ontario (located 15 km from the study site) (Environment and Climate
Change Canada Thomas Ontario Historical Data, retrieved September 2018).

199

Figure A.3 Cumulative distribution function of offshore wave height in 2015, 2016
and 2017 measured at wave buoy located 24 km from the field site (C45132 Port
Stanley Lake Erie, http://www.ndbc.noaa.gov/station_page.php?station=45132).

A.2. Field methods
Six groundwater wells (ϕ = 0.05 m PVC pipe) spaced at 3 - 30 m intervals were installed
across the beach to measure the elevation of the groundwater table. The surface water
elevation in the lake was monitored using three stilling wells (ϕ = 0.05 m clear polycarbonate tubing) spaced at 5 m intervals from the shoreline. Groundwater and surface
waters level were measured taken every two hours during each sampling day. To monitor
nearshore groundwater flow dynamics, miniature nested piezometers (ϕ = 5 mm) with
openings at two different depths below the sediment water interface (0.4 and 1.4 m)
connected to differential manometers were placed at five locations between x = - 7 m to x
= 1 m. Manometer readings were taken manually when the water levels were measured.
The data obtained from wells and manometers was used to infer water fluxes across the
sediment water interface.
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Multi-level samplers (MLS) designed to collect pore water samples at 20 cm intervals up
to a depth of 3 m below the sediment surface were installed at discrete locations along the
transect (spaced between 2 and 5 m apart). High spatial resolution of MLS was used around
the shoreline as this area is most susceptible to the changes caused by the wave event. MLS
were installed on Day 0 and pore water samples were collected on Day 1 ensuring at least
24 hours between installation and sampling. Pore water samples were drawn from ϕ = 1.35
mm PVC tubes connected to each MLS port using syringes. For all sampling events and
all MLS ports, 120 mL of first draw sample (corresponding to approximately three volumes
of tubing) was discarded prior to obtaining pore water samples. Four samples were
collected from each port: 60 mL sample for total metal and cation analysis, 60 mL sample
for anion analysis, 60 mL for alkalinity, and 40 mL for dissolved organic carbon (DOC)
analysis. All samples were filtered immediately using 45µm nylon filters and frozen until
analysis. Samples for cation analysis were preserved with 0.5 N nitric acid and frozen until
analysis. Samples for DOC analysis were collected in amber vials with no head space and
analyzed within 14 days. Subsamples from cation analysis samples were stabilized with
Ferrozine (Stookey, 1970) in the field and analyzed for ferrous and total iron within 8 hours
of sample collection using a Hach spectrophotometer (Hach 8008 and Hach 8146). One set
of duplicate samples for each type of analysis was collected from one sampling port at each
MLS during each sampling event (Figure A.8). After pore water collection, a peristaltic
pump was used to draw pore water directly into a flow cell where pH, dissolved oxygen
(DO), temperature, conductivity and redox potential (ORP) were measured with In-Situ
Multi-Parameter TROLL® 9500, YSI 6600 V2 Sonde and Hach meter. It took
approximately 8 hours to complete the pore water collection from all MLS ports.
Four sediment samples were collected at each MLS location at depth from 0.5-2 m below
the sediment surface to characterize the solid phase chemistry. The sediment samples were
collected during the installation of MLS on Day 0 (July 12, 2016). Approximately 200 g
of sediment sample was collected using a sterile tablespoon to scoop the sand from the
bottom of the hand auger during MLS installation. The collected sample was placed in a
Whirlpak® bag and kept frozen until analysis.
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Figure A.4 The layout of field monitoring equipment. The sand and water levels
shown were measured on Day 1.

Figure A.5 Field monitoring equipment.
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Figure A.6 Pore water sampling set up.

Figure A.7 Comparison of As concentrations determined on ICP-MS for duplicate
samples collected in the field.

A.3. Chemical analysis
Pore water samples were analyzed for dissolved metals (As, Fe, Mn, Al) and cations (Ca,
Mg, Na, K) using Inductively-Coupled Plasma Mass Spectroscopy (ICP-MS, Agilent
Technology 7700 Series); anions (chloride (Cl-) and sulfate (SO42-)) using High
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Performance Liquid Chromatography (HPLC), DOC using Total Organic Carbon (TOC)
Analyzer (Aurora 1030W /Shimadzu SSM-5000 A) and alkalinity using Metrohm titrator.
Duplicate sample was run every tenth sample to check for instrument drift (Figure A.8), in
addition matrix spike was used for metal analysis to evaluate consistency method recovery
and effect of matrix interference. Collision mode was used to remove interferences in
quadrupole ICP-MS by using non-reactive Helium gas to selectively attenuate all
polyatomic interferences based on their size (e.g. ArCl) (Dufailly et al., 2008).
Additionally, hydride generation atomic absorption spectroscopy (HG-AAS) (Behari and
Prakash, 2006; Hung et al., 2004) was used to compare As concentrations obtained on ICPMS (Figure A.9).

Figure A.8 Comparison of analytical replicates for cations, S and alkalinity analyses.
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Figure A.9 Comparison of As concentrations determined using ICP-MS and HGAAS.

A.4. Sequential extraction procedure
Selected samples were analyzed using a sequential extraction method to determine As, Fe
and Mn fractions in different phases. A widely used four-step sequential extraction
procedure was used to target the fractions that are readily mobilized by environmental
changes such as pH and redox changes, and fractions associated with amorphous and
crystalline Mn oxides and Fe oxides (Anawar et al., 2003; Hall et al., 1996; Keon et al.,
2001; Selim Reza et al., 2010; Wang et al., 2012; Wenzel et al., 2001). The extraction
procedure was as follows:
Step 1, acid extractable: 0.5 g of each sediment sample was placed in 8 mL 0.1 M acetic
acid and held in shaker for 5 h at 25°C, pH of mixed solution was adjusted to 5 (by adding
more acetic acid).
Step 2, easily reducible, Mn oxide: The sediment residue from step 1 was treated with 20
mL 0.1 M NH2OH•HCl in 0.01 M nitric acid solution for 30 min. The samples were
agitated occasionally.
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Step 3, moderately reducible, amorphous, poorly crystalline Fe oxide: The sediment
residue from step 2 was treated with 0.1 M NH2OH•HCl in 0.25 HCl for 30 min at 50°C.
The samples were agitated occasionally.
Step 4, residual (might contain fraction associated with poorly reducible crystalline Fe
oxide, organic matter and sulfide minerals): Any remaining residue was treated with aqua
regia (1 mL of concentrated HNO3 and 4 mL of concentrated HCl) for 2 hours at 95°C and
refluxing for 30 min using standard method EPA.
After each extraction step, the tube containing the solution was centrifuged for 15 min at
4000 rpm. Following this, the solution was filtered (45 μm nylon filter) and analyzed using
ICP-MS.

A.5. Numerical model set up
The model domain is shown in Figure 1b. The model was discretized into 73 layers and 51
columns with greater refinement around the shoreline and near the sediment water interface
(SWI). Grid discretization tests were performed to ensure a converged solution. The upper
(AB) and bottom (ED) model boundaries were no-flow boundaries assuming negligible
aerial recharge and evaporation, and an impermeable aquifer basement, respectively. The
offshore boundary (CD) was specified as no-flow and was located sufficiently far from the
shoreline (40 m offshore) that it did not influence the wave-induced groundwater flows in
the nearshore aquifer. The vertical landward boundary (AE) was a constant flux boundary.
The flux was specified based on the hydraulic conductivity (6 m/d) based on grain size
distribution measurements by Lee et al. ( 2014) and average horizontal hydraulic gradient
measured between the two most landward wells. The beach slopes (β) used to specify the
location of the sand surface were β = 0.023 from x = -57 to x = -22 m, β = 0.060 from x =
-22 to x = -4 m, β = 0.177 from x = -4 to x = 3 m, and β = 0.006 from x = 3 to x = 53 m.
Other model parameters are provided in Table A.1.
The groundwater flow model was first validated by comparing model results to the
observed movement of the shoreline position as well as measured vertical head gradients
(Figures A.3 and A.4). Following this, conservative solute transport simulations were
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conducted to provide insight into changes in the wave-induced recirculation zone and
mixing between the groundwater and coastal water in response to the varying wave
conditions. At the start of the steady state simulation, the aquifer was assigned an initial
conductivity of 0 µS/cm. Based on measured conductivity values in the shallow and deep
terrestrial groundwater, conductivity values of 600 µS/cm and 2000 µS/cm, were specified
along the landward vertical boundary (AE) for the first 2 m below the sediment surface and
for deeper cells, respectively. Water infiltrating across the lakeward boundary (BC) into
the aquifer was assigned a conductivity value of 300 µS/cm based on surface water
measurements. A non-dispersive flux was assigned at nodes along lake boundary BC where
water was exfiltrating to the lake.
Table A.1 Model parameters
Parameter
Horizontal and vertical hydraulic conductivity
Porosity
Hydraulic gradient
Terrestrial groundwater discharge
Beach slope
Still water level
Longitudinal dispersivity
Transverse dispersivity

Value
6 m/d
0.25
-0.0016
-0.128 m2/d
0.067
9.38 m
0.2 (m-1)
0.02 (m-1)

Reference
9
9

field data
field data
field data
field data
(Anwar et al., 2014;
Wu et al., 2017)
(Anwar et al., 2014;
Wu et al., 2017)
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Figure A.10 Comparison of shoreline location based on field observations and
predicted by numerical simulations.

Figure A.11 Comparison between simulated vertical hydraulic gradients (black solid
line) and vertical hydraulic gradients calculated from nested piezometer-manometer
system (black dashed line) on (a) Day 1, (b) Day 3, (c) Day 6, (d) and Day 10.
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A.6. Relevant reactions
Table A.2 Relevant reactions
R1 Reductive
dissolution of Fe
oxide by OC
oxidation
R2 Reductive
dissolution of Mn
oxide by OC
oxidation
R3 Sulphate reduction
by OC oxidation

79
+

4Fe(OH)3(s) + 8H + CH2O

2+

4Fe

+

CO2 + 11H2O
80

CH2O + 2MnO2 + 4H

+

2+

2Mn + CO2 +

3H2O
81
2-

2CH2O + SO4 +2H

+

H2S + 2CO2 + 2

H2 O
R4 Fe oxidation
R5 Mn oxidation
R6 Oxidation of pyrite

77
2+

Fe

+ 0.25O2 + 2.5H2O

Fe(OH)3 +2H

+
80

2+

2 Mn + 2H2O + O2

2MnO2 + 4H

+
82

4FeS2(s) + 14O2 + 4H2O

2+

4Fe

+ 8SO4

2-

+ 8H+
R7 Oxidation of
mackinawite
R8 Decomposition of
DOC (Redfield
equation)

55

FeS(s) + 2O2

2+

Fe

+ SO4

283

DOC + 138O2

-

106CO2 + 16NO3 +

HPO42- + 122H2O + 18H+
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A.7. Additional field data

Figure A.12 Contour plots of (a) dissolved oxygen, (b) dissolved organic carbon
(DOC), (c) alkalinity, and (d) calcium for pore water samples collected on Day 1.
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Table A.3 Solid phase concentrations of As, Fe, Mn and S via total acid digestion using method EPA 200.8(U.S. EPA, 1994) and
ratios of Fe/S, As/Fe, As/S and As/Mn.

MLS

2

3

4

5

6

7

As

Fe

Mn

S

Fe/S

As/Fe

As/Fe

As/S

As/Mn

As/Mn

[µg/g]
/
[µg/g]
0.5
0.36
0.61
0.57
0.47
0.48
0.38
0.58
0.59
0.51
0.67
0.65
0.45
0.52
0.52
0.59
0.48
0.43
0.58
0.13
0.58
0.39
0.40
0.33
0.54
0.58
0.39
0.25

[M/M]

[M/M]

[µg/g] /
[µg/g]

[M/M]

5.9 x 10-4
7.1 x 10-4
5.1 x 10-4
4.4 x 10-4
3.9 x 10-4
7.1 x 10-4
3.9 x 10-4
4.1 x 10-4
6.6 x 10-4
4.1 x 10-4
6.0 x 10-4
5.4 x 10-4
4.7 x 10-4
4.6 x 10-4
4.0 x 10-4
9.2 x 10-4
5.1 x 10-4
3.1 x 10-4
5.6 x 10-4
2.9 x 10-4
3.8 x 10-4
3.3 x 10-4
3.2 x 10-4
3.4 x 10-4
5.1 x 10-4
4.6 x 10-4
4.0 x 10-4
2.7 x 10-4

9.0
6.1
11.62
9.9
8.8
6.7
9.3
11.0
13.6
10.0
13.3
10.9
9.5
10.8
10.6
12.2
7.9
7.7
14.2
5.7
9.3
7.8
8.9
7.2
10.5
12.1
9.0
5.7

6.6 x 10-3
4.5 x 10-3
8.5 x 10-3
7.2 x 10-3
6.5 x 10-3
5.0 x 10-3
6.9 x 10-3
8.1 x 10-3
1.0 x 10-2
8.0 x 10-3
9.8 x 10-3
8.0 x 10-3
7.0 x 10-3
7.9 x 10-3
7.8 x 10-3
9.0 x 10-3
5.8 x 10-3
5.7 x 10-3
1.0 x 10-2
4.2 x 10-3
6.8 x 10-3
5.6 x 10-3
6.5 x 10-3
5.3 x 10-3
7.7 x 10-3
9.0 x 10-3
6.6 x 10-3
4.2 x 10-3

Distance
(m)

Elevation
Z (m)

Conc.
[µg/g]

Conc.
[µg/g]

Conc.
[µg/g]

Conc.
[µg/g]

[M/M]

-22.0
-22.0
-22.0
-22.0
-22.0
-3.9
-3.9
-3.9
-3.9
-3.9
-2.1
-2.1
-2.1
-2.1
-2.1
0.6
0.6
0.6
0.6
0.6
2.0
2.0
2.0
2.0
4.0
4.0
4.0
4.0

-2.97
-3.20
-3.70
-4.20
-4.70
-3.32
-3.57
-4.07
--4.57
-5.07
-3.62
-3.77
-4.27
-4.77
-5.27
-3.93
-4.18
-4.68
-5.18
-5.68
-4.24
-4.44
-4.94
-5.44
-4.44
-4.74
-5.24
-5.74

2.1
2.3
2.0
2.3
1.3
2.7
1.6
2.2
2.3
1.7
2.6
2.4
1.8
1.9
1.7
3.9
2.6
1.5
2.2
1.1
2.1
1.5
1.6
1.8
2.7
2.2
1.6
1.3

4209.3
6297.7
3282.7
4051.7
2781.7
5677.9
4208.0
3903.9
3855.8
3453.4
3866.0
3757.3
4045.3
3667.3
3243.6
6483.5
5306.4
3309.5
3830.6
8245.9
3597.8
3719.4
3903.0
5411.9
4848.4
3757.5
4126.6
5085.0

230.5
377.6
174.2
2360.0
150.3
405.5
173.1
205.8
168.3
162.5
195.3
225.6
192.7
178.7
159.5
316.8
321.5
187.5
158.1
189.3
226.3
190.9
179.9
252.8
252.1
182.2
180.7
224.9

1496.4
1395.6
1715.8
2267.3
1449.4
1659.3
1793.9
2364.4
1491.8
1864.3
1845.8
1956.8
1673.6
1779.7
1790.9
1789.7
2122.5
1979.4
1697.0
1590.9
2363.5
1911.9
2112.5
2318.8
2227.6
2052.1
1725.5
2060.1

1.6
2.6
1.1
1.0
1.1
2.0
1.3
0.9
1.4
1.1
1.2
1.1
1.4
1.2
1.0
2.1
1.4
1.0
1.3
3.0
0.9
1.1
1.1
1.3
1.3
1.1
1.4
1.4

3.7 x 10-4
2.7 x 10-4
4.6 x 10-4
4.3 x 10-4
3.6 x 10-4
3.6 x 10-4
2.9 x 10-4
4.3 x 10-4
4.4 x 10-4
3.8 x 10-4
5.0 x 10-4
4.9 x 10-4
3.4 x 10-4
3.9 x 10-4
3.9 x 10-4
4.4 x 10-4
3.6 x 10-4
3.3 x 10-4
4.4 x 10-4
9.8 x 10-4
4.4 x 10-4
2.9 x 10-4
3.1 x 10-4
2.5 x 10-4
4.1 x 10-4
4.4 x 10-4
2.9 x 10-4
1.9 x 10-4
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Figure A.13 Contour plots of total solid phase concentrations for (a) As, (b) Mn, (c)
Fe, and (d) S. Sediment samples were taken on Day 0. Black solid line represents the
sand level and blue solid line represents the water level measured on Day 1. Pink
lines represent MLS and black crosses represent sampling ports.

Figure A.14 Results of selective sediment extraction for (a)As, (b) Fe and (c) Mn.
The results of Step 1 are not presented as only a very small amount was released in
this step which targets acid extractable phases. Step 2 extracts the exchangeable and
easily reducible portion. Step 3 extracts the moderately reducible portion and is
associated with amorphous phases. Step 4 represents the residual phase and
includes portions associated with crystalline phases, organic matter and sulfide
minerals.
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Figure A.15 Contour plots of key chemical species and water quality parameters
(As: a-c, Fe: d-f, Mn: g-i, SO42-: j-l, pH: m-o, oxygen reduction potential (ORP): p-r,
conductivity: s-u, alkalinity: v-x) on Day 1 (left column), Day 3 (center column) and
Day 9 (right column).
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Figure A.16 Relationships between As and Fe, and As and Mn at MLS 4 in aqueous
(left) and solid (right) phases.
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Figure A.17 Depth profiles of chemical species (As, Fe, Mn, SO42-, alkalinity) and physico-chemical parameters (pH, ORP,
conductivity) at MLS 3 (first row), MLS 4 (second row), MLS 5 (third row), and MLS 6 (forth row).
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Figure A.18 Depth profiles of As, Fe, Mn, SO42-, and conductivity for MLS 1 (first
row), MLS 2 (second row) and MLS 7 (third row).
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A.8. Additional numerical simulations results

Figure A.19 Simulated groundwater flow velocities and fluid conductivity (color
contours) over the field measurement period: (a) Day 0.9, (b) Day 2.6, (c) Day 3.4,
(d) Day 6.2, (e) Day 7.5, and (f) Day 9.1. The conductivity distributions indicate the
size of the recirculation zone and mixing of the three end members (surface water –
300 µS/cm, shallow groundwater – 600 µS/cm and deep groundwater - 2000 µS/cm).
Black arrows represent simulated groundwater flow velocities. Pink lines represent
MLS locations and black crosses represent sampling ports.
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Figure A.20 Change in simulated fluid conductivity between different days in
response to varying wave conditions (color contours). Pink lines represent MLS
locations and black crosses indicate sampling port locations. Red colors indicate
increase in conductivity and blue colors indicate decrease in conductivity.
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Figure A.21 Percent change in simulated fluid conductivity between different days
in response to varying wave conditions (color contours). Pink lines represent MLS
locations and black crosses indicate sampling port locations. Warm colors indicate
percent increase and cold colors indicate percent decrease in conductivity.

A.9. Mixing ratio analysis
Mixing ratio analysis was used to evaluate the relative contribution of physical (dilution)
and chemical (reaction) processes on the observed changes in As concentrations. For this
analysis the fraction of GW (fGW) in a given sample is calculated using the conductivity
values (EC) of surface water (SW) and deep groundwater (GW) measured in the field and
applying the formula (Appelo and Postma, 2005)
(Equation 1)
The arsenic concentration due to conservative mixing (

(Equation 2)

) is then calculated by:
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where

and

are the measured As concentration in the deep groundwater and

surface water, respectively. The change in As (

) due to reaction is calculated by:

(Equation 3)
A positive value of
value of

indicates As enrichment due to reaction and the negative
indicated As depletion.

The increase in surface water fraction was observed in the recirculation zone as a result of
high wave activity (Figure A.12). For example, the surface water fraction increased from
0.35 to 0.75 from Day 1 to Day 3 in the transition zone (MLS 3, x = - 4 m, z = -5.27 m).
Despite the increase of surface water fraction in the recirculation zone, the mixing ratio
analysis revealed that As changes may be due to reactive processes in addition to dilution
and mixing with recirculating surface water. Figure A.13 shows positive changes in
in the transition and the discharge zones, which indicates As enrichment due to chemical
reaction. The zones of highest As enrichment based on mixing analysis are consistent with
the zones of observed As increases (transition and discharge zones).

Quantitative

assessment of the impact of dilution vs reaction in the infiltration zone as no conductivity
data was available for MLS 4 on Day 1. However, based on the overall mixing ratio
analysis it is likely that reactive processes contribute to As changes in the infiltration zone
similar to other reaction zones in the nearshore aquifer.
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Figure A.22 Surface water fraction on Day 0.9 (a) and Day 2.6 (b) based on
conservative mixing of two end members: surface water and deep groundwater
water. Conductivity values measured in the field were used for the mixing analysis.
Details of the mixing analysis calculations are provided in SI Section 9. The black
solid line represents the sand level measured on Day 1. Pink lines represent MLS
and black crosses represent sampling ports. Note conductivity data is not available
for MLS 4 on Day 1 and therefore values could not be calculated for this location.

Figure A.23 Arsenic enrichment (positive values) and depletion (negative values)
due to reaction based on mixing analysis considering measured As concentrations
on Day 1 and Day 3. The explanation of the mixing analysis calculations is provided
in Appendix A.9. The black solid line represents sand level measured on Day 1. Pink
lines represent MLS and black crosses represent sampling ports. Note conductivity
data is not available for MLS 4 on Day 1 and therefore values could not be
calculated for this location.
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A.10. Arsenic flux calculations
Arsenic flux below the sediment-water interface was calculated to further quantify the
impact of wave forcing. The water flux on Day 1 and Day 3 was calculated by interpolating
the simulated groundwater velocities 1 m below and perpendicular to the sediment water
interface. Water flux 1 m below the sediment water interface was used for As flux
calculations to eliminate the possible impacts of dilution by surface water at shallow depth.
Arsenic concentrations measured in the field on Day 1 and Day 3 were spatially
interpolated and multiplied by the simulated water flux to obtain the As flux directed
towards the sediment water interface (Figure A.24). The results showed that the total As
flux towards the sediment water interface increased from 0.014 mg/d on Day 1 to 0.038
mg/d on Day 3. The increase in As flux was mainly due to the increase in groundwater flux
towards the sediment water interface suggesting that while geochemical changes are
important, the increase in the water flux is the dominant factor increasing As flux and its
potential discharge to the lake during higher wave conditions.
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Figure A.24 Water flux (left) and As flux (right) perpendicular to the SWI at a
location 1 m below the SWI for Day 1 (top) and Day 3 (bottom). Only arsenic flux
directed towards the SWI is shown (i.e. only positive flux values).
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B. Appendix B Supplementary material for: “Occurrence and mobility of arsenic in
nearshore aquifers on the Great Lakes: role of the sediment trap mechanism.”
B.1. Characteristics of field site
Table B.1 Key characteristics of study sites.
Beach name
Lake
Potential
anthropogenic
exposure to As
Sand grain size
(d50)
Average beach
slope
Average hydraulic
conductivity
Average hydraulic
gradient
Sampling time

Special notes

Site 1
Ipperwash Beach

Site 3
Port Stanley
Main Beach
Lake Erie
Non-urban beach
close to
brownfield site
Sand and silt
(0.21 mm)
0.025

Site 4
Marie Curtis
Beach
Lake Ontario
Urban beach
close to
brownfield site
Very coarse
(1.37 mm)
0.09

Site 5
Balm Beach

Fine sand
(0.16 mm)
0.04

Site 2
Port Stanley
Little Beach
Lake Erie
Non-urban beach
close to
brownfield site
Sand and silt
(0.21 mm)
0.007

10 m/d

6 m/d

8 m/d

0.017

-0.0016

3 times
May 22-23, 2015
June 26-27, 2015
August 4-7, 2015
Public comfort
station with
septic system

3 times
July 12, 2016
July 22, 2016
August 30, 2016

Lake Huron
Pristine, nonurban beach

Lake Huron
Pristine, nonurban beach

Site 6
Mountain View
Beach
Lake Huron
Pristine, non-urban
beach

Sand and silt
(0.59 mm)
0.07

Fine sand
(0.23 mm)
0.03

not tested

64 m/d

18 m/d

0.0026

0.003

0.010

0.021

3 times
May 15,2012
June 23, 2012
August 5, 2012

2 times
August 8-9, 2013
September 11-12,
2013

2 times
July 22-23,
2013, September
5-6, 2013

2 times
July 25-26, 2013,
September 3-4, 2013
Clay layer offshore
1.5 m below
sediment water
interface
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B.2. Field methods
Piezometers (ϕ = 0.05 m PVC pipe screened at the bottom) spaced at 3 - 30 m intervals
were installed across the beach to measure the elevation of the groundwater table. The
surface water elevation in the lake was monitored using piezometers (ϕ = 0.05 m clear
poly-carbonate tubing with external measuring tapes for water level readings) spaced at 5
m intervals from the shoreline. Groundwater and surface waters level were measured
several times during each sampling day. The data was used to infer about hydraulic
gradient and groundwater flow direction at the study sites.
Multi-level samplers (MLS) (ϕ = 0.05 m PVC pipe) designed to collect pore water samples
at 20 cm intervals up to a depth of 3 m below the sediment surface were installed at
discrete locations along the transect (spaced between 2 and 5 m apart) at each study site.
High spatial resolution of MLS was used around the shoreline (in the reaction zone). Pore
water samples were collected at least 24 hours after the MLS installation. Pore water
samples were drawn from ϕ = 1.35 mm PVC tubes connected to each MLS port using
syringes. Drive point piezometers were used where MLS were not suitable (deeper than 3
m from the SWI and at sites with coarse sediment type). Drive point piezometers included
stainless steel 50 µm mesh filter screen, stainless steel drive point body and inner polycarbonated tubing for pore water sample collection. For all sampling events and all MLS
ports, 120 mL of first draw sample (corresponding to approximately three volumes of
tubing) was discarded prior to obtaining pore water samples. Three samples were collected
from each port: 60 mL sample for total metal and cation analysis, 60 mL sample for anion
analysis, and 40 mL for dissolved organic carbon (DOC) analysis. All samples were
filtered immediately using 45µm nylon filters and frozen until analysis. Samples for cation
analysis were preserved with 0.5 N nitric acid and frozen until analysis. Samples for DOC
analysis were collected in amber vials with no head space and analyzed within 14 days.
At some study sites subsamples from cation analysis samples were stabilized with
Ferrozine4 in the field and analyzed for ferrous and total iron within 8 hours of sample
collection using a Hach spectrophotometer (Hach 8008 and Hach 8146). At selected sites
after pore water collection, a peristaltic pump was used to draw pore water directly into a
flow cell where pH, dissolved oxygen (DO), temperature, conductivity and redox potential
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(ORP) were measured with In-Situ Multi-Parameter TROLL® 9500, YSI 6600 V2 Sonde
and Hach meter.
At sites 1 and 2 sediment samples were collected during installation of MLS at each MLS
location at depth from 0.5-2.5 m below the sediment surface to characterize the solid phase
chemistry. Additional sediments samples were collected at sites 3 and sites 5 and 6 at
selected former MLS locations after MLS were taken out. Approximately 200 g of
sediment sample was collected using a sterile tablespoon to scoop the sand from the
bottom of the hand auger during MLS installation. The collected sample was placed in a
Whirlpak® bag and kept frozen until analysis.

Figure B.1 Field monitoring equipment layout.

229

Figure B.2 Pore water sampling set-up.

6.5 B.3. Chemical analysis

Figure B.3 Comparison of analytical replicates for dissolved As concentrations
(µg/L), n = 81.
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B.4. Additional field data

Figure B.4 Distribution of As, Fe, Mn and S in solid phase at Sites 1, 2, 3, 5 and 6. Blue crosses indicate the sediment sample
locations, the black solid line represents sand levels and the blue solid line represents the water levels measured at each site.
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Figure B.5 Distribution of Al and Ca in solid phase at sites 1, 2, 5 and 6. Blue crosses indicate the sediment sample locations,
the black solid line represents sand levels and the blue solid line represents the water levels measured at each site.
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Figure B.6 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) ORP, (e) SO4,
(f) NO3, (g) DOC, (h) pH, (i) Cl, (j) electrical conductivity, and (k) Fe2+ at site 1. Blue crosses indicate the pore water sampling
locations, the black solid line represents sand levels, and the blue solid line represents the water levels measured at Site 1.
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Figure B.7 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) S, (e) ORP,
(f) SO4, (g) NO3, (h) DOC, (i) pH, (j) Cl, (k) electrical conductivity and (l) Fe2+ at site 2. Blue crosses indicate the pore water
sampling locations, the black solid line represents sand levels, and the blue solid line represents the water levels measured at
Site 2.
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Figure B.8 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) S, (e) ORP,
(f) SO4, (g) NO3, (h) DOC, (i) pH, (j) Cl and (k) electrical conductivity at Site 3. Blue crosses indicate the pore water sampling
locations, the black solid line represents sand levels, and the blue solid line represents the water levels measured at Site 3.
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Figure B.9 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) S, (e) SO4, (f)
NO3, (g) pH, (h) Cl, and (i) Fe2+ at site 4. Blue crosses indicate the pore water sampling locations, the black solid line
represents sand levels, and the blue solid line represents the water levels measured at Site 4.
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Figure B.10 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) S (e), SO4,
(f) NO3, (g) DOC, (h) pH, (i) Cl, and (j) Fe2+ at Site 5. Blue crosses indicate the pore water sampling locations, the black solid
line represents sand levels and the blue solid line represents the water levels measured at Site 5.
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Figure B.11 Distribution of dissolved chemical species and water chemistry parameters: (a) As, (b) Fe, (c) Mn, (d) S, (e) SO4,
(f) NO3, (g) DOC, (h) pH, (i) Cl, and (j) Fe2+ at site 6. Blue crosses indicate the pore water sampling locations, the black solid
line represents sand levels and the blue solid line represents the water levels measured at Site 6.
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B.5. Relevant reactions
Table B. 1 Relevant reactions.
R1

Reductive dissolution of Fe oxide
by OC oxidation

Ford et al., 2005
4Fe(OH)3(s) + 8H+ + CH2O

4Fe2+ +

CO2 + 11H2O
R2

Reductive dissolution of Mn
oxide by OC oxidation

CH2O + 2MnO2 + 4H+

2Mn2+ + CO2

Canfield et al.,
1993

+ 3H2O
R3

Sulphate reduction by OC
oxidation

Hyun et al., 2017
2CH2O + SO42- +2H+

H2S + 2CO2 + 2

H2O
R4

Fe oxidation
2+

Fe

+ 0.25O2 + 2.5H2O

Anwar et al.,
2014

Fe(OH)3

+

+2H
R5

Mn oxidation
2+

2 Mn + 2H2O + O2
R6

4Fe2+ +

Appelo and
Postma, 2005

Pyrite formation
Fe2+ + S22-

R7

2MnO2 + 4H

Canfield et al.,
1993

+

FeS2

Oxidation of pyrite
4FeS2(s) + 14O2 + 4H2O
8SO42- + 8H+

R8

Decomposition of DOC (Redfield
equation)

DOC + 138O2

106CO2 + 16NO3- +

HPO42- + 122H2O + 18H+

Bourg and
Bertin, 1993
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B.6. Source of arsenic

Figure B.12 Conceptual diagram of two possible sources of As (a) lake water or (b)
groundwater with As accumulating on the Fe oxide (Fe(OH)3) sediment traps forms
near the groundwater-surface water interface.
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C. Appendix C: Supplementary material for: “Spatiotemporal
controls on septic system derived nutrients in a nearshore
aquifer and their discharge to a large lake.”
C.1. Location of field site.

Figure C.1 Location of field site – Ipperwash Beach, Lake Huron, Ontario. Figure
modified from Malott et al. (2016).
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C.2. Artificial sweetener analysis
Samples for artificial sweeteners (AS), acesulfame, were analyzed by ion chromatography
(Dionex ICS-5000, Thermo Scientific, Sunnyvale, CA, USA) coupled to a triple
quadrupole mass spectrometer (6460 QQQ, Agilent Technologies, Mississauga, ON,
Canada) operated in negative ESI mode (Van Stempvoort et al., 2011; Liu et al., 2109).
The calibration consisted of a 9-point standard curve prepared over the range 0.05 - 50
µg/L. The isotope dilution method was applied for each target analyte by calculating the
responses for isotope-labelled internal standards relative to responses for unlabelled
compounds for calibration standards, quality control standards, and unknown samples.

C.3. Sediment samples collection and analysis
Four sediment samples were collected at all MLS locations at depths between 0.5 - 2 m
below the sediment surface to characterize the solid phase chemistry. The sediment
samples were collected during the installation of MLS in May 2015. Once the desired
sampling depth was reached, approximately 200 g of sediment sample was collected from
the hand auger. The collected sample was placed in a Whirlpak® bag and kept frozen until
analysis.
For total elemental analysis sediment samples were dissolved in aqua regia (1 mL of
concentrated HNO3 and 4 mL of concentrated HCl) using microwave heating following
standard method EPA 3051A (US EPA, 2007). The samples were then cooled, diluted,
filtered (0.45 μm nylon filter), and analyzed on ICP-MS.
Select sediment samples were also analyzed using a sequential extraction method to
determine the desorbable loosely bound and Fe-bound P fractions. 0.5 M NaHCO3 was
used to extract loosely bound P (Chang and Jackson, 1957; Hedley et al., 1982; Olsen, S.
R., Cole, C. V., Watanabe, F. S., & Dean, 1954; Tiessen and Moir, 1993) and 0.1 M NaOH
was used to extract moderately labile P (i.e. Fe-bound P) (Hedley et al., 1982; Tiessen and
Moir, 1993). The extraction procedure was as follows:
Step 1, loosely bound P: 1 g of each sediment sample was placed in 30 mL of 0.5 M
NaHCO3 (pH ~ 8.5) and placed in shaker for 16 h.
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Step 2, moderately labile, Fe-bound P: The sediment residue from step 1 was treated with
30 mL 0.1 M NaOH (pH ~ 13) and placed in shaker for 16 hours.
After each extraction step, the tube containing the supernatant and sediment was
centrifuged for 15 min at 4000 rpm. Following this the solution was filtered (0.45 μm
nylon filter), diluted if necessary, and analyzed using ICP-OES.

C.4. Aquifer characteristics
Table C.1 Mean weight percentages of acid-extractable elements (Ca, Fe, Mg, Al, Na,
Mn, S, P) in sediments. Thirty-six sediment samples collected from x = 71-130 m were
analyzed for Fe, Al, S, P and Mn. Twenty sediment samples from x =116-130 m were
analyzed for the aforementioned elements as well as Ca, Mg, Na. The error represents
the standard deviation for the samples.

Ca (wt
%)
5.1+/- 1.1

Fe (wt
%)
3.1+/- 0.7

Mg (wt
%)
1.9 +/- 0.6

Al (wt %)

S (wt %)

P (wt %)

0.7 +/0.08

0.2 +/0.05

1.7 +/0.5

Na (wt %)

Mn (wt %)

0.2 +/0.02

0.1 +/0.03

C.5. Comparison of nutrient concentrations at additional
sites along Ipperwash Beach.
Table C.2 Summary of nutrient concentrations in the nearshore aquifer at
additional sites along Ipperwash Beach. Site A and Site B are located 0.8 km and 1.7
km south of the main study site, respectively.

Site A

Site B

Detection
Limit
Max
Median
Mean
Max
Median
Mean

NO3-N (mg/L)

NH4-N (mg/L)

0.002

0.02

2.51
0.11
Below
detection
0.32
0.02
Below
detection

0.87
0.12
Below
detection
0.81
0.12
0.05

PO4-P
(µg/L)
0.33
0.10
0.06
0.06
1.12
0.02
0.00
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C.6. Statistical analysis
Table C.3 Pearson correlation (r) between dissolved NO3-N and acesulfame, NO3-N and elements (Fe, Mn, Al, Ca), NO3-N and
other geochemical species (PO4-P, SO4, Fe2+, DOC, Cl) and NO3-N water parameters (conductivity, ORP, pH, alkalinity) at the
study site. p-values are shown in brackets next to each Pearson correlation value. The green shading indicates significant
correlations (p < 0.005). NA indicates that one of the parameters was not measured.
Pearson correlation, r and (p-value)
August 2014

September 2014

October 2014

May 2015

June 2015

July 2015

August 2015

37-92

14-77

28-73

35-95

21-71

19-67

21-67

-0.1 (p >0.005)

-0.1 (p>0.005)

-0.2 (p >0.005)

0.1 (p >0.005)

0.9 (p <0.005)

0.1 (p >0.005)

0.4 (p <0.005)

NA

NA

NA

0.9 (p <0.005)

0.9 (p <0.005)

0.5 (p <0.005)

NA

0.4 (p <0.005)

0.3 (p <0.005)

0.3 (p >0.005)

0.3 (p <0.005)

0.3 (p <0.005)

0.5 (p <0.005)

0.5 (p <0.005)

NA

0.6 (p >0.005)

0.6 (p <0.005)

0.8 (p <0.005)

0.1 (p >0.005)

0.7 (p <0.005)

0.6 (p <0.005)

NO3 and DOC

-0.1 (p >0.005)

0.3 (p >0.005)

0.6 (p <0.005)

-0.2 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

0.8 (p <0.005)

NO3 and ORP

NA

NA

NA

-0.1 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

NO3 and SO4

0.5 (p <0.005)

0.2 (p >0.005)

0.5 (p <0.005)

0.2 (p >0.005)

0.3 (p >0.005)

0.3 (p >0.005)

-0.1 (p >0.005)

NO3 and pH

NA

-0.6 (p >0.005)

-0.4 (p >0.005)

-0.6 (p <0.005)

0.3 (p >0.005)

-0.1 (p >0.005)

0.1 (p >0.005)

0.1 (p >0.005)

0.5 (p <0.005)

0.7 (p <0.005)

0.6 (p <0.005)

0.6 (p <0.005)

0.7 (p <0.005)

0.5 (p <0.005)

NO3 and Fe

NA

0.9 (p <0.005)

-0.1 (p >0.005)

-0.1 (p >0.0=05)

NA

NA

NA

NO3 and Al

NA

NA

NA

-0.1 (p >0.005)

NA

NA

NA

NO3 and Ca

NA

0.4 (p >0.005)

NA

0.7 (p <0.005)

NA

NA

NA

NO3 and Fe

NA

-0.4 (p >0.005)

NA

-0.1 (p >0.005)

NA

NA

NA

NO3 and Mn

NA

-0.1 (p >0.005)

NA

0.1 (p >0.005)

NA

NA

NA

# of samples (n)
NO3 and PO4
NO3 and Acesulfame
NO3 and Cl
NO3 and Conductivity

NO3 and Alkalinity
2+
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Table C.4 Pearson correlation (r) between dissolved PO4-P and acesulfame, PO4-P and elements (Fe, Mn, Al, Ca), PO4-P and
other geochemical species (NO3-N, SO4, Fe2+, DOC, Cl) and PO4-P water parameters (conductivity, ORP, pH, alkalinity) at the
study site. p-values are shown in brackets next to each Pearson correlation value. The green shading indicates significant
correlations (p < 0.005). NA indicates that one of the parameters was not measured.
Pearson correlation, r and (p-value)
August 2014
# of samples (n)

September 2014

October 2014

May 2015

June 2015

July 2015

August 2015

37-92

14-77

28-73

35-95

21-71

19-67

21-67

-0.1 (p >0.005)

-0.1 (p>0.005)

-0.2 (p >0.005)

0.1 (p >0.005)

-0.1 (p >0.005)

0.9 (p <0.005)

0.4 (p <0.005)

NA

NA

NA

0.1 (p >0.005)

0.3 (p >0.005)

0.9 (p <0.005)

NA

0.1 (p >0.005)

0.1 (p >0.005)

0.2 (p >0.005)

0.1 (p >0.005)

-0.1 (p >0.005)

0.3 (p >0.005)

0.4 (p <0.005)

NA

0.2 (p >0.005)

0.1 (p >0.005)

0.2 (p >0.005)

0.2 (p >0.005)

-0.1 (p >0.005)

0.4 (p <0.005)

PO4 and DOC

0.1 (p >0.005)

-0.1 (p >0.005)

-0.2 (p >0.005)

0.1 (p >0.005)

-0.1 (p >0.005)

0.2 (p >0.005)

0.7 (p <0.005)

PO4 and ORP

NA

NA

NA

-0.1 (p >0.005)

-0.2 (p >0.005)

-0.1 (p >0.005)

0.1 (p >0.005)

PO4 and SO4

-0.1 (p >0.005)

-0.1 (p >0.005)

-0.2 (p>0.005)

0.4 (p <0.005)

0.3 (p >0.005)

0.2 (p >0.005)

0.1 (p >0.005)

PO4 and pH

NA

-0.3(p >0.005)

0.1 (p >0.005)

-0.5 (p <0.005)

0.3 (p >0.005)

0.2 (p >0.005)

0.3 (p >0.005)

-0.1 (p >0.005)

-0.1 (p >0.005)

0.3 (p >0.005)

0.1 (p >0.005)

0.6 (p <0.005)

-0.1 (p
>0.005)
0.5 (p <0.005)

PO4 and Fe

NA

0.9 (p <0.005)

0.4 (p <0.005)

0.1 (p >0.005)

0.4 (p <0.005)

-0.1 (p >0.005)

PO4 and Al

NA

NA

NA

-0.1 (p >0.005)

NA

NA

-0.1 (p
>0.005)
NA

PO4 and Ca

NA

0.1 (p >0.005)

NA

0.3 (p >0.005)

NA

NA

NA

PO4 and Fe

NA

0.4 (p >0.005)

NA

0.1 (p >0.005)

NA

NA

NA

PO4 and Mn

NA

NA

NA

0.1 (p >0.005)

NA

NA

NA

PO4 and NO3
PO4 and Acesulfame
PO4 and Cl
PO4 and Conductivity

PO4 and Alkalinity
2+
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C.7. Characterization of end members and septic system
nutrient plume
The mixing of three distinct end members (septic system effluent (SS), background
groundwater (BGW) and surface water (SW)) with distinct chemical compositions led to
the observed complex behaviour of the septic-derived plume in the nearshore aquifer. SS
end member concentrations were quantified using septic tank effluent samples with this
end member having elevated concentrations of PO4-P, NO3-N, EC, and chloride (Cl) (Table
C.5). In general, the chemical composition of the SS effluent was similar to other studies
(Table C.6). The septic tank also had elevated concentrations of the artificial sweetener,
acesulfame (up to 50 µg/L; Table C.5). Acesulfame is a useful tracer of human wastewater
in surface water and groundwater due to the pervasive use of acesulfame amongst the
population, conservative behaviour in groundwater, and resistance to degradation through
wastewater treatment (Buerge et al., 2009; Tran et al., 2014). The BGW end member
concentrations were determined using groundwater chemistry data from MLS located
outside of the septic plume zone of influence about 12 m NW from the central plume
location (NW2; Figure 5.1a, Figure C.5). The SW end member was characterized based on
average concentrations for nearshore surface water samples collected over the two-year
monitoring period (n = 7). As expected, the BGW and SS end members had lower
concentrations of PO4-P, NO3-N, EC, Cl and acesulfame than the SS end member (Table
C.5).
The central plume location was estimated to be at x = 93 m (MLS 2) based on consistently
elevated PO4-P, NO3-N, EC, Cl and acesulfame at this location (Figure 5.2, Figure C.3,
C.4). Elevated NO3-N and PO4-P concentrations at the central plume location (MLS 2; x =
93 m) also coincide with elevated conservative parameters such as EC (835-1221 µS/cm)
and Cl (63-86 mg/L) and acesulfame (2-42 µg/L) (Figure 5.2, Figure C.3, C.4). The
observed concentrations of NO3-N, PO4-P, Cl, EC are consistent with prior studies that
have characterized septic-derived plumes in calcareous sands (Harman et al., 1996;
Robertson, 2012).
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As Cl is generally conservative and concentrations were elevated in the SS end member
relative to the BGW and SW, the Cl distribution in the nearshore aquifer was used to
estimate the shape and size of the conservative septic-derived plume for each sampling
event. Elevated Cl concentrations (55-80 mg/L) in the groundwater near the shoreline and
offshore (x = 111-125 m, MLS 3-6) at depth (z = from -4.5 to -6 m) compared to Cl
concentrations in BGW (17-40 mg/L) and SW (15-20 mg/L) in 2014 and 2015 suggest that
conservative species in the septic-derived plume may transport to the shoreline and be
discharging to the lake (Figure C.3, C.4, Table C.2). Alongshore variability in Cl
concentrations indicate that, as expected, the plume is narrower closer to the septic tile bed
(5 m wide at x =71 m, MLS 1) and becomes wider and deeper towards the shoreline (10 m
wide at x = 111 m, MLS 3) (Figure C.5). The plume height, estimated from Cl depth
profiles at the central plume location (MLS 2; x = 93 m), ranges from 0.65-1.1 m (Figure
5.2f).

249

Table C.5 Chemical characterization of the three end members at the study site.

Septic system
(SS)
Background
groundwater
(BGW)
Surface water
(SW)

*

PO4-P
(µg/L)

NO3-N
(mg/L)

1,38513,363
4-8

0.01-0.11
0-7

EC
(µS/cm)
1,0451,215
384-480

2-5

1-8

237-263

Detection limit (DL) for acesulfame was 0.095 µg/L

Acesulfame
(µg/L)

Cl
(mg/L)

SO4
(mg/L)

pH

ORP
(mV)

DOC
(mg/L)

Alkalinity
(mg/L)

6-50

44-146

30-48

6.8-7.1

87-98

44

172-219

<DL*

17-62

9-20

7.2-7.3

70-83

4

212-230

<DL*

15-20

18-23

8.1-8.2

99-164

5-22

101-147
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Table C.6 Chemical characteristics of septic system effluent from the literature

This study
Roy et al., 2017
Harman et al,
1996
Robertson and
Cherry (1992)
Robertson et al.,
2012
Ptacek, 1998
Robertson, 2008
Robertson et al.,
1991
Robertson et al.,
1991
Geary and
Lucas, 2018

PO4-P
(µg/L)
1,38513,363
8-2,000
9,000

TP
(mg/L)

6,000
7,500+/1,100
6,300+/1,400
8,000

NO3-N
(mg/L)
0.01-0.11

Conductivity
(µS/cm)
1045-1215

0.7-3
0

125-890
2481

1
7,500+/400
11,800

0.2+/-0.1

Acesulfame
(µg/L)
6-54

Cl
(mg/L)
44-146

SO4
(mg/L)
30-48

1-57
207

0.6-79

pH
6.87.1

ORP
(mV)
86.797.9

7.6

DOC
(mg/L)
44

Alkalinity
(mg/L)
172-219

19.2

44
1,456 +/- 314

0.05
0.08

63+/-19

6.8+/0.4

52+/33
-150

57
71

34.1
49

7.3

410
31.8
19.3

1

1,020

45

27

7.9

37

13,000

0.1

950

55

42

7.6

50

15,000

0.2

1,480

7.4

380
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Figure C.2 Contours plots of (a) NO3-N, (b) PO4-P, and (c) Cl for the alongshore
transect at x = 111 m from August 2014. R2 location is outside the zone of influence
of the septic plume and therefore data from R2 was used to specify the background
groundwater end member concentrations.
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Figure C.3 Contour plots of (a-d) NO3-N, (e-h) PO4-P, (i-l) Cl, and (m-p) EC along the cross-shore monitoring transect in
August, September and October 2014. Black solid line represents the sand level and blue solid line represents the water level
measured on October 2014. Pink lines represent MLS and black crosses represent sampling ports.
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Figure C.4 Contour plots of (a-d) NO3-N, (e-h) PO4-P, (i-l) Cl, (m-p) EC, and (q-s) acesulfame along the cross-shore monitoring
transect in May, June, July, August 2015. Note acesulfame data is not available for August 2015. Black solid line represents the
sand level and blue solid line represents the water level measured on May 2015. Pink lines represent MLS and black crosses
represent sampling ports.
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Figure C.5 Contour plots of Cl distribution from two alongshore transects at x = 71 m (top
row) and x = 111 m (bottom row) from May, June, July and August 2015.

C.8. Numerical set up
A two-dimensional (vertical, cross-shore) model was developed in MODFLOW-NWT
(Niswonger et al., 2011) to simulate steady state groundwater flows and discharge across the
sediment-water interface at Ipperwash Beach. The model assumed negligible groundwater flow in
the alongshore direction. The model was based on the numerical groundwater model of the site
developed by Malott et al. (2016). The model domain is shown in Figure C.6. The model was
discretized into 71 layers and 128 columns with greater refinement around the shoreline and near
the sediment water interface. Grid discretization tests were performed to ensure a converged
solution. The upper (AB) and bottom (ED) model boundaries were no-flow boundaries assuming
negligible aerial recharge and evaporation, and an impermeable aquifer basement, respectively.
The offshore boundary (CD) was specified as no-flow and was located sufficiently far from the
shoreline (40 m offshore) that it did not influence the groundwater flows in the nearshore aquifer.
The vertical landward boundary (AE), which was located at the lakeward extent of the septic
system tile bed (x = 0 m), was a constant flux boundary. The flux specified was calculated based
on the mean hydraulic conductivity in the nearshore aquifer (K=10 m/d) (Malott et al., 2016) and
an average measured horizontal hydraulic gradient (0.017). The lake boundary was a constant
head boundary with the specified head values set to as the mean still surface water level recorded
using stilling piezometers installed between x = 120 - 130 m during the 2014 and 2015 sampling

255

events. Two models were run to simulate the groundwater flow patterns and estimate groundwater
flux in 2014 and 2015. Other model parameters are provided in Table C.7.
Table C.7 Summary of model input parameters.
Parameter
Horizontal and vertical hydraulic conductivity (K)
Porosity
Average hydraulic gradient
Terrestrial groundwater discharge
Beach slope
Still water level in 2014 (model simulation 1)
Still water level in 2015 (model simulation 2)

Value
10 m/d
0.3
0.0017
0.5 m2/d
Varied (see Figure S5)
-3.64 m
-3.73 m

Reference
8
8

field data
field data
field data
field data
field data

Figure C.6 Numerical groundwater model domain including flow boundary conditions.
The beach slope (b) was based on field measurements on May 2015 as sand profiles were
similar near the SWI (x = 110-120 m) in 2014 and 2015.
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C.9. NO3-N flux calculations
Steady state groundwater flow model was used to simulate the water flux directed towards the lake
at the central plume (MLS 2; x = 93 m) and also across the sediment-water interface. The NO3-N
flux directed towards the lake at the central plume location was estimated by multiplying the
simulated water flux by spatially interpolated NO3-N concentrations measured across the depth
profile at MLS 2 (x = 93 m) for each sampling event. NO3-N flux directed across the sediment
water interface was obtained by multiplying water flux across an imaginary line parallel and 0.1
m below the sediment water interface by spatially interpolated field measured NO3-N
concentrations along that line. This procedure was repeated to calculate NO3-N flux for all
sampling events by using NO3-N concentrations from different sampling events and assuming the
water flux is the same for all sampling events in 2014 and in 2015. The limitation of the NO3-N
flux calculation is that the measured NO3-N concentrations may be affected by dilution by surface
water at shallow depth (the imaginary plane was only 0.1 m from the sediment water interface).

Figure C.7 Sand and water level profile at the study site with red crosses indicating MLS
port locations and black dotted lines indicating lines along which NO3-N concentrations
were interpolated: 1) vertical line at central plume location (MLS 2, x = 93 m) for flux
directed towards the shoreline and 2) line parallel and 0.1 m below the sediment water
interface for the flux across the sediment water interface to the lake.
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C.10. Offshore wave data for 2014-2015

Figure C.8 Hourly significant wave height (Hsig) measured at offshore wave buoy located 35
km from the field site over (a) 2014 and (b) 2015. Red vertical lines represent sampling
events in 2014 and 2015. Data were downloaded from the Department of Fisheries and
Oceans Canada Buoy (C45149 Southern Lake H, http://www.meds-sdmm.dfompo.gc.ca/isdm-gdsi/waves-vagues/data-donnees/data-donnees-eng.asp?medsid=C45149).
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C.11. Sediment chemistry results
Table C.8 Pearson correlation (r) between solid phase P and Fe, P and Mn, P and Al, P and
Ca at the study site. p-values are shown in brackets next to each Pearson correlation value.
Number of sediment samples, n = 36.

Pearson correlation, r and (pvalue)

P vs Fe
0.6 (p <0.005)

P vs Mn
0.7 (p <0.005)

P vs Al
0.5 (p >0.005)

P vs Ca
0.6 (p >0.005)

100

% of PO4-P of total P

90
80
70
60
50
40
30
20
10
0
SS

x = 93 m x = 93 m
z = -3.8 m z = -4.2 m

x = 110 m x = 110 m
z = 4.6 m z= 5.8 m

x = 114 m
z= -5.4 m

Figure C.9 Fraction of TP that is present as PO4-P for select sediment samples.
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C.12. Characteristics of field site
Estimated plume size based on Cl depth profiles at the central plume location (MLS 2; x
= 93 m):
Height of the plume = 0.6-1.1 m
Width of the plume = 5-10 m
Length of the plume = 93 m
Assume:
Sediment PO4-P sorption capacity = 31 mg/kg 85
Bulk density of soil (fine sand) = 1500 kg/m3
PO4-P mass theoretically sorbed to the sediment
Minimum plume volume = π x 0.3 x 2.5 x 93 = 219 m3
Maximum plume volume = π x 0.55 x 5 x 93 = 803 m3
Minimum mass of PO4-P sorbed = 1500 kg/m3 x 219 m3 x 31 mg/kg = 10 kg
Maximum mass of PO4-P sorbed = 1500 kg/m3 x 803 m3 x 31 mg/kg = 37 kg
Mass of PO4-P theoretically to be sorbed to the soil = 10-37 kg
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C.13. Theoretical PO4-P output over the lifetime of septic
system
Calculations:
Total water load to septic system tile bed
Assume: 10 L/flush = 0.001 m3/flush
Estimated total number of flushes per year = 1,200 + 4,700 = 5,920 flushes/year (from
Table C.9)
Septic system lifetime = 41 years (installed in 1974)
Total water load to the tile bed = 5,920 flushes/year x 0.001 m3/flush x 41 years = 2,427
m3
PO4-P mass produced by septic system
Minimum measured PO4-P concentration in septic tank = 1,385 µg/L
Maximum measured PO4-P concentration in septic tank = 13,363 µg/L
Maximum PO4-P mass load = 1,385 µg/L x 10-9 kg/µg x 2,427 m3 x 103 L/m3 = 3 kg
Minimum PO4-P mass load = 13,363 µg/L x 10-9 kg/µg x 2,427 m3 x 103 L/m3 = 32 kg
Mass of PO4-P produced over the lifetime of septic system operation = 3 - 32 kg

Table C.9 Estimated septic system usage during beach season (May-August).

May
June
July
August
Total

Low usage period (weekdays)
# of people
# of days
# of flushes
10
14
140
20
18
360
40
16
320
40
20
400
1,220

Period of high usage (weekends and holidays)
# of people
# of days
# of flushes
50
18
900
100
12
1,200
100
15
1,500
100
11
1,100
4,700
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C.14. Geospatial model results
Table C.10 Estimated P load and time to reach shoreline for septic systems located
along the Ontario shoreline of Lake Erie.
Distance from the
shoreline (m)

Number of septic
systems

Time to reach shoreline
(yr)

Estimated P load
(MT/yr)

15

1,788

7

0.6

30

3,507

13

1.1

50

5,180

22

1.7

75

6,786

33

2.2

100

8,042

43

2.6

200

10,877

87

3.5

250

11,614

109

3.7

300

12,188

130

3.9

400

12,928

174

4.1

500

13,376

217

4.2
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